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General Introduction
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Chapter 1

1. Assessing marine fish health
The marine environment is a major repository for much of the chemical
waste produced by human activity and it has been comprehensively
demonstrated that chemical contaminants can cause deleterious effects in
marine organisms (Long et al., 1995; Matthiessen and Law, 2002; Hylland and
Vethaak, 2011). Thousands of potentially toxic chemical substances are daily
introduced to seas and oceans through atmospheric deposition, rivers, land
runoff, industrial, commercial and domestic waste water discharges and spills.
The substances are then distributed in the water column and, in most cases, to
bottom sediments (NRC, 1989). Coastal areas and continental shelves have a
higher ecosystem biodiversity than open oceans and are the most important
areas for fisheries. Yet it is these areas that are most at risk from contamination
by hazardous substances (Gray, 1997; WOC, 2009).
The use of marine fish as indicator species in contamination studies is
believed to be of importance as they integrate environmental stressors,
including contaminants (Van der Oost et al., 2005), occupy key positions of
transferring energy in the food chain (Beyer, 1996) and are of high commercial
value. In the past decades, field surveys considering a wide range of marine
fish species have shown a high prevalence of hepatic cancer and deleterious
reproductive effects, and more recently epidermal diseases (including ulcers)
and ovotestis (gonad with both testicular and ovarian aspects) in chronically
polluted areas, near industrial activities or large urban centers (see Malins et
al., 1998; De Metrio et al., 2003; Scoot et al., 2007; Vethaak et al., 2009).
Additionally, assessment of exposure to persistent contaminants in fish is also
of great importance to understanding and evaluating human health risk.
Human consumption of contaminated fish can lead serious health problems,
even affecting the fetus in pregnant women (Myers et al., 2003). It has been also
suggested that environmental contaminants that mimic natural hormones
contribute to endocrine disruptive effects in wildlife populations, and to the
high incidence of certain hormone‐related cancers and diseases in Western
human populations (Colborn, 2004; Connor et al., 2009; Burkhardt‐Holm, 2010).
Therefore, protecting marine fish populations from the adverse effects of
chemical contaminants is not only an issue of conservation ecology but it is of
great economic value and human health interest (Jenssen, 2003).
The most environmentally relevant contaminants include those that
cause carcinogenic, genotoxic, neurotoxic, immunotoxic, reproductive and
developmental effects (Vos et al., 2000). That includes “classical” persistent and
bioaccumulating contaminants such as arsenic, some trace metals, polycyclic
aromatic hydrocarbons (PAHs), organotin compounds, polychlorinated
biphenyl compounds (PCBs), polychlorinated dibenzo‐p‐dioxins (PCDDs) or
polychlorinated dibenzofurans (PCDFs) (Law et al., 2010). Additionally,
emerging, novel and comparatively less persistent toxic contaminants, such as
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alkylphenols or certain pharmaceutical compounds, are also of increasing
relevance in coastal areas due to their wide use (Pojana et al., 2007). Biological
membranes are mostly composed of lipids and the majority of organic
pollutants are lipophilic. Environmental contaminants that mimic, block, or in
some way alter the activity of endogenous chemicals that are synthesized by
the endocrine system are of special interest because they thereby contributing
to developmental, reproductive, neurological and immune effects in wildlife
and humans (Damstra et al., 2002). These chemicals, distinguished as endocrine
disruptor compounds (EDCs), bridge many chemical classes and are an
integral part of the world economy and commerce (Colborn et al., 2004). Within
this group are included many of the “classical” persistent contaminants
(Colborn et al., 1993; Matthiessen and Gibbs, 1998; Choe et al., 2003; Rice et al.,
2003; Darbre, 2006), but also emerging contaminants and natural hormones
(Kolpin et al., 2002; Houtman, et al. 2004; Pojana et al., 2007).
Fish is the most diverse class of vertebrates (Cossins and Crawford,
2005) and may bridge the human and ecological health in ecotoxicology studies
more than other class of organisms (Di Giulio and Hinton, 2008). In marine fish
have been reported biological effects caused by exposure to chemical pollutants
that are also observed in humans. For instance, certain PAHs have mutagenic
and carcinogenic potential on organisms (Varanasi et al., 1987; IARC, 1989;
Vethaak et al., 1996; Lyons et al., 1997; Vincent et al., 1998) and some of its
metabolites display estrogenic activity (Van Lipzig et al., 2005). They also can
produce gill hyperplasia and hemorrhages of gill filaments and fin erosion and
epidermal lesions (Tuvikene, 1995). Besides liver cancer and related
toxicopathic lesions (see Reynaud and Deschaux, 2006; Johnson et al., 2008),
marine fish exposed to PAHs may develop deleterious physiological effects
such as impairment of corticosteroid secretion, immune dysfunction, impaired
growth and reproduction, and reduced cardio‐respiratory capacity and
developmental abnormalities in larval fish (Hontela, 1998; Heintz et al., 2000;
Peterson et al., 2003; Claireaux et al., 2004; Frederick et al., 2007; Claireaux and
Davoodi, 2010; Hicken et al., 2011). It is also demonstrated that fish exposed to
EDCs may alter their reproductive physiology and morphology, resulting in,
for example, the induction of female‐specific proteins in male fish (Tyler and
Routledge 1998), induction of gonopodia in females (Bortone and Davis 1994),
reduced sperm counts (Haubruge et al. 2000), skewed sex ratios (Larsson et al.
2000), and prevalence of intersexuality (a condition in which oocytes are
formed in testicular tissue) (Jobling et al. 1998).
At the time this thesis started, most of the field research on chemical
pollution in fish from marine Spanish waters had been directed towards
bioaccumulation processes as a way to assess the exposure degree to certain
class of contaminants and to assess the human health risk associated to fish
consumption (Schuhmacher et al., 1994; Pastor et al., 1996; Borgui and Porte,
2002; Porte et al., 2002). In fact, field research and monitoring on biological
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effects of chemical pollution in marine Spanish waters was predominantly
focused on mussels, followed by other invertebrates (Etxeberria et al., 1994;
Solé et al., 1998; Morcillo and Porte, 1998; Orbea et al., 1999; Ramón y Amor,
2001;Porte et al., 2000, 2001a, 2001b), meanwhile had been more limited in fish,
being the red mullet from Mediterranean waters the main species studied
(Escartín and Porte, 1999; Porte et al., 2002; Orbea et al., 2002).

2. Benthic fish as indicator organims
In general, concentrations of contaminants are orders of magnitude
higher in marine sediments than in the water column. Contaminants with
hydrophobic properties, such as PCDDs, PCDFs, PCBs, PAHs, brominated
flame retardants (BFR), phtalates and pesticides, tend to partition to dissolved
or particulate organic matter in the marine environment, eventually settling
through the water column to the sediments (Goossens and Zwolsman, 1996).
Similarly, metals generally partition onto particulate matter such as clay
minerals, iron (Fe) and manganese (Mn) oxides/hydroxides, carbonates, and
eventually sediment to the sea floor (Calmano et al., 1993; Eggleton and
Thomas, 2004). As a result, fine‐grained bottom sediments tend to accumulate a
major fraction of the contaminants introduced to the environment (Lu and
Cheng, 1977; Eggleton and Thomas, 2004).
In some cases, sediments may be a “sink”, e.g. bind the toxicants so
strongly that they are no longer significantly bioavailable (Viguri et al., 2007;
Otte et al., 2008). There are however physical, chemical and biological
processes that may remobilize sediment‐bound contaminants. If organic‐rich
particles are ingested or the sediment‐associated contaminants are otherwise
released, the toxicants may be transferred to biota (Forbes and Forbes, 1998;
Eggleton and Thomas, 2004). Sediment rich areas are, therefore, sites for high
potential exposure of benthic marine species to contaminants. It is for this
reason that bottom‐dwelling marine fish with known migration patterns and
with a diet consisted mainly of benthic macrofauna, are suitable and relevant
for contamination studies, as they may act as ecological integrators of
environmental quality of the marine ecosystem with regard to contaminants
(Van der Oost et al., 2003; Vethaak et al., 2011).
Three benthic fish species from Atlantic and Mediterranean Spanish
waters were used in this thesis to investigated contaminant‐related sublethal
effects: four‐spot megrim (Lepidorhombus boscii), dragonet (Callionymus lyra) and
red mullet (Mullus barbatus).
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R
Red Mullet
Mullus barbbatus, Linnaeus 1758

D
Dragonet
Four‐spot megrim
758
o 1810 Callionymus lyra, Linnaeus17
Lepidorhoombus boscii, Risso

Four‐spot meegrim was sellected as targ
get species beecause their wide
w
distribu
ution on mudd
dy bottoms in northern Atla
antic Spanish waters, at dep
pths
of 100–3300 m, and reelative abund
dance in catch
hes (Sánchez et
e al., 2002). This
T
species had been previously
p
useed as target species in pollution
p
studies
conductted in Mediterrranean waterss (Pietrapiana et al., 2002).
Dragonet wass selected as itt dwells on so
oft‐bottoms, att depths less than
t
150 m. It is a comm
mon species on
o the Galiciian and Canttabrian shelf and
previous information about certain
n contaminant‐‐related subletthal effects in this
species in the Atlanttic French coa
ast had been reported (Gallgani et al., 1991;
Burgeott et al., 1993; Vincent
V
et al., 1998).
1
Red mullet was used ass it is the fiish species reecommended for
pollutio
on monitoring programmes in the Mediterranean Sea (U
UNEP/RAMO
OGE,
1999). Th
his species is widely
w
distrib
buted along th
he Spanish Mediterranean sh
helf.
It is m
mainly found on muddy bottoms witth maximum abundance and
frequency in the midd
dle strata (bettween 50 and 200 m deep), but is also fou
und
elsewheere in the Meediterranean. Previous studies had found alterations in
certain ccontaminant‐rrelated biologiical responsess in red mulleets sampled in
n the
vicinity of polluted arreas in the Meediterranean Sea
S (Romeo et al., 1994; Portte et
al., 20022; Regoli et al., 2002).

3. Biom
markers and
d bioassays
Chemical co
ompounds ex
xert their priimary effectss at the enzy
yme
level orr altering som
me other cell functions su
uch as permeeability of celll or
organellle membran
nes (Di Giuliio and Hilton
n, 2008). Succh changes may
m
affect ccell integrity and metabo
olism. If chan
nges are seveere enough they
may reesult in histtological lesiions, and su
ubsequently be reflected
d in
changes in organ fu
unction, e.g. altering
a
hom
meostasis (Tuvikene, A. 19
995;
Heath, 2000; Di Giiulio and Hiilton, 2008). Moving furrther across the
of biologicall organizatio
on, exposure to contamin
nants may lead
l
levels o
changes in immune capacity, behaviour,
b
g
growth
and/o
or reproducttion
(Adamss, 1990; Arts and Kohler,, 2008). Any changes in the function of
o a
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ms may fina
ally cause efffects at pop
pulation and
d/or
group of organism
dators or prey)
p
(Adam
ms et al., 2000).
ecological level (afffecting pred
ore, by inveestigating reesponses at a sub‐organ
nismal levell is
Therefo
feasiblee to detect an
n early signall for effects at
a higher leveel (Moore, 19
993)
(Figuree 1). In such
h a context,, deleteriouss effects cau
used in marrine
wildlifee by chemica
al contaminan
nts can be qu
uantified by using biolog
gical
effects ttechniques, known
k
as bio
omarkers and
d bioassays.
Any chemica
al will however not has a single mod
de of toxic acttion
or a sin
ngle target orrgan in the organism.
o
Ev
ven at the lev
vel of individ
dual
cellularr enzymes, many envirronmental co
ontaminants are known
n to
inhibit or stimulatee several en
ndogenous en
nzymes/receeptors, althou
ugh
some aare more senssitive than others
o
to a giiven compou
und, such as the
interacttion of plana
ar organic co
ompounds (ee.g. certain PCDDs,
P
PCD
DFs,
PCBs an
nd PAHs) with
w the aryl hydrocarbon
h
receptor (A
AhR) (Poelling
ger,
2000) o
or the intera
action of syn
nthetic stero
oidal hormon
nes (i.e. ethiinyl
estradio
ol) with the estrogen
e
receeptor (ER) (G
Goksoyr, 2006
6). Furthermo
ore,
modes of action may
m
differ markedly
m
deepending on
n the expossure
concenttration and the
t developm
mental statuss of the organ
nism (Everaa
arts,
1995; K
Kuiper et al., 2007), bein
ng always th
he early stag
ges (larvae and
a
embryo
o) more senssitive to deletterious effectts of chemica
al contamina
ants
than ad
dults (Guillettte et al., 1995
5).

Figure 11. Biological effects
e
of chem
mical compoun
nds at differen
nt level of
biologiccal organizatio
on.

6

Introduction

3.1. Biomarkers
Since the early 1990s, physiological and biochemical tests have been
developed to establish early‐warning‐signals, commonly known as
“biomarkers”, as tools in environmental toxicology to assess the “health” of
organisms (Adams, 1990; McCarthy and Shugart, 1990; Moore, 1993).
Biomarkers represent the primary event of the animal response after
environmental exposure to toxic agents. The term “biomarker” has several
interpretations and definitions (Peakall, 1994; Lagadic et al., 1994; McCarty and
Munkittrick, 1996; Gestel and Brummelen, 1996). In the present thesis, the term
is referred as “a biological response to a chemical or chemicals that gives a measure of
exposure and, in some cases, adverse effects” (Peakall, 1994), mainly including
responses measured at low level of biological organization (below the
individual level) (Gestel and Brummelen, 1996).
A general classification of biomarkers that is commonly used divides
them into biomarkers of exposure and biomarkers of effect (Moore, 1993). The
division is by no means clear as there will in most cases be a continuum
between one and the other, it may still be found useful for the discussion and
interpretation of results. Biomarkers of exposure cover measurements of
exogenous substances, metabolites of exogenous substances and interactions
between exogenous substances and target molecules, while biomarkers of effect
include measurements that can be associated with health impairment. Most
biomarker responses, particularly those referred to biomarkers of effect, are
sensitive to a wide variety of chemical compounds and they are, therefore,
particularly useful as integrative indicators of organism health than as
indicators of specific exposure to single chemical compounds/class of
contaminants.
Concentration of parent contaminants or its metabolites in organism
tissues (internal exposure) is not indicative of deleterious biological effects per
se although it provides a sensitive/integrated measure of exposure to
bioavailable levels of chemical compounds in the marine environment
(Klaassen and Watkins, 1984; Richardson et al., 2004; Sundt et al., 2009). The
advantage of measuring the internal exposure as compared to external
exposure levels is associated with the fact that external exposure concentrations
may be low, possibly even below the limits of detection, whereas internal
concentrations can be significant because of bioaccumulation in the organism.
Indeed, the link between chemicals and their effects becomes more
understandable with data on internal exposure, and it also simplifies the
extrapolation of toxicity between species. Internal exposure can be measured in
many kinds of tissue and in the bile, blood or urine. In fish, of all the organs,
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the bile shows the highest bioaccumulation for metabolites of several chemicals
(Ferreira‐Leach and Hill, 2001).
3.2. Bioassays and in vitro gen reporter assays
Besides of biomarkers, bioassays can be used to understand the impact
of pollutants on living organisms but also to deduce general principles for the
categorization and assessment of effects (Escher and Hermens, 2002). Bioassays
are biological tests that measure the response of healthy organisms (in vivo) or
of cell lines/cells (in vitro) after exposure to specific contaminants or
environmental matrix under controlled laboratory conditions.
In vivo bioassays include a broad variety of assays based on sublethal
or late lethal (mortality) end points (e.g. growth, larval development, behavior)
in a wide spectrum of organisms (ICES, 2010). Such assays have the advantage
of assessing a true impact of chemical contaminants on a target species, but, on
the other hand, have the disadvantages of a lack of specificity and unsuitability
for large‐scale screening purposes (Campbell et al., 2006).
In vitro gen reporter assays are a group of mechanism‐based in vitro
bioassays very sensitive and with a high specificity, and its use allows to group
into classes contaminants which similar mode of action (Murk et al., 1996;
Gutleb et al., 2004; Houtman et al., 2004). In molecular biology, a reporter gene
is a gene that researchers attach to a regulatory sequence of another gene of
interest in cell lines/cells. Commonly used reporter genes involve fluorescent
and luminescent proteins. They are used as an indication of whether a certain
gene has been taken up by or expressed in the cell and are very useful to
measure potency of single or mixture toxicants, to compare the relative toxicity
of specific or unknown mixed toxicants and being also able to integrate agonist
and antagonist effects of complex mixtures on a certain receptor or act via
certain pathway (Gutleb et al., 2004).The use of in vitro bioassays can be
conducted using marine environmental samples and biological extracts such as
urine or bile. Therefore they can also be used in marine field studies to assess
the exposure in fish to certain class of contaminants that share a common mode
of action (Legler et al., 2002; Gibson et al, 2005).
3.3. Use of biomarkers and in vitro gen reporter assays
A wide number of different contaminant‐related biomarkers (table 1)
and in vitro gen reporter assays (table 2) have been well investigated to be used
in
marine
fish
biological
samples.
These
techniques
include
activation/inhibition of receptors, enzyme activities involved in the
biotransformation system of xenobiotic compounds and in the oxidative stress
response, synthesis of certain proteins, haematological, immunological,
neurotoxic, genotoxic, reproductive and endocrine parameters as well as
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physiological and histological parameters (see Van der Oost et al., 2005; ICES,
2010).
Table 1. Recommended (†) and promising (*) fish biomarkers techniques that need
further research for biological monitoring programmes at the national or
international level (adapted from ICES, 2010).

Biomarkers

Bulky DNA adduct
formation†

AChE inhibition†

Metallothionein
induction†

EROD or P4501A
induction†

ALA‐D inhibition†
PAH bile metabolites†

Lysosomal stability using
histochemical detection†

Issues addressed and biological significance
Measures genotoxic effects. Possible predictor of
pathology through mechanistic links. Sensitive
indicator of past and present exposure to PAHs
and other synthetic organics, e.g., nitro‐organics,
amino triazine pesticides (triazines)
Measures exposure to neurotoxic compounds such
as organophosphates, carbamates or similar
molecules
Measures exposure of ertain metals (e.g., Zn, Cu,
Cd, Hg)and disturbance of copper and zinc
metabolism.
Possible predictor of pathology through
mechanistic links. Sensitive indicator of past and
present exposure to planar organic contaminants
(e.g., PAHs, planar PCBs, dioxins).
Index of exposure to lead.
Measures exposure to and metabolism of PAHs.
Measures cellular damage and is a good predictor
of pathology. Provides a link between exposure
and pathological endpoints. Possibly, a tool for
immune suppression studies in white blood cells.
Not contaminant‐specific but responds to a wide
variety of xenobiotic contaminants and metals
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Table 1 (cont). Recommended (†) and promising (*) fish biomarkers techniques that
need further research for biological monitoring programmes at the national or
international level (adapted from ICES, 2010).

Biomarkers

Early toxicopathic lesions,
pre‐neoplastic and
neoplastic liver lesions by
and histopathology†

External visible lesions
and parasites †

Vitellogenin induction †

Intersex †

Reproductive success in
Zoarces viviparus†

Alkylphenol‐ bile
metabolites†

DNA strand breaks
including Comet assay*
Induction/inhibition
of
Multidrug/Multixenobiotic
resistance (MDR/MXR)*

Issues addressed and biological significance
Diagnosis of pathological changes and enzymatic
markers of carcinogenesis associated with
exposure to genotoxic and non‐genotoxic
carcinogens such as
PAHs, other synthetic
organics, e.g., nitro‐organics, amino triazine
pesticides (triazines)
Integrative response; measures general fish
health; elevated prevalence may indicate
exposure to a wide variety of environmental
contaminants and non‐specific stressors
Measures feminization of male fish
reproductive
impairment.
Indicative
exposure estrogenic substances

and
of

Measures feminization of male fish
reproductive
impairment.
Indicative
exposure estrogenic substances

and
of

Measures reproductive output and survival of
eggs and fry in relation to contaminants.
Restricted to period when young are carried by
female viviparous fish
Measures exposure
alkylated phenols

to

and

metabolism

of

Not contaminant‐specific, will respond to a wide
range of environmental contaminants .Measures
genotoxic effects, but is also extremely sensitive to
other environmental parameters.
Adaptation/inhibition in response to xenobiotic
stress caused by multiple contaminants (organics
and metals)
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Table 1 (cont). Recommended (†) and promising (*) fish biomarkers techniques that
need further research for biological monitoring programmes at the national or
international level (adapted from ICES, 2010).

Biomarkers

Glutathion‐S‐transferase(s)
(GST)*

Oxidative stress enzymes*

Immunocompetence*

Abnormalities in wild fish
embryos and larvae*

Gene arrays*
Micronuclei*
Peroxisomal proliferation
(enzyme assays)*

Cellular Energy
Allocation*

Issues addressed and biological
significance
Measures predominantly exposure to organic
xenobiotics and the capacity of the major group
of phase II enzymes. Considered most
promising for isoenzyme‐specific measurements
Measures the presence of free radicals. Response
to a wide range of environmental contaminants
Measures factors that influence susceptibility to
disease. Not contaminant‐specific. Response to
a wide range of environmental contaminants
Measures frequency of probably lethal
abnormalities in fish larvae. Mutagenic,
teratogenic. Not linked unequivocally to
contaminants
Combined responses from various biomarkers
Exposure to aneugenic and clastogenic.
contaminant‐specific

Not

Potential alterations in lipid metabolism, non‐
genotoxic carcinogenesis
Changes in metabolic turnover and specific
allocations will be linked to effects at higher
levels of ecological organization. Response to a
wide range of stressors
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Table 2. In vitro reporter gen assays recommended to be used in bile fish extracts
(adapted from ICES, 2010).
In vitro gen reporter assays
Dioxin receptor (AhR)‐
mediated chemical activated
luciferase gene expression
assay (DR CALUX)
Estrogen receptor (ER)‐
mediated chemical activated
luciferase gene expression
assay (ER CALUX; ER‐LUC)

Yeast Estrogen Screen (YES)

Issues addressed

Biological
significance

Induction of xenobiotic
detoxification system

Measure of
exposure to planar
organic compounds
including PAHs

Alteration of endocrine
system

Measure of
exposure to
estrogenic
compounds

Alteration of endocrine
system

Measure of
exposure to
estrogenic
compounds

The most widely applied fish biomarkers in field studies are those
measured at molecular to tissue level (Van der Oost et al., 2005), whereas the
physiological and behavioral biomarkers have essentially been limited to
laboratory studies (Handy and Depledge, 1999; Almeida et al., 2009; Eissa et al.,
2010; Kerambrun et al., 2012).
In general, biotransformation of foreign chemicals serves two
purposes: to make them less toxic and/or to make them easier excrete.
However, many foreign compounds are metabolized to highly toxic
compounds that are responsible for carcinogenesis among other deleterious
effects. Some authors identify three phases to be involved in the metabolism
and excretion of xenobiotic organic compounds (Van der Oost et al., 2003):
Phase I of oxidation/reduction/hydrolysis (transforming lipophilic compounds
into more hydrophilic metabolites), phase II of conjugation (predominantly
leading to the formation of less toxic substances, more hydrophilic and more
easily excreted) and phase III of excretion (active transport by ABC‐
transporters or other carriers).The main route of excretion of foreign
compounds and its metabolites pass directly from the liver into the
gastrointestinal tract via de bile, from the kidney into the urine, and through
the skin, after which they are bound to mucus (Varanasi et al., 1978, 1989).

All cells and tissues have mechanisms to protect themselves against the
action of toxic chemical compounds through cellular defense mechanisms and
biotransformation processes, but in vertebrates this activity is highest in the
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liver and a major fraction of metabolites excreted to bile. Therefore, biomarker
responses studied in this thesis were analyzed in fish liver and bile and were
the following:



One important phase‐I activity of the xenobiotic metabolism
enzymes:ethoxyresorufin‐O‐deethylase (EROD)



One important phase‐II activity of the xenobiotic metabolism enzymes,
also involved in the oxidative stress defence: glutathione‐S‐transferase
(GST) activity



Two antioxidant enzymes involved in the oxidative stress defence
(catalase and glutathione reductase activities)





Expression of metal stress protection proteins (metallothioneins)
DNA integrity as a measure of genotoxic damage
Concentration of PAH metabolites and alkylphenols in fish bile as a
measure of internal exposure

Estrogen is a sex steroid that plays an essential role in the
structural development and physiological function in all vertebrates.
Interaction between estrogenic EDCs and estrogen receptors (ER) is
believed to be an important mechanism of endocrine disruption in fish (e.g.
Jobling et al., 1998; Arukwe and Goksøyr, 2003; Damstra et al., 2002;
Vethaak and Legler, 2013). In this thesis, in addition to biomarkers
mentioned above, the in vitro ER‐LUC reporter gene assay was
investigated as a measure of the presence of estrogenic active compounds
in male fish bile.
3.3.1. EROD activity
In the phase I of the biotransformation system, the reactions are
catalyzed by oxygenases, which are enzymes associated with the membrane of
the smooth endoplasmic reticulum (SER) (Shewetia, 2000). There are two
classes of oxygenases: dioxigenases and mixed function oxygenases (MFO) of
the cytochrome P450 (CYP) enzymes. MFO are organized in small chains of
flavoproteins and cytochromes (associated with the membranes of the soft
endoplasmic reticulum (SER). MFO are involved in reactions such as
hydroxylation, dealkylation and deamination by adding one O2 atom to
compound while the second is reduced to H2O. Environmental contaminants
often are persistent, lipophylic compounds, and excellent substrates for CYP
enzymes. Many isoenzymes of CYP family have been characterized and
CYP1A is the main involved in metabolism of drugs, steroids and xenobiotics.
These compounds can induce CYP1A enzyme activity via activation of the aryl
hydrocarbon receptor (AhR), a ligand‐inducible transcription factor that
regulates gene expression of several CYPs. Overall, the structural features
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associated with CYP1A induction in fish are similar to those in mammals
(Stegeman and Hahn, 1994).
The EROD assay is commonly used as proxy for CYP1A‐mediated
phase I metabolism. EROD activity provides evidence of AhR induction of the
CYP1A1 subfamily by “dioxin‐like” compounds and its measurement in fish is
a well‐established (Whyte et al., 2000). EROD activity describes the rate of the
CYP1A‐mediated deethylation of a substrate, 7‐ethoxyresorufin, leading the
formation of a hydroxylated product resorufin. EROD activity in fish species
can be increased significantly by exposure to PCDDs, PCDFs, PCBs and PAHs
(Whyte et al., 2000; Van der Oost et al., 2003).

3.3.2. GST activity
Apart from their essential functions in intracellular transport and
biosynthesis, glutathione S‐tranferase (GST) is a family of multifunctional,
primarily soluble detoxifying enzymes (phase II enzymes). This activity play
an important role in detoxification processes and it is likely related with
carcinogenesis development (Henson et al., 2001). Mechanisms of
detoxification by GSTs involve catalytic substrate conjugation and oxidant
reduction with reduced glutathione (GSH) (Mannervik and Danielson, 1988).
GST is located mainly in cytosol but also in microsomes, and mitochondria.
GST isoenzymes display remarkable broad substrate specificity (Mannervik
and Danielson, 1988). GST catalyzes the formation of the thiol group of
glutathione to electrophilic xenobiotics. GST play, therefore, a critical role in
providing protection against oxidative damage and peroxidative products of
DNA and lipids and the susceptibility of different fish species to chemical
carcinogenesis may be modulated by the activity of GST (Varanasi et al., 1987;
Henson et al., 2001).
The levels of expression of GST in fish species can be increased
significantly by exposure to foreign compounds such as nitrocompounds,
organophosphates and organochlorides though such increase has been
reported in a limited number of fish and the exposure to certain pollutants,
such as PAHs, may cause both induction and inhibition of the GST enzyme
activity (Van der Oost et al., 2003).
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3.3.3. PAH metabolites and alkylphenols in bile
Some environmental contaminants as polycyclic aromatic
hydrocarbons (PAHs) or alkylphenols (APs) are easily metabolized by fish
through the different phases of the biotransformation system, transforming
them into more hydrophilic metabolites that are finally excreted (during phase
III) (Van der Oost et al., 2003; Ariese et al., 2005). Metabolism mostly yields
hydroxylated products that are concentrated in fish bile and stored prior to
excretion. Because the gall bladder is emptied after ingestion, bile acts as short‐
time storage (several days) to these compounds (Van der Oost et al., 2003).
3.3.4. Antioxidant enzymes: catalase and glutathione reductase
A general pathway of toxicity for several pollutants is mediated by the
enhancement of intracellular reactive oxygen species (ROS), and production of
peroxides species which often modulate the occurrence of damage in
components (cytoskeleton, cytomembranes, mitochondria, proteins, lipids and
DNA)(Regoli et al. 2002). Fish, as other vertebrates and invertebrates, have also
a complex antioxidant agent defense system to protect cells against oxidative
stress. Cellular defense systems in fish that tend to inhibit oxyradical formation
include an interacting network of antioxidant enzymes (Van der Oost et al.,
2003). This detoxification pathway is the result of multiple enzymes such as
superoxide dismutase (SOD), catalase (CAT), gluthathione‐dependent
peroxidase (GPOX) and gluthatione reductase (GR). Since the last decade a
good number of studies have tested antioxidant enzymes induction in fish as a
biomarker of general oxidative stress (Livingstone et al., 1993; Burgeot et al.,
1996; Porte et al., 2000; Rosety et al., 2005).
SODs are present in all aerobic organism examined and are a group of
metalloenzymes that catalyses the first step, the conversion of reactive
superoxide anions to hydrogen peroxide (H2O2), which is an important ROS as
well. Other antioxidant enzymes (such as CAT and GPOX) metabolize
subsequently the H2O2 to non‐reactive forms and water. GR is, however,
involved in the antioxidant defense in a different way, as it catalyzes the
transformation of the oxidized disulfide form of glutathione (GSSG) to the
reduced form (GSH), thus contributing to maintain GSH/GSSG homeostasis
under oxidative conditions in the cell (Winston and Di Giulio, 1991). It has been
demonstrated that the role of biotransformation pathways in stress responses
play an important role (Winzer et al., 2001).
3.3.5. Metallothionein
Metallothioneins (MTs) are low molecular weight (6‐7 kDa) family of
polypeptides with many sulfhydryl groups due to the large amount of cysteine
in the molecule (Kagi, 1991).MTs have been found in gills, small intestine and
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mainly in kidney and liver fish. Because of the numerous sulfhydryl groups in
the molecule, MTs bind a variety of metals, both essential and non‐essential
(Roesijadi and Robinson, 1994; Van der Oos et al., 2003).
MTs sequester essential metals (Cu and Zn) or donate them for
biochemical reactions meanwhile non essential metals, such as Hg and Cd, are
sequestered by MTs thereby reducing toxic interactions with other cellular
molecules (Roesijadi and Robinson, 1994). In addition, MT has been suggested
to be involved in an array of protective stress responses. In fish, the induction
of MTs via reactive metals protects hepatic enzymes against cellular damage.
Without this intervention, zinc may stimulate glutathione concentration and
reduce CAT activity. Nowadays, different methods can be used to quantify MT
concentration in marine organisms (Hylland, 2012).
3.3.6. DNA integrity
Because DNA is the repository of genetic information in each living
cell, its integrity and stability are essential to life. It is well known that exposure
to environmental contaminants, such as metals, PAHS and PCBs, individually
or in mixtures, may cause damage to DNA by more than one mechanism
(Everaarts, 1995; Van der Oost et al., 2003).In general, low integrity of DNA is
associated with unfavourable environmental conditions and/or with the
physiological status of organisms. The analysis of DNA alterations in marine
organism, including fish, has been proposed for evaluating the presence of
genotoxic contamination (Lyons et al., 2010; Table 1).

Figure 2. Example of how intercalation induces structural distortions (right:
changed DNA strand). In order for an intercalator to fit between base pairs, the
DNA must dynamically open a space between its base pairs by unwinding.
These structural modifications can lead to functional changes, often to the
inhibition of transcription and replication and DNA repair processes, which
makes intercalators potent mutagens and often carcinogenic.
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Some contaminants act as DNA intercalating agents, also known as
ligands. These ligands are mostly polycyclic, aromatic and planar. Beyond
environmental agents, DNA is also subject to endogenous damage, such as
attack by ROS produced from metabolic byproducts generated during the
biotransformation and elimination processes, especially the process of
oxidative deamination(Watson et al., 1998).A well known case of this collateral
effect of chemical detoxification is that biotransformation of PAHs leads the
generation of reactive PAH intermediates. These intermediates have long been
known as a source of DNA adducts that can lead to carcinogenesis (Varanasi et
al., 1989).
When only one of the two strands of a double helix has a defect, the
other strand can be used as a template to guide the correction of the damaged
strand. If a cell retains DNA damage, transcription of a gene can be prevented,
and, thus, translation into a protein will also be blocked. Replication may also
be blocked and/or the cell may die. Therefore, a high prevalence of unrepaired
DNA alterations will lead to metabolic, cytological and physiological
dysfunctions, weakened immunity and diseases in the organism itself (Woo et
al., 2006). Single strand breaks are some of the most common DNA lesions and
they have been classified as potentially pre‐mutagenic lesions (Emmanouil et
al., 2007). A number of different methods have been developed to detect strand
breaks in fish as a biomarker of genetic toxicity (Mitchelmore and Chipman,
1998; Bolognesi et al., 2006; Devi et al., 2012).
3.3.7. ER‐LUC assay
Estrogen Responsive Chemical Activated Luciferase Gene Expression
(ER‐LUC) is a mechanism‐based in vitro assay to measure specific endocrine
activity in low volume samples, as the activation of estrogen receptors (ER) by
chemical compounds (Rogers and Denison, 2000). ER‐LUC assay is performed
with stably transfected BG1luc4E2 human ovarian cancer cells, which
containing a luciferase reporter gene under transcriptional control of an
estrogen‐responsive element (ERE) (Rogers and Denison, 2000). The
recombinant luciferase gene is placed downstream of the ERE resulting in
luciferase expression upon exposure to EDCs (Legler et al., 2002). In the ER‐
LUC assay, exposure of cells to (xeno)estrogens results in uptake of chemicals
through the cell membrane, binding to the ER, activation of the receptor, and,
consequently, binding of the ligand‐receptor complex to EREs present in the
promoter region of the luciferase gene. Luciferase protein is then induced and
is easily measured by lysing the cells, adding luciferin substrate, and
measuring light photon production (Rogers and Denison, 2000) (Figure 3).
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Figure 3. Mechanism of induction of the estrogen receptor (ER). The ER‐LUC
assay involves the binding of estrogens to receptors (ER) which, when
activated, bind to estrogen response elements (ERE), triggering luciferase gen
reporter.
3.4. Confounding factors
Sources of variability that may influence the measurement of a
biological response generally fall in two categories. The first is inherent to the
laboratory method, sample collection, preparation and storage. These sources
of variability can easily be controlled by processes of intercomparisson and
quality assurance (QA). The other category includes non‐pollution‐related
biological variables such as sex, age, nutritional status, metabolic activity,
migratory behavior, reproductive and developmental status and population
density (Vand der Oost et al., 2003; Thain et al., 2008;). In addition,
environmental variables such as season, ambient temperature, pH, salinity or
heterogeneity of the environmental pollution are also known to affect
biomarker responses. For comparative purposes, all these factors must be must
be taken into account for the interpretation of biomarker responses (Thain et
al., 2008). In studies with fish from natural populations, careful consideration
should be also given to prey diet (Jimenez and Burtis, 1989). Well known
examples of such confounding factors are the temperature‐related changes in
antioxidant enzymes activities (Parihar et al., 1997), seasonal and sex‐related
variations in biotransformation enzyme activities (Eggens et al., 1996) or the
low integrity of DNA associated with unfavourable environmental conditions
and/or with the physiological status of organisms (Everaarts,1995).
Measurement of physiological parameters in fish, such as the
hepatosomatic index (HSI) (Sloof et al., 1983), condition factor (CF) (Bagenal
and Tesch, 1978) and gonadosomatic index (GSI) (Barber and Blake, 2006) give
information on energy reserves and reproductive status, respectively. Any
deficiency in the energy reserves of an organism may render it more
susceptible to predation, diseases and a range of environmental stressors,
lowering the chances of survival (Arts and Kholer, 2008). Although fish
physiological parameters are not very sensitive and are also affected by non‐
pollutant factors as season, diseases and nutritional level, its measurement also
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contribute to identify the most sensitive organisms of a fish population and, in
some cases, may indicate toxicant effects (Van der Oos et al., 2003).
The reproductive process constitutes one of the most essential health
signals for the individual animal, and when missing or impaired indicates an
obvious risk for adverse effect both genetically and for population survival.
Therefore, significant decreased sizes of the gonad, of one or both of the
genders indicate an apparent risk for a reduced reproductive potential. In lab
and field studies, significant variations on HSI and GSI from reference values
have been found in fish species exposed to organic chemical compounds (see
review in ICES, 2011b), and in some cases, histological observations have
linked the prevalence of hyperplasia (increase in hepatic cell number) or
hypertrophy (increase in hepatic cell size) with exposure to chemical pollutants
(Poels et al., 1980).

4. Field studies
In this thesis, benthic fish were sampled from different marine areas in
Spain, including Atlantic and Mediterranean waters. The field studies
presented and discussed formed part of the extensive monitoring activities
conducted by the Instituto Español de Oceanografía (IEO) under four different
field scenarios:
i) shortly after the Prestige oil spill in the northern Iberian shelf and
ii) repeatedly in the same geographical area over a period of three
years
iii) in chronically polluted areas on the Spanish Mediterranean inner
shelf, with particular reference to the heavily metal contaminated area
of Portman (SE Spain)
iv) and in the Mar Menor coastal lagoon (SE Spain), a Special
protected Area of the Mediterranean Interest (SAMI).

19

Chapter 1

Figure 44. Geographical location of the fish samp
pling areas inccluded in the field
f
studies p
presented in this
t
thesis.
4.1. The northern Iberiaan shelf
The northern
n Iberian shelff comprises th
he Galician an
nd the Cantabrian
Concentration
ns of heavy
y metals, PA
AHs and organochlorina
o
ated
shelf. C
compou
unds in the sed
diments are in
n general, hig
gher on the Ca
antabrian than
n on
the Galiician shelf du
ue to greater anthropogenic
a
c pressure (Frranco et al., 2006;
2
OSPAR 2000, 2010). Overall, rela
atively low co
ontaminant co
oncentrations are
found in
n the offshoree shelf but sho
ow clearly hig
gher values in certain hot sp
pots
of the in
nner shelf, especially in soutthern Galicia, Pontevedra esstuary, A Coru
uña,
Gijón, B
Bilbao and San
n Sebastián (F
Fig. 1). After th
he Prestige oill spill (Novem
mber
2002), aabout 60,000 tons of crud
de oil were released,
r
mosst of which was
distribu
uted over a marine
m
area of 30,000 km2alo
ong the north
hern Iberian shelf
s
(figure 55). Therefore, benthic organ
nisms from thee inner to the outer contineental
shelf (700‐500 m depth
h bottoms) werre potentially under
u
pollutio
on risk.

20

Introduction

March 2003

April
2003
Kg/Km2
300
200
100
50
25
10
1

Figure 5. Geographical distribution of tar aggregates from the Prestige oil spill
found in spring 2003 along the northern Iberian shelf (Sánchez et al., 2006).
4.2. The Spanish Mediterranean inner shelf
The Spanish Mediterranean inner shelf comprises marine coastal
regions with special environmental interest as priority and sensitive pollution
areas (UNEP/MAP/MED POL, 2005). In this thesis biological responses in red
mullet sampled from different areas of the Spanish Mediterranean inner shelf
with different degree of chemical impact were investigated: Barcelona,
Valencia, Portmán, Santa Pola and Palos Cape.
Barcelona, Valencia and Portmán are included in the list of Spanish hot
spot with potential risk of transboundary effects. Barcelona and, in less extent,
Valencia are areas under the influence of urban and industrial activities
developed in the cities and surrounding areas, harbour activities and the inputs
from Llobregat river (Barcelona) and Júcar and Turia rivers (Valencia).
Interestingly, Portmán (Cartagena, SE Spain) is one of the areas most heavily
polluted by heavy metals in the western Mediterranean Sea (11 million m3 of
mine tailings were dumped into Portmán bay during the period 1960‐1991)
(Picture 1) and chemically impacted by emissions from oil‐related and chemical
industrial activities in the adjacent Escombreras Valley. The active disposal
area is extended beyond the continental shelf through a submarine canyon.
Therefore, this area represents a particular study case to investigate the
combined effects of metal and organic contamination.
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Picture 1. Panoramic view of Portmán Bay (Cartagena, SE Spain). From 1960‐
1991, approximately 11 million m3 of mine tailings were dumped into Portmán
bay, leaving about 80 hectares of sediments to fill up the bay, where it is
possible to walk over the mine‐waste. (Author J. Benedicto, 2011)
Inner shelf located in front of the Delta del Ebro is highly impacted by
industrial and agricultural activities located in the drainage basin of the Ebro
River, the largest flow rate river of the Iberian peninsula, and is identified as a
priority pollution sensitive area in the Mediterranean Sea (UNEP/MAP/MED
POL, 2005). Santa Pola inner shelf is a soft bottom area under the influence of
the inputs from the Segura River. This area has a limited urban, industrial and
agricultural activity. Palos Cape inner shelf area is located in the vicinity of a
Marine Reserve with minimal influence of chemical pollution.
4.3. The Mar Menor coastal lagoon
The Mar Menor coastal lagoon (135.2 Km2 of surface and 610∙106 litres
of volume) is one of the biggest hypersaline coastal lagoons in the
Mediterranean Sea and the biggest in Europe (Figure 4; Picture 2). It has been a
Ramsar international site since 1994 and includes five Sites of Community
Importance (SCI): it is considered a Special protected Area of the
Mediterranean Interest (SPAMI), established by Barcelona Convention in 2001;
and a Site of Community Importance (SCI) to be integrated in the Nature 2000
Network (EU Habitats Directive).
The water exchange of the lagoon with the Mediterranean Sea is
reduced and it takes place through several channels. Water properties inside
the lagoon differ significantly from the open Mediterranean water. Nowadays
the temperature ranges are between 10ºC and 32 ºC, the residence time of the
water is 0.79 years and the salinity varies between 42 and 47 g L‐1 (Perez‐Ruzafa
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et al., 2002). This lagoon is impacted by the massive urban growth on the sides,
the intensive agricultural activities and the remains of the former metal mining
activities nearby Cartagena, Portman and La Union area (Murcia, SE Spain). At
the time this thesis started, no studies using biomarkers of contaminant
exposure or effects in fish had been made in the Mar Menor coastal Lagoon.

Picture 2. Panoramic view of Mar Menor coastal Lagoon (Murcia, SE Spain).
The lagoon has a mean depth of 2.5 m and a maximum of 6 m. The bed
sediment grain size composition of the lagoon is predominantly muddy.

5. Marine environmental risk assessment and integrated
approach
The presence of a toxicant in sediment, seawater, preys or fish tissues
do not, by itself, indicate deleterious effects on fish (Chapman, 2007).
Connections have to be established between external levels of exposure,
internal levels of tissue contamination and adverse effects. Over the last
decade, there general agreement has been reached that the best way to assess
the environmental quality of the marine environment as well to conduct an
environmental risk assessment, with respect to hazardous substances, is by
including a suite of chemical and biological measurements (biomarkers and
bioassays) in an integrated way (Van der Oost et al., 2005; ICES, 2006; Thain et
al., 2008; Lyons et al., 2010; ICES, 2011a). Since 2008 the Marine Strategy
Framework Directive (Directive 2008/56/EC), has put additional emphasis on
the importance of assessing key biological responses for evaluating the health
of organism, linking the observed changes in them to putative contaminant
effects (Law et al., 2010).
An integrated approach is based on the simultaneous sampling and
measurement of contaminant concentrations (in biota, sediments and, in some
cases, water or passive samplers), biological effects parameters and a range of
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physical and other chemical measurements (figure 6). Marine fish is therefore
an important component of the marine integrated approach to assess the
environmental quality. In that context, the use of biomarkers and bio‐analyses
(in vitro assays) can be combined with field studies of uptake and
bioaccumulation as well as with sediment sampling (if fish are living in the
vicinity of the area of interest) and they are fundamental tools in field research,
helping to elucidate the effects the contaminants have on sub‐organismal level
in wild fish.
An integrated study of contaminants and their effects requires
coordination of field sampling and sample handling techniques, utilizing the
same species/population/individual for both types of measurement, from the
same area and sampled within the same time frame. Furthermore, a set of
supporting parameters (biotic and abiotic confounding factors) have be
measured at the same time for subsequently use in the final assessment (ICES,
2011b).

Figure 6. Most relevant marine components and associated measurements to
be considered by following an integrated approach to assess the marine
environmental quality with respect to hazardous substances (adapted from
ICES, 2011a).

6. Rationale, outline and aims of the thesis
At the time that this thesis was initiated(2003), assessment of biological
effects of chemical contaminants using fish species was not commonly
implemented in Spanish marine field studies, and its use within the national
framework of pollution biomonitoring programmes was lacking. Data of
biomarker responses in fish from Spanish Mediterranean shelf were scarce, and
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no previous data were available for biomarker responses in benthic fish from
the northern Iberian shelf. Indeed, the benthic fish species recommended by
expert organizations for pollution biomonitoring purposes in northern Atlantic
waters (such as cod, flounder and plaice) were not available in sufficient
numbers to be used in a regional scale study in northern Iberian shelf (OSPAR,
2003). Therefore, information about the most suitable fish species to be used in
biological/chemical pollution studies along the northern Iberian shelf was
necessary. On the other hand, the lack of standard guidelines to conduct an
integrated biological/chemical environmental pollution monitoring were
brought to light by environmental managers and European scientific
community following the Prestige oil spill (Spain, 2002).
This thesis is based on five papers (which are referred in the text by
their roman numerals). An approach of biomarker responses at sub‐cellular
level and internal exposure concentrations of certain class of contaminants was
performed in benthic fish‐targeted pollution field studies in Spanish marine
waters. In addition, the methods used were evaluated and developed into an
integrated framework for environmental monitoring, with particular reference
to oil spill situations and within the context of the descriptor 8 of the Marine
Strategy Framework Directive (Directive 2008/56/EC), to ascertain that
concentrations of contaminants in marine ecosystems are at levels not giving
rise to pollution effects (Law et al., 2010).
The main aims of this thesis were
i) to clarify effects of environmental contaminants on benthic fish in
Spanish marine areas
ii) to develop an effect‐based framework that can be used in Spanish
marine monitoring programmes.
The working hypothesis was the following:
Exposure of selected benthic fish species to environmental contaminants cause:
‐ induction of hepatic EROD, GST, CAT and GR activity
‐ increased concentration of hepatic metallothionein
‐ decreased DNA integrity in liver
‐ increased concentration of PAH metabolites and alkylphenols in the
bile of fish
‐ increased estrogenic activity in the bile of male fish
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Chapter 2 presents the assessment of a battery of hepatic biomarker responses
five months after the Prestige oil spill in two benthic fish species (L. boscii and C.
lyra) from different bathymetric shelf environments [paper I]. The specific aims
of this field study were:
i) To evaluate toxic impact on L. boscii and C. lyra after the Prestige oil
spill by investigating a set of hepatic biomarker responses (EROD, GST,
GR and CAT activities and DNA integrity).
ii) To assess spatial variations in biomarker responses in L. boscii and C.
lyra collected in different areas and environments of the northern
Iberian shelf.
iii) To evaluate the effect of sex and species differences in the
biomarker responses.
iv) The evaluate whether C. lyra and L. boscii can be useful target
species for future biomonitoring programmes along the northern
Iberian shelf.
Chapter 3 addresses the issue of a mid‐term study to determine whether
enzymatic biomarker responses, in both same fish species, were showing any
significant temporal and spatial variations over the three years following the
Prestige oil spill [paper II]. The specific aims of this field study were:
i) To determine whether responses in EROD, GST, GR and CAT in the
benthic fish species L. boscii and C. lyra were showing any significant
temporal variations over three years following the Prestige oil spill.
ii) To investigate spatial variations in biomarker responses in different
areas and environments of the northern Iberian shelf in L. boscii and C.
lyra three years after the Prestige oil spill.
iii) To evaluate the effect of sex, season and reproductive status of the
fish and bottom water temperature on biomarker responses in L. boscii
and C. lyra.
Chapter 4 reports a guideline document in relation to the use of appropriate
sampling design, selection of target species and biological effects techniques for
toxicity assessment and for monitoring the biological effects associated with oil
spill events, with particular reference to European marine waters [paper III].
The specific aim of this investigation was:
to provide guidelines applicable to European marine waters on the
selection and use of appropriate batteries of bioassays and biomarker
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responses for toxicity assessment and for monitoring the biological
effects at low levels of biological organization in fish and invertebrates
associated with oil spills in relation to the main environmental
management requirements.
Chapter 5 describes an integrated study conducted to investigate whether
contaminant concentrations in chronic priority polluted areas of the Spanish
Mediterranean inner shelf were at levels that cause adverse health effects in the
benthic fish species red mullet, Mullus barbatus. The study combined chemistry
in biota and superficial sediments, biomarker responses and reproductive and
nutritional physiological indicators [paper IV]. The specific aims of this field
study were:
i) To investigate whether hepatic biomarker responses (EROD activity,
metallothionein content and DNA integrity) and physiological
parameters (GSI, LSI, condition factor) in M. barbatus were significantly
alterated in a way that could be related to sediment and fish
contaminant concentrations.
ii) To evaluate any effects of sex and bottom water temperature on
biomarker responses in M. barbatus.
Chapter 6 concerns an integrated chemical and biological study to explain
estrogenic potency in bile extracts of M. barbatus [paper V]. The specific aims of
this field study were:
i) To assess the internal exposure to PAHs and alkylphenols in M.
barbatus.
ii) To screen the potential bile estrogenic activity in male fish (M.
barbatus)
iii) To quantify the estrogenic potency of individual PAH metabolites
and alkylphenols.
iv) To determine the contribution of the estrogenic PAH metabolites
and alkylphenols to the observed total estrogenic activity in male bile
samples (M. barbatus).
Basal ecology (migration pattern, diet, environmental conditions of its
habitats), biology (sex, growth, development, reproduction) and physiology
(basal levels of biomarker responses) for the target species were considered, so
potential sources of variation of biomarker responses were minimized. In all
studies, fish were also sampled from reference areas to allow a direct
comparison and provide information on natural levels and variation biomarker
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responses in the specific fish species. Standardised protocols were developed
and followed to minimise variability due to e.g. water temperature, sex,
age/length, reproductive status and migration. In that context, the sampling of
fish species from reference areas in all the field studies presented in this thesis,
without significant industrial point sources or large population centers. The
methods that have been used in each one of the studies conducted in this
thesis, together with the results, discussion and conclusions are presented in its
corresponding chapter.
Chapter 7 comprises a general discussion of the studies performed.
Recommendations for future biomonitoring programmes of chemical pollution
in marine Spanish waters are also presented.
Chapter 8 provides final concluding remarks and future perspectives.
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Abstract
Hepatic biomarker responses were measured in two benthic fish species
(Lepidorhombus boscii and Callionymus lyra) from the northern Iberian shelf associated
with the massive Prestige oil spill (POS), five months after the accident. The
biomarkers selected were 7‐ethoxyresorufin‐O‐deethylase (EROD), glutathione‐S‐
transferase (GST), glutathione reductase (GR), catalase (CAT), and DNA integrity.
Interspecies differences and spatial variations in biomarker responses were observed
along the shelf. GST, GR and CAT activities were significantly elevated in L. boscii in
the most oil impacted area (Finisterre) and positively correlated (p < 0.05) with POS
tar aggregate densities. The lack of previous data from the area together with the
existence of chronic background pollution of the shelf implies that the observed
biomarker responses cannot be solely attributed to the petroleum hydrocarbon
components of the spilled oil. This first biological effect assessment showed that L.
boscii is a potentially suitable target species to be used in future biomonitoring
programmes along the northern Iberian shelf.

1. Introduction
The Prestige oil tanker suffered an accident off the Galician coast on 13
November 2002. After being towed along an erratic route (14–18 November 2002), it
broke into two pieces, 130 miles west of the southern coast of Galicia and sank on the
continental slope of the Galician shelf (Spain) at a depth of 3700 m. The oil tanker was
carrying 77,000 tons of crude oil (type M‐100). The decision of the authorities to move
the damaged tanker away from the coast, prior to its sinking, caused a wide spread
spill. An estimated 19,000 tonnes leaked during the towing operation and about
14,000 remained in the tanks of the Prestige at the time of the accident. In all, about
60,000 tonnes of crude oil were leaked over an area of 30,000 km2 (Sánchez et al.,
2006) and during the months following the accident successive oil slicks drifted from
Galician waters onto the Cantabrian shelf, affecting approximately 2600 km of the
northern Iberian coastline.
Immediately after the shipwreck the Spanish authorities initiated a
monitoring programme in order to evaluate the presence of petroleum‐derived
compounds in sediments, water and biota. One month after the accident, tar
aggregates on the bottom were found in different areas of the northern Iberian shelf.
Maximum densities of 300 kg km2 at depths of around 150 m were estimated in an
area of the Galician Shelf (Sánchez et al., 2006). Five months later, the ecotoxicity
assessment on marine biota using biomakers was incorporated.
At a biochemical level, exposure to environmental pollutants may induce a
variety of enzymes involved in the biotransformation system of lipophilic pollutants,
including (among many other compounds), some polychlorinated biphenyls (PCBs)
and polycyclic aromatic hydrocarbons (PAHs). This primary and highly specific but

30

Biomarkers in fish after the “Prestige” oil spill

reversible effect has its origin at the subcellular level where it may act as the starting
point for a sequence of functional alterations. These alterations can reach higher
levels of biological organization where they may alter vital functions that affect the
survival of organisms and damage the population and communities (De Maagd and
Vethaak, 1998).
Enzymatic and genotoxic biomarkers (for oil, PAHs and other contaminants)
in fish have been well established in pollution monitoring and risk assessments
(OSPAR, 2003; Van der Oost et al., 2003). In fish, most of the oxidative phase I
biotransformation is catalysed by the cytochrome P450‐dependent microsomal
monooxygenase enzymes. The activity of 7‐ethoxyresorufin‐O‐deethylase (EROD)
appears to be the most sensitive catalytic probe for determining the inductive
response of the cytochrome P4501A1 (CYP1A1) (Goksoyr and Förlin, 1992).
Numerous field studies have demonstrated the suitability of EROD activity in
episodes of PAH pollution (e.g. Devaux et al., 1998; Lee and Anderson, 2005) and this
biomarker was successfully used to monitor oil exposure related to the Erika and
Exxon‐Valdez oil spillages (ICES, 2001; Jewett et al., 2002). Chronic exposure to PAHs
also produces an increase in oxygen‐derived free radicals, generating oxidative stress
in organisms (Di Giulio et al., 1993). Glutathione‐S‐transferases (GSTs) catalyse the
conjugation of electrophilic compounds (or phase I metabolites) with glutathione
(GSH) and are one of the main enzymes involved in xenobiotic phase II metabolism.
In some field studies, significant alterations have been observed on the effect of PAHs
and halogenated xenobiotics on fish hepatic GST activity (Vigano et al., 1995; Van der
Oost et al., 2003). Catalases (CATs) are hematin‐containing enzymes that facilitate the
removal of hydrogen peroxide (H2O2), which is metabolized to molecular oxygen (O2)
and water. Glutathione reductase (GR) activity maintains the homeostasis of reduced
(GSH) and oxidized (GSSG) glutathione under oxidative stress conditions (Winston
and Di Giulio, 1991). The genotoxic effects in fish that dwell on bottoms contaminated
by PAHs have also been examined in several field studies (Pietrapiana et al., 2002;
Van der Oost et al., 2003).
Until the Prestige oil spill (POS), no studies using biomarkers of contaminant
exposure or effects in fish had been made in the northern Iberian shelf. The aims of
this study were first to investigate a set of biomarkers in fish after the POS to assess
toxicological damage, and second to explore the applicability of the selected
biomarkers in Lepidorhombus boscii (four‐spot megrim) and Callionymus lyra (dragonet)
in future biomonitoring programmes along the northern Iberian shelf.
The choice of L. boscii and C. lyra as target species was based on monitoring
criteria including their wide distribution, close contact with sediment and relative
abundance in catches. Previous studies carried out off the French Atlantic coast and
in the North Sea have shown the suitability of several flatfish species, such as Limanda
limanda, Platichthys flesus and Callionymus lyra as target species (Galgani et al., 1991;
Burgeot and Galgani, 1994; OSPAR, 2003). However, except for C. lyra, none of the
three benthic flatfish species mentioned occur in sufficient abundance on the northern
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Iberian shelf. C. lyra dwells on sandy bottoms, at depths less than 150 m (Sánchez et
al., 2002), and is a common species on the Galician and Cantabrian shelf. L. boscii is a
flatfish of high commercial value in Spain and it is widely distributed along the
northern Iberian shelf. It dwells on muddy bottoms on the middle and outer shelf at
depths of 100–300 m and it has low migratory capacity (Sánchez et al., 1998). Previous
studies carried out in the NW Mediterranean Sea have demonstrated that L. boscii is a
very sensitive species to PAH exposure (Pietrapiana et al., 2002). The simultaneous
use of both species allowed us to obtain information from different shelf
environments since C. lyra can be considered representative for the inner shelf (70–
120 m) whereas L. boscii represents the middle and outer shelf (120–350 m).

2. Material and methods
2.1. Sampling procedure
Fish sampling along the northern Iberian shelf was performed within the
framework of a multidisciplinary survey which took place between April 15 and May
2, 2003 (Sánchez et al., 2006). For the purpose of our study the continental shelf was
divided into seven geographical areas: Galicia S, Finisterre, Galicia N, Asturias W,
Asturias E, Cantabria and Basque Country and a total of 39 stations were sampled
(Fig. 1). In order to collect individuals of the target species a set of sampling stations
was fixed in each area.
The aim was to collect for each species a random sample of between 10 and 20
individuals of each sex per station as recommended by OSPAR (2003). This aim was
only partially achieved due to scarcity of fish at some areas. Specimens were caught
by 30 min bottom trawls (baca 44/60 otter trawl gear).

Figure 1. Map of the seven study areas sampled in April 2003 along the northern
Iberian shelf and the sampling stations of L. boscii and C. lyra.
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The fish were killed by severing their spinal cord, and afterwards sexed and
weighed. The length of the individuals was recorded and the liver removed. The liver
samples were stored in liquid nitrogen until further analyses. To reduce the possible
effect of fish size and reproductive status on biomarker responses (OSPAR, 2003) L.
boscii specimens were randomly sampled within the size range of 18–20 cm (age class
2) and the C. lyra specimens in the range of 19–21 cm (age class 2), consisted only of
non‐mature specimens. During the survey, the quantity and distribution of
macroscopic heavy oil residues on the bottom shelf was quantified at each sampling
station using a 3.5 m beam‐trawl gear, originally designed to sample of benthic
communities in deep areas (Serrano et al., 2006). The beam trawls lasted for 15 min
with a mean speed of 2.5 knots. The mean area wept at each sampling station was
3307 ± 192 m2. Taking into account the chronic pollution shown by PAHs in shelf
sediments (OSPAR, 2000; IEO, 2003; Franco et al., 2006) and the presence of tar
aggregates because of the POS on the bottom shelf in winter 2002 we assumed that
Finisterre was the area of the greatest impact by the POS, followed by Galicia N and
Basque Country and one of lesser impact, namely Asturias W.
2.2. Enzymatic biomarkers
Ethoxyresorufin‐O‐deethylase (EROD), gluthatione‐S‐transferase (GST),
glutathione reductase (GR) and catalase (CAT) activities were assayed in both species
from all sampling stations. Microsomes were prepared according to Förlin and
Andersson (1985). All steps in microsome preparations were performed at 4 ºC. In
brief, the livers were immersed in ice‐cooled KCl buffer and then homogenized in 0.1
M phosphate buffer, pH 7.4, containing 1 mM dithiothreitol, 1 mM EDTA and 150
mM KCl, 25% w/v. Homogenates were centrifuged at 10,000g for 20 min and the
resulting supernatant was centrifuged at 100,000g for 60 min. The supernatant,
containing cytosol, was stored at ‐80 ºC. The microsomal pellet was resuspended (1:1
liver w/v) in Tris–HCl buffer pH 7.4, containing 1 mM DTT, 0.1 mM EDTA and 20%
glycerol. Resuspended microsomes were stored at ‐80 ºC for subsequent assays.
EROD activity was assayed in microsomes according to the method of Eggens and
Galgani (1992), a modified version of the fluorimetric method described by Burke and
Mayer (1974), adapted to a microplate reader. Final concentrations in the well (350 μl)
were 100 mM phosphate buffer pH 7.4, 2 μM 7‐ethoxyresorufin and 0.25 mM
NADPH. The progressive increase in fluorescence was monitored (excitation
wavelength 535, emission wavelength 585).
GST and antioxidant activities (GR and CAT) were measured
spectrophotometrically in the cytosolic fraction. GST activity was determined
according to Habig et al. (1974) by following the conjugation of reduced glutathione
with 1‐chloro‐2,4‐dinitrobenzene at 340 nm (extinction coefficient: Є = 9.6 mM‐1 cm‐1).
GR was measured according to Ramos‐Martínez et al. (1983) by following the
decrease in absorbance at 340 nm (Є = 6.22 mM‐1 cm‐1) due to the oxidation of
NADPH. The following cuvette concentrations were used: 100 mM Na–phosphate
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buffer pH 7.1 mM GSSG and 60 μM NADPH. CAT activity was measured according
to Livingstone et al. (1992), by the decrease in absorbance at 240 nm due to H2O2
consumption (extinction coefficient: Є = 0.04 mM‐1 cm‐1). Final concentrations in the
cuvette were 50 mM Na–phosphate buffer pH 7 and 50 mM H2O2. All these
enzymatic assays were performed at an incubation temperature of 25 ºC and the
enzymatic activities were normalized to either microsomal or cytosolic protein
content, analysed by using the method described by Lowry et al. (1951) with bovine
serum albumin as standard.
2.3. DNA integrity
DNA integrity was established in terms of single‐strand breaks or labile sites
in alkali, using the alkaline elution method (Kohn et al., 1981) with minor
modifications for hepatic tissue, as described in the manual for the biomarkers
recommended for the MEDPOL biomonitoring programme (UNEP/RAMOGE, 1999).
DNA single strand breaks or weak points in the alkali are identified by measuring the
rate at which single‐strand DNA passes through a membrane filter of known porosity
under alkaline denaturing conditions. Filter holders with 0.22 μm pore size filters
(GVWP, 25 mm diameter, Millipore Corp., USA) were used. The eluted DNA and
that remaining on the filter were measured according to Stout and Becker (1982),
using bisbenzimide (Hoeschst, Germany) as fluorescent stain. Fluorescence was read
at 450 nm with an excitation of 360 nm using a spectrofluorometer. The results are
expressed as the elution rate constant ‘‘k’’ (mL‐1) = ‘‐ln(y)/v, where ‘‘y’’ is the fraction
of DNA retained on the filter after the elution of the volume ‘‘v’’. When an increase of
single‐strand breaks in the DNA of liver cells occurs, high values of the elution rate
constant (k) are expected and indicate a lower DNA integrity. Due to limited
available tissue (the same livers were also used for other analyses), the assessment of
the DNA integrity in L. boscii could only be carried out at 15 sampling stations (Nos.
2, 14, 17, 24, 26, 36, 53, 74, 80, 83, 95, 104, 109, 110 and 116) and in the case of C. lyra at
7 stations (Nos. 10, 23, 59, 60, 66, 96 and 107) (Fig. 1).
2.4. Statistical analyses
Data were ln‐transformed and their normality evaluated by the Shapiro–Wilk
test. Sample sizes were too small in this study to allow a sex‐specific analysis. To test
differences among the mean values, one‐way ANOVAs were carried out with the
pooled data for the two sexes of each biomarker in both species, using the
geographical area as a fixed factor. Because the requirement of equality of group
variances was not fulfilled in all the considered groups (Levene’s test) and because
the sampling effort was unequal within the sampling areas, the ANOVA were
applied using a significance level of " = 0.01 (Pietrapiana et al., 2002). When
significant differences were detected the Tukey’s b test was applied for a pair‐wise
comparison. Correlation analyses were performed using standardized data of the
sampling stations in order to test the influence of sampling depth on enzymatic
responses. Using standardized mean data from different areas, correlation analyses
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(Pearson correlation coefficient) were applied to test relationships between biological
responses and fuel oil deposits. The significance level used was " = 0.05 (Sokal and
Rohlf, 1981). The analyses were carried out using the SPSS statistical package (SPSS
v.11.0.).

3. Results and discussion
3.1. Fuel oil on the bottom shelf
The presence of tar aggregates on the bottom sediments of the continental
shelf provided an estimation of the degree of the impact of the POS and contributed
to a better definition of the oiled and non‐oiled areas. Mean tar aggregate densities (at
each sampling stations) in the different areas are shown in Tables 1 and 3.
Macroscopic heavy oil residues were found at 50% of the sampling stations where
they appeared as tar aggregates with diameters ranging from 2 to 12 cm, smaller than
those observed in previous surveys (Serrano et al., 2006). Maximum concentrations
were found at depths between 120 and 200 m in Finisterre, followed by Galicia N and
sampling station number 116 in the Basque Country (89.33 kg km‐2). Except for the
station number 15 (0.36 kg km‐2) tar aggregates were not found at any sampling
station in Galicia S and Asturias W. The chromatographic analysis of these oil
residues evidenced they were all originated by the POS (Albaigés, personal
communication).
3.2. Biomarkers in L. boscii
The results of EROD, GST, GR and CAT enzymatic activities and DNA
integrity in L. boscii specimens of different genders are presented in Table 1. No
apparent differences between the sexes could be found in biomarker responses in the
different areas. The differences between areas were tested by using the data gathered
from each biomarker in both sexes (one‐way ANOVAs) and the results are displayed
in Table 2. EROD activity showed significant differences between specimens collected
from different areas (p = 0.000). Significantly higher values were observed in
specimens from Cantabria and Asturias E (50.3 and 47.8 pmol min‐1 mg prot‐1,
respectively) than in those from Galicia S, Finisterre and the Basque Country (24.4,
24.3 and 27.6 pmol min‐1 mg prot‐1, respectively). Two significant homogeneous
subsets were established (p = 0.01) (Fig. 2).
For GST activities, significant differences between areas were also found,
which could be divided into two homogeneous subsets of significance (p = 0.002) (Fig.
2). These differences were found in the most impacted area, Finisterre (147.6 nmol
min‐1 mg prot‐1), in comparison with those measured in the Basque Country and
Asturias W (92.6 and 103.2 nmol min‐1 mg prot‐1, respectively).
Important differences in antioxidant enzyme activities (GR and CAT)
between areas were also found and once again, two homogeneous subsets of
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significance (p = 0.000) were established (Fig. 2). GR activity was significantly higher
in Finisterre area (16.6 nmol min‐1 mg prot‐1) than in Asturias W, Cantabria and
Asturias E (10.0, 10.8 and 11.32 nmol min‐1 mg prot‐1, respectively). Similarly, CAT
values were significantly higher in Finisterre (0.426 mmol min‐1 mg prot‐1) than in
Asturias W and Galicia S areas (0.278 and 0.290 mmol min‐1 mg prot‐1, respectively).
Results concerning DNA integrity in L. boscii did not show any significant differences
between areas (k = 0.101) (Fig. 2). The higher values of the elution constant were
found in Asturias E.
Table 1. Mean biomarkers values and Standard Error (SE) for male and female L.
boscii at each area in April 2003. The mean densities and SE of the POS‐associated tar
aggregates are also given. Sampling size is given in parentheses.
Area

Fuela

Sex

ERODb ±
S.E.
Galicia S. 0.09 ± 0.098 (4) Male 21.2 ± 3.3
(8)
Female 26.7 ± 4.8
(11)
Finisterre 80.10 ± 38.10 (6) Male

19.9 ± 1.8
(18)
Female 28.9 ± 4.0
(17)

Galicia N. 10.61 ±7.53 (6)

AsturiasW.

0.0 ± 0.0 (4)

Male

35.1 ± 3.8
(22)
Female 29.0 ± 3.5
(17)
35.5 ± 7.6
(13)
Female 24.7 ± 4.1
(11)

GSTc± S.E.

GRd ± S.E.

CATd ± S.E

Ke ± S.E.

139.8 ± 23.7
(9)
101.2 ± 15.1
(13)

12.1 ± 1.2
(9)
13.2 ± 2.4
(13)

0.37 ± 0.06
(9)
0.36 ± 0.05
(13)

0.11 ± 0.05
(3)
0.08 ± 0.03
(4)

151.5 ± 7.7
(18)
143.5 ± 15.46
(17)

17.8± 1.5
(18)
15.3 ± 1.3
(17)

0.57 ± 0.04
(18)
0.53 ± 0.06
(17)

0.08 ± 0.01
(12)
0.10 ± 0.02
(6)

0.40 ± 0.04
(25)
0.36 ± 0.04
(17)

0.10 ±0.01
(8)
0.07 ± 0.01 (4)

143.8 ± 8.4
14.1 ± 0.9
(25)
(25)
106.8 ± 9.2 (17) 14.0 ± 1.8 (17)

Male

105.7 ± 15.0
(13)
100.2 ± 14.1
(11)

9.8 ± 0.9
(13)
10.4 ± 0.7
(11)

0.30 ± 0.03
(13)
0.36 ± 0.04
(11)

0.09 ± 0.01
(8)
0.07 ± 0.01
(4)

Asturias E. 11.11 ± 6.86 (4) Male

129.9 ± 10.6
(13)
111.2 ± 9.3
(12)

10.8 ± 1.0
(13)
11.8 ± 1.6
(12)

0.33 ± 0.03
(13)
0.44 ± 0.04
(12)

0.09 ± 0.01
(9)
0.13 ± 0.04
(3)

Cantabria 1.42 ± 0.91 (4)

Male

126.9 ± 8.8
(12)
104.2 ± 7.7
(10)

10.8 ± 0.8
(12)
10.6 ± 1.4
(10)

0.39 ± 0.03
(12)
0.46 ± 0.08
(10)

0.07
(1)
0.09 ± 0.04
(15)

Male

25.8 ± 2.4
86.4 ± 11.3
(7)
(8)
d mmol min‐1 mg protein‐1
e elution rate constant

16.7 ± 2.7
(8)

0.42 ± 0.04
(8)

0.07 ± 0.01
(3)

41.8 ± 4.6
(13)
Female 54.4 ± 8.6
(12)

Basque C. 45.419 ± 43.91
(2)
a kg km‐2
b pmol min‐1 mg protein‐1
c nmol min‐1 mg protein‐1

56.5 ± 10.8
(12)
Female 42.0 ± 7.1
(9)
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One of the key findings in this study was the significant positive correlations
between GR activities and tar aggregate data (R = 0.869; p = 0.011) and between CAT
activities and tar aggregate data (R = 0.814; p = 0.026) (Fig. 3). No significant
correlations were detected between the biomarker responses and the depths of the
sampling stations (data not shown).
Table 2. Differences of the biomarker responses of demersal fish L. boscii and C. lyra
between geographical areas in April 2003.
One‐way ANOVA
Significance level = 0.01
EROD activity

GST activity

CAT actitivy

GR activity

DNA Integrity

Fa

Sig

Fa

Sig

Fa

Sig

Fa

Sig

Fa

Sig

L. boscii

6.207

0.000*

0.151

0.000*

0.073

0.000*

0.739

0.000*

0.301

0.934

C. lyra

1.704

0.161

0.541

0.707

0.600

0.664

0.669

0.616

2.825

0.053

a
*

Ratio of two mean squares
significance level < 0.01

3.3. Biomarkers in C. lyra
The results of EROD, GST, GR and CAT activities and DNA integrity (k) in C.
lyra in male and female fish are presented in Table 3 and Fig. 4. Similar to L. boscii, no
apparent differences between the sexes could be found in biomarker responses in the
different areas. The results of the one‐way ANOVAs using the combined data for the
two sexes are given in Table 2. The biomarker data obtained from Cantabria were
excluded due to the low sample size obtained in this area (n = 4).
Differences in EROD activities were found when data from Finisterre (200.3
pmol min‐1 mg prot‐1), considered the most heavily impacted area, were compared
with those from Asturias E (54.3 pmol min‐1 mg prot‐1). However, they were not
statistically significant (p = 0.161). The highest mean GST activity was found in
Galicia N (181.6 nmol min‐1 mg prot‐1), which was considered as the second most
impacted area by the POS, and the lowest in Asturias W (151.1 nmol min‐1 mg prot‐1)
although once again, they were not statistically significant (p = 0.706). CAT and GR
activities did not present any differences which can be associated with the POS. The
highest mean GR activity was measured in Asturias W (23.7 ± 2.0 nmol min‐1 mg prot‐
1) followed by Galicia N (23.6 ± 2.3 nmol min‐1 mg prot‐1), while the highest CAT
activities were observed in Asturias E (6.1 ± 1.1 mmol min‐1 mg prot‐1) followed by
Galicia N (6.0 ± 1.0 mmol min‐1 mg prot‐1).
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Figure 2. EROD, GST, GR and CAT activities and DNA damage values in the liver of
L. boscii. Values are expressed as mean  standard error. Sampling size: n=24 (Galicia
S, Asturias W, Asturias E, and Cantabria), n=36 (Finisterre and Galicia N) and n=12
(Basque Country). Homogeneous subsets for significance level = 0.01 are indicated by
small letter (Turkey’s b test).

The assessment of genotoxic damage in C. lyra was conducted only in four
geographical areas. Similar to GST activity, the lowest DNA integrity was found in
Galicia N (k = 0.118) and the highest in Asturias W (k = 0.070). However, such
differences were not statistically significant. When the tar aggregates derived from
the POS and biomarker data were studied no significant relationship could be
established.
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Figure 3. Relationship between antioxidant responses in the liver of L. boscii and tar
aggregates concentrations on bottom shelf. (R =Pearson’s Correlation
Coefficient).Values are expressed as mean  standard error by geographical areas.
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Figure 4. EROD, GST, GR and CAT activities and DNA damage values in the liver of
C. Lyra. Values are expressed as mean  standard error. Sampling size: n=12 (Galicia
S, Galicia N, Asturias W, and Asturias E); n=18 (Finisterre) and n=6 (Cantabria).
3.4. Ecotoxicity assessment
The Quality Status Report for Region IV of the North‐ East Atlantic (OSPAR,
2000) and recent studies (IEO, 2003; Franco et al., 2006) show that the concentrations
of heavy metals, PAHs and organochlorinated compounds in the sediments of the
northern Iberian shelf are relatively low in the offshore shelf but show clearly higher
values in certain hot spots of the inner shelf, especially in southern Galicia,
Pontevedra estuary, A Coruña, Gijón, Bilbao and San Sebastián (Fig. 1). In general,
the concentrations are higher on the Cantabrian than on the Galician shelf due to
greater anthropogenic pressure. All these results indicate the existence of chronic
pollution in sediments prior to the POS in certain zones of the shelf that must be
taken into consideration when interpreting the present results.
EROD activity showed clear spatial variation in both species, which represent
different shelf environments (Fig. 4). Generally, inter‐species variations were
observed for all enzymatic activities examined, especially EROD activity. Mean
EROD activity in L. boscii was two‐fold higher in Cantabria and Asturias E than in
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Galicia S and Finisterre, the last one being presumably the area with the greatest
impact by the POS. However, regarding C. lyra, the mean EROD activity was fourfold
higher in Finisterre than in Asturias E and Cantabria areas, although the differences
were not significant, partly due to small sample sizes. In most of the studies described
in the literature (Eggens et al., 1996; Kirby et al., 1999; Jewett et al., 2002) the degree of
enzyme induction was assessed by comparing the biomarker levels with those
observed in reference areas or in a control group.
Table 3. Mean biomarkers values and Standard Error (SE) for male and female C. lyra
at each area in April 2003. The mean densities and SE of the POS‐associated tar
aggregates are also given. Sampling size is given in parentheses.
Area

Fuela

Sex

Galicia S.

0.0 ± 0.0 (2)

Male
Female

Finisterre

0.1 ± 0.1 (3)

Male
Female

Galicia N. 17.6 ± 14.1 (2)

Male
Female

Asturias
W.

0.0 ± 0.0 (2)

Male
Female

Asturias
E.

2.6 ± 2.6 (2)

Male
Female

Cantabria

7.3 (1)

Male
Female

kg km‐2
pmol min‐1 mg protein‐1
c nmol min‐1 mg protein‐1
a

b

ERODb ± S.E.

GSTc± S.E.

GRd ± S.E.

CATd ± S.E

190.6 ± 37.3
197.7 ± 13.2
(5)
(5)
93.8 ± 39.7
161.6 ± 23.8
(6)
(6)
289.4 ± 126.3
149.0 ± 22.5
(8)
(9)
111.2 ± 32.4
158.4 ± 15.9
(8)
(8)
164.6 ± 52.2
234.0 ± 40.4
(6)
(6)
63.9 ± 9.2
129.2 ± 13.0
(6)
(6)
173.6 ± 28.6
157.6 ± 23.1
(10)
(10)
53.2 ± 20.2
118.6 ± 12.2
(2)
(2)
63.8 ± 8.7
183.6 ± 28.7
(9)
(9)
25.7 ± 3.0
134.0 ± 6.6
(3)
(3)
39.5 ± 6.6
116.5 ± 35.2
(2)
(2)
57.3 ± 28.8
112.5 ± 0.8
(2)
(3)
d mmol min‐1 mg protein‐1
e elution rate constant

20.9 ± 1.8
(5)
18.0 ± 2.1
(6)
22.5 ± 2.8
(9)
22.7 ± 3.6
(8)
27.8 ± 3.6
(6)
19.3 ± 1.4
(6)
23.9 ± 2.4
(10)
22.7 ± 0.3
(2)
22.9 ± 1.4
(9)
20.0 ± 4.9
(3)
24.2 ± 5.2
(2)
16.4 ± 2.8
(3)

6.60 ± 0.57
(5)
3.53 ± 0.95
(6)
6.94 ± 0.68
(9)
4.62 ± 0.76
(8)
7.99 ± 1.52
(6)
4.00 ± 0.64
(6)
4.54 ± 0.58
(10)
3.66 ± 0.81
(2)
6.95 ± 1.28
(9)
3.61 ± 1.20
(3)
5.77 ± 0.82
(2)
3.74 ± 1.14
(3)

Ke ± S.E.

0.08 ± 0.01
(7)
0.09 ± 0.02
(5)
0.08 ± 0.04
(3)
0.13 ± 0.01
(8)
0.07 ± 0.01
(6)

0.10 ± 0.01
(8)
0.11
(1)

In our study we could not consider any area as a reference a priori
due to the wide dispersion of the POS along the continental shelf and coast.
There was the possibility that the whole continental shelf area could have been
impacted. In studies carried out using C. lyra in the Seine Bay, one of the most
polluted areas of the French Atlantic coast, EROD values between 2 and 16 times
higher than those detected in specimens from a reference area were recorded
(Galgani et al., 1991; Burgeot et al., 1993; Burgeot and Galgani, 1994). In our study the
maximum EROD value found in this species was 12 times the minimum. Data on
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EROD measurements in L. boscii are not available in the literature, but activities
between 3 and 10 times the minimum value measured here have been recorded for
other flatfish species experimentally exposed to PAHs (Peters et al., 1992; Vethaak et
al., 1996) as well as in field studies along pollution gradients (Stagg et al., 1995; Kirby
et al., 1999; Jewett et al., 2002).
In March 2003, total hydrocarbon concentrations in the water column were
higher on the eastern Cantabrian shelf than on the Galician shelf, which seems to
correspond with the oil trajectories and the later arrival of the spilled fuel‐oil to this
area (González et al., 2006). However, the impact of terrestrial input sources close to
some of the coastal stations and the prevailing chronic pollution on the Cantabrian
shelf cannot be underestimated. All these findings may explain the high values of
EROD activity observed in L. boscii in Asturias E and Cantabria compared to
Finisterre or Galicia N.
Although increased GST activities have only been observed in a limited
number of fish species, its use as biomarker of exposure to organic xenobiotics has
been tested in several laboratory and field studies (reviewed by Van der Oost et al.,
2003). In our study, GST enzymatic activities were less variable than that of EROD
among the areas. It is noteworthy that highest mean GST activities in both species
were also found in Finisterre and Galicia N, the greater impact areas by the POS.
Increases in hepatic CAT activity values have been observed in numerous
field studies and in fish exposed to PAH‐containing sediments. However, other
laboratory studies reported no significant responses after exposure to organic
environmental pollutants (all these studies reviewed by Van der Oost et al., 2003).
Regarding GR activity, various laboratory studies have reported induction of hepatic
activity in fish exposed to a variety of organic pollutants, including PAHs and
halogenated xenobiotics (Rodríguez‐Ariza et al., 1993; Van der Oost et al., 2003). In
our study, CAT activity values were one order of magnitude higher in C. lyra than in
L. boscii. And significantly higher values of the GR and CAT activities were detected
in Finisterre, but only in L. boscii. The high values of GST, GR and CAT activities
found in L. boscii in the greater impact areas of the POS (Finisterre and Galicia N) are
in conflict with the low pollutant concentrations measured in offshore sediments
(from the mid and outer continental shelf). Therefore, these results indicate an
increase in oxidative stress in L. boscii associated with the spillage. This is supported
by the significant positive linear correlations found between antioxidant activities in
L. boscii and tar aggregate data. However, we should be careful when interpreting the
significance of this observation. The uptake of most organic xenobiotics directly from
water, as demonstrated in a wide variety of marine organisms, takes place by means
of a passive diffusion process through semipermeable membranes such as gills, or
through the skin. Another important way in which these pollutants may enter the fish
involves the absorption of lipophilic compounds from sediments and foodstuffs
trough the stomach‐ gut membrane (Spacie and Hamelink, 1985).
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During this survey, no fuel remains were found in the stomachs of the species
studied nor were the specimens stained by oil. Nevertheless, the hypothesis of oil
being carried to the bottom of the continental shelf by means of sea‐snow after the
POS is supported by the fact that small fuel drops were observed on individuals as
well as on suprabenthic nets during the sampling of benthic communities in the same
survey (Frutos and Parra, 2004), and by the oil found in the exoskeleton and in the
gut of several zooplankton species (Varela et al., 2006). Although tar aggregates do
not represent the bioavailable fraction of PAHs for fish, their quantities and
distribution on the bottom shelf can be regarded as an indicator of the relative
magnitude of exposure of fish to bioavailable compounds derived from the POS in
the different areas.
In general, low integrity of DNA is associated with unfavorable
environmental conditions and/or with the physiological status of organisms
(Everaarts, 1995). In our study, evidence for a decreased DNA integrity was found in
C. lyra specimens collected from Galicia N area but high values of the elution constant
(k) were also found in Asturias E in both species. Though clear differences in DNA
integrity between areas were found, the low number of individual fish analysed for
most stations does not permit a useful comparison between areas.
The unambiguous biomarker responses observed in L. boscii (EROD and GST
activities) and in C. lyra (CAT and GST activities) in Cantabria and Asturias E areas
seem to be more associated to the chronic pollution on this part of the continental
shelf rather than to the POS. In the Basque Country area, where high quantities of tar
aggregates deriving from the POS were also found, the results were not
straightforward, partly due to the total absence of C. lyra in this area. GR and CAT
activities measured in L. boscii collected from the Basque Country area implied an
antioxidant response comparable with that observed in Galicia N, but the levels of
EROD and GST were lower. The Basque Country area is one of the most polluted
areas of the Cantabrian shelf. It is therefore likely that chronic metallic and organic
pollution previously present in this area may be interacting with the
biotransformation enzymes (Gallagher and Di Giulio, 1989; Lemaire‐Gony et al.,
1995).

4. Conclusion
In conclusion, the selection of biomarkers applied in two benthic fish species
allowed us to identify different biological responses between geographical areas of
the northern Iberian shelf. The study showed that fish biomarker responses from
Finisterre, Galicia North, Asturias East and Cantabria areas were generally higher
than those from Asturias W offshore. The results showed that C. lyra and L. boscii can
be considered as promising target species to be used in biomonitoring programmes
along the northern Iberian shelf. However, the use of C. lyra was compromised in this
study by its low abundance in the catches. These findings suggest that the observed
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increase in oxidative stress in L. boscii may be the result of exposure to hydrocarbons
from the spilled oil. However, the lack of pre‐POS biomarker data and the chronic
pollution existing along the shelf do not allow us to attribute the biomarker responses
observed in fish populations directly and/or exclusively to the POS. Further research
is required to establish the significance of these findings and to fully determine the
potential effect that POS and chronic contaminant exposure are causing on the shelf
ecosystems.
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Abstract
A previous study using a suite of hepatic enzymatic biomarker in two
demersal fish species (Lepidorhombus boscii and Callionymus lyra) indicated exposure of
the fish to the hydrocarbons in the oil spilled by the Prestige five months after the
accident. The main objective of this follow‐up study is to determine whether the same
biomarkers in both fish species show any significant variations in responses over the
years following the Prestige oil spill. Detoxification and antioxidant enzyme
measurements – of ethoxyresorufin‐O‐deethylase (EROD), glutathione‐S‐transferase
(GST), glutathione reductase (GR) and catalase (CAT) – were taken from immature
specimens. The results show significant lowering of biomarker activity two and three‐
years after the oil spill, indicating a decreasing level of exposure of the fish to residual
hydrocarbons associated with the spillage (p < 0.01) and a recovery to baseline levels
existing before the accident. Overall, spatial biomarker patterns over time are in
agreement with the oil slick trajectories and the spatial distribution of tar aggregates
found on the bottom shelf after the accident. The results also indicate that the Prestige
oil spill had an impact on sublethal responses in fish not only in inshore areas, but
also in offshore areas along the middle/outer northern Iberian shelf. In both species,
EROD activity was found to be the most discriminating biomarker.

1. Introduction
Compared to the oil spills that Spain has faced in the past, the Prestige oil spill
can be considered exceptional because of its spatial and temporal magnitude. After a
spillage of about 20 000 tonnes, the tanker was wrecked 240 km off the Galician coast
(NW Spain) at a depth of 3600 m (November 2002). Some of the fuel oil that remained
in the tanker continued to ooze until summer 2003, causing an additional spill of
about 40 000 tonnes. The oil reached the Galician coast, which was severely affected,
and currents carried it further in a NE direction, affecting the rest of northern Iberian
shelf and Cantabrian coastline in different ways. After partial recovery operations
that took place between summer 2004 and spring 2005, evidence of new oil slicks,
deriving from the tanker in area where it had sunk, came to light in autumn 2006
(Rosell‐ Melé et al., 2007). Consequently, variable quantities of fuel oil continued to be
gradually spilled over a long period, potentially affecting the entire northern Iberian
coastal and continental shelf ecosystems. The composition of the Prestige oil has been
well described in Alzaga et al. (2004). Briefly, it consisted of a heavy fuel oil (M‐100)
with a low presence of high molecular weight polycyclic aromatic hydrocarbons
(PAHs). Petroleum‐related hydrocarbons in the marine environment cause great
concern due to their persistence in sediments and their toxicity, and particularly
because some compounds like PAHs (and their metabolites) have mutagenic,
carcinogenic potential and other cytotoxic properties (e.g. IARC, 1989). Most
exposure studies conducted under laboratory conditions have been unable to provide
evidence of the toxicity of Prestige oil‐related compounds to marine organisms
(Franco et al., 2006; Navas et al., 2006; Solé et al., 2008). This may be due to the low
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dissolved PAH concentrations obtained from Prestige crude in the experiments.
During last few decades, the chronic (sublethal) biological effects resulting from the
persistence of medium and high molecular weight aromatic hydrocarbons and
heterocyclic compounds and their degradation products in sediments have received
increasing attention (NRC, 2003). The induction of detoxification and antioxidant
enzymes in fish have been commonly used as an early warning indicators of chemical
exposure to chemicals, including petroleum‐ related hydrocarbons (e.g. Jewett et al.,
2002; Hylland et al., 2006; Kopecka et al., 2006). The value and application of this type
of biomarker in monitoring and assessment studies are described and discussed in
detail by Van der Oost et al. (2003).
In a previous study we reported on a suite of enzymatic biomarker responses
in liver tissue from two representative demersal fish species (Lepidorhombus boscii and
Callionymus lyra) from the northern Iberian shelf carried out five months after the
Prestige accident (Martínez‐Gómez et al., 2006). The biomarkers assayed were
detoxification enzymes related to organic xenobiotic biotransformation phase I
system (ethoxyresorufin‐O‐deethylase (EROD)), the conjugation and excretion phase
II (gluthatione‐ S‐transferase (GST)), and two antioxidant enzymes (glutathione
reductase (GR) and catalase (CAT)) related to the defence system against oxidative
stress in cells. This first enzymatic biomarker assessment indicated that the fish had
been exposed to the hydrocarbons from the Prestige oil spill. However, the impact
analysis was limited as only one point in time was sampled and no pre‐spill data
were available.
Furthermore, it was shown that C. lyra and L. boscii can be considered suitable
target species for biomonitoring programmes along the northern Iberian shelf
(Martínez‐Gómez et al., 2006). The present paper is a follow‐ up study and describes
the results of three consecutive years of annual biomonitoring, using the same
biomarkers in both fish species. The main objective of the study was to determine
whether biomarker responses show any significant variations over the three‐years
following the Prestige oil spill. In addition, we investigated spatial variations in
enzyme responses prevailing in different areas and environments of the northern
Iberian shelf in both fish species, on which there is only limited previous data, if at all.
Since natural variations in biomarker responses can be influenced by both
environmental and biological factors such as sex, seasonal reproductive status and
temperature (Thain et al., 2008), we also examined the effect of these potential
confounding factors on biomarker responses in order to facilitate temporal and
spatial comparisons.

2. Material and methods
2.1. Sampling procedure
The choice of fish species in this study, viz. four‐spot megrim (L. boscii) and
dragonet (C. lyra), was based on monitoring criteria requirements (see Martínez‐
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Gómez et al., 2006). Both demersal species show complementary spatial distribution
patterns along the northern Iberian shelf: L. boscii lives mainly in the middle and
outer shelf (120–500 m), whereas C. lyra lives in the inner northern Iberian shelf (<120
m). C. lyra feeds essentially on benthic invertebrates, worms and crustaceans (Davis,
1966; Johnson, 1973). L. Boscii mainly feed on detritivorous crustaceans, but also on
nekton and zooplankton (Olaso and Rodríguez‐ Marín, 1995), thus occupying a
higher trophic level than C. lyra.
Surveys were conducted between September 15 and October 15 in 2003, 2004
and 2005, in order to avoid any influence of spawning activity, which in the case of L.
boscii occurs mainly in March along the northern Iberian shelf and from March to
August in C. lyra (Pérez, N., personal communication). As in a previous study
(Martínez‐Gómez et al., 2006), the Iberian shelf was divided into seven different areas
(Fig. 1). Given the trajectories of drifter released over the oil slicks (Caballero et al.,
2008) and tar aggregates found in winter 2002, spring 2003 and winter 2003 on the
marine bottom in parts of the Galician and Cantabrian continental shelf (Sánchez et
al., 2006), we considered Finisterre, Galicia N, Cantabria and Basque Country as the
areas potentially most contaminated by the oil spill on the continental shelf. Asturias
W was considered to be less affected by the oil spill and also subject to minimal
influence from human and industrial activity on the northern Iberian shelf (OSPAR,
2000).

Figure 1. Map of the seven study areas along the northern Iberian shelf sampled in
autumn 2003, 2004 and 2005.
Fish were collected by conducting random 30‐min bottom trawls (baca 44/60
otter trawl gear) in each area. Only immature specimens with translucent ovaries and
no visible oocytes or with string‐like and translucent testes were selected, in
accordance with international guidelines (ICES, 2007). Specimens were sampled
within a dependent size range: L. boscii was sampled within the size range of 18–22
cm (representing age class 2–3) and C. lyra was within the size range of 15–22 cm
(generally representing age class 2) (Chang, 1951; Fuertes, 1978). The fish were length
measured and sexed on board and the livers removed and stored in liquid nitrogen
until analysis. The target sample size for each species was set at a minimum random
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sample of 12 individuals of each sex per area/occasion as proposed by JAMP (2003).
Water bottom temperature and salinity were registered at the centre of the fixed co‐
ordinates of each haul using a conductivity‐ temperature‐ depth recorder (CTD, SBE
25).
2.2. Biomarker analysis
EROD, GST, GR and CAT activity in liver cells were individually assayed in
both fish species. Sample homogenization and microsome preparation were
performed according to the procedure described in Martínez‐Gómez et al. (2006),
with minor modifications during the subcellular fractionation. Firstly, samples were
centrifuged for 15 min at 600 xg to obtain lipid‐free homogenate. The homogenate
was centrifuged for 15 min at 13,000g and then the resulting supernatant was
centrifuged for 90 min at 100,000g. All enzymatic activity was assayed and
normalized to either microsomal or cytosolic protein content following the
methodology described in Martínez‐Gómez et al. (2006), using both GR and GST
techniques adapted to a microplate reader.
2.3. Statistical analysis
Statistical analysis was carried out using the SPSS statistical package (SPSS v.
15.0). Data were log‐transformed to ensure normal distribution and to improve
variance homogeneity. Prior to parametric analysis, the homogeneity of variances
was always checked using Levene’s test. The potential influence of sex on biomarker
responses was tested in two different ways because of the unequal amount of data on
specimens of both sexes in each area. In the case of L. boscii, 2‐way ANOVAs, using
“Area” and “Sex” as independent variables, were performed for each biomarker
obtained in 2003 (excluding Galicia S, Finisterre and Cantabria), 2004 (excluding
Galicia S) and 2005 (Sokal and Rohlf, 1981). In both species, sex influence was also
tested within each area every year, using the independent‐ samples t‐test (a = 0.05).
The dataset obtained in April 2003 (Martínez‐Gómez et al., 2006) was also tested.
We first assessed seasonal differences in biomarker responses by comparing
autumn 2003 data (independent‐ samples t‐test; a = 0.05) with those previously
published for April 2003 in the same sampling areas (Martínez‐Gómez et al., 2006).
Only cases where the number of pooled sex specimens was higher than 12 were
included in the analysis.
Year‐on‐year variation in biomarker responses for each area was analyzed by
comparing the results of autumn data for 2003, 2004 and 2005. To evaluate the
temporal data we tested the null hypothesis that the error variance of the dependent
variable was equal across groups (years). When insufficient data were available to
perform parametric analysis (in the case of L. boscii: GST in Galicia N, GST in Asturias
E and CAT in Asturias E; in the case of C. lyra: EROD in Cantabria; CAT in Galicia N),
differences were checked using 1‐way ANOVA (for three‐year data), the
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independent‐ samples t‐test (for two‐year data) or the Kruskall–Wallis test (Sokal and
Rohlf, 1981). If significant differences were detected between years, the Tukey’s b test
or the Tamhane´s T2 test (Tamhane, 1979) was applied for pair‐wise comparison, and
to detect the existence of homogeneous subsets. In a similar way as for year‐on‐year
variations, spatial patterns of biomarker responses along the northern Iberian shelf in
both species and in each year were analyzed using 1‐way ANOVAs and pooled data
(both sexes). In all ANOVA analyses, a setting of a = 0.01, as recommended by
Kingsford (1998), was used to compensate for the increased likelihood of type I error
caused by the unbalanced design of our study.
In addition, principal component analysis (PCA) was performed on a dataset
consisting of the mean values of biomarker responses (GR, CAT, EROD, GST) and
environmental parameters (bottom water temperature and salinity) measured in
autumn 2003, 2004 and 2005 to discriminate between different sites and/or different
sampling periods. A PCA analysis was performed for each species.

3. Results and discussion
3.1. Catch results
The target sample size (12 individuals of each sex) was generally achieved for
L. boscii, except in 3 areas (Galicia S, Finisterre and Cantabria) in 2003 and in Galicia S
in 2004, when insufficient fish could be obtained. Sample sizes for C. lyra in most
areas were however somewhat smaller than desirable. In total 694 L. boscii (401 males
and 293 females) were sampled with a mean length of 20.3 cm [CI = 20.2–20.4 cm])
and 262 C. lyra, (114 males and 148 females) with a mean length of 19.3 cm [CI = 19.1–
19.5 cm]).
Table 1. Results of the sex ratio catches (male‐females) per area obtained during the 3
years bio‐monitoring study.

Callionymus lyra

Year
2003
2004
2005

Galicia S
0‐0
3‐7
6‐1

Lepidorhonbus boscii
2003
2004
2005

4‐8
7‐10
15‐17

Males
Females
Finisterre
0‐0
13‐11
5‐5
Males
Females
15‐9
21‐15
18‐15

N= 114
N= 148
Galicia N
4‐19
7‐10
5‐10
N= 401
N= 293
18‐16
17‐11
18‐18

95 % Confidence Interval for the mean = [19.7‐20.3 cm]
95 % Confidence Interval for the mean = [18.6‐19.0 cm]
Asturias W
3‐4
15‐20
10‐7

Asturias E
4‐1
6‐8
8‐6

Cantabria
10‐10
14‐14
4‐11

Basque C
0‐0
0‐0
0‐1

95 % Confidence Interval for the mean = [20.0‐20.2 cm]
95 % Confidence Interval for the mean = [20.6‐20.8 cm]
20‐10
30‐11
18‐12
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38‐18
15‐15
17‐16

1‐4
24‐10
15‐16

23‐19
46‐24
17‐16
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3.2. Sex, season and temperature as confounding factors
No significant statistical difference in biomarker responses between sexes
were found for either species (t‐test for the mean; p > 0.05), with the exception of L.
boscii and C. lyra in some areas (representing less than 12% of the cases). No
interaction was found between the “Sex” and “Area” factors and biomarker
responses measured in L. boscii (2‐way ANOVA; p > 0.01).
The influence of sex on biomarker response was subsequently disregarded,
therefore, and data on both sexes were combined for the purposes of spatial and
temporal analysis. The influence of season (April 2003 v. September– October 2003)
on biomarker responses in L. boscii was tested in four areas (Finisterre, Galicia N,
Asturias W and Asturias E) and, in the case of C. lyra, in one area (Galicia N). In
Asturias W, EROD activity in L. boscii was significantly higher in April than in
September–October (p < 0.05). Similar seasonal differences in EROD activity were
found for this species in the adjoining Asturias E and Galicia N, though not in
Finisterre (one of the areas assumed to be most impacted by the Prestige oil spill). By
contrast, GST activity in this species showed significantly higher values in
September–October in all four areas tested as compared to April (p < 0.05). CAT and
GR activity in L. boscii were always lower in September–October than in April, with
significant differences (p < 0.05) in several areas (Finisterre, Asturias E and Galicia N).
As regards C. lyra, significant differences were found only for EROD activity, which
showed the opposite pattern to L. boscii, with higher values in September–October
than in April. These findings contrast with the seasonal variation reported in the
literature (Galgani et al., 1991; Bresler et al., 1999; Garbi et al., 2005; Kopecka et al.,
2006; Monteiro et al., 2007), which shows an increase in EROD and GST during the
reproductive season. This deviation might be explained by the impact of Prestige oil
spill‐related hydrocarbons on biomarker responses. Overall, it can be concluded that,
though significant differences in responses between seasons were detected for some
biomarkers, no clear and consistent pattern emerged for all areas or both species.
There was little variation in the mean water temperature in all areas in the
middle‐outer bottom shelf in autumn, which in 2003, 2004 and 2005 ranged from 12.0
to 12.2 °C. The same was true of the inner bottom shelf (temperature range 12.4–13.4
°C), with the sole exception of Cantabria, where obviously higher values were
observed in 2003 (15.5 °C) and 2004 (17.5 °C). Water temperature would therefore
seem to have only a minor impact on temporal and spatial biomarker patterns.
3.3. Biomarker responses
In order to minimize the influence of season on biomarker responses and to
assess them over time, statistical comparisons were performed using only pooled sex
biomarker data obtained in autumn surveys. Since fuel oil deriving from the Prestige
arrived at the northern Iberian shelf in different ways, quantities and at different
times, biomarker responses over time were independently checked for each area.
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3.3.1. Biomarker responses in L. boscii
Mean biomarker values in L. boscii for each area over time are displayed in
Fig. 2. The figure shows that all four biomarkers display a general decrease in the
period 2003–2005, despite a slight increase in the response of some biomarkers in 2005
compared to 2004. Statistical analysis of the data from all three‐years showed
significantly higher values for all biomarkers in all areas in 2003 compared to 2004
and 2005 (1‐way ANOVA; post‐hoc tests; p < 0.01), the only exception being EROD
values found in Asturias W in 2003 and 2005.
Mean annual EROD activity by area in L. boscii ranged from 3.79 to 37.57
pmol min‐1 mg‐1 prot. EROD values in some areas were between three and six times
higher in 2003 than in 2004 (Galicia S, Finisterre, Galicia N, Asturias E and Cantabria)
and 2005 (Finisterre). Despite such temporal variations, the highest EROD responses
were found in Cantabria and Basque Country areas each year. Although the highest
mean GST, CAT and GR activity in L. boscii were found in all areas in 2003, such
values were only between one and three times higher than those found in 2004 and/or
2005, indicating that these enzymatic responses are less discriminating biomarkers
than EROD activity. GST values ranged from 72.89 to 215.37 nmol min‐1 mg‐1 prot,
being about two to three times higher in all areas in 2003 than in the subsequent
years. There was considerable variation in GST activity in areas along the northern
Iberian shelf. In 2004 the highest values were found in Asturias E and Cantabria and
the lowest in the Basque Country area, whereas in 2005 significantly higher values
were found in most of the areas compared with Asturias E.
CAT activity showed a continuous decrease during 2003‐2005, with values
ranging from 0.141 to 0.367 mmol min‐1 mg‐1 prot (1.3‐ to 2.4‐fold decreases). Such
decreases were more evident in Galicia S and Finisterre than in other areas. In terms
of GST activity, no significant differences were demonstrated among areas in 2003
and spatial activity also varied over time along the northern Spanish shelf. In 2003 the
highest values were observed in areas on the Galician shelf (Galicia S, Finisterre and
Galicia N), while in 2004 significantly higher values were found in Galicia N in
comparison to the other areas. Results for 2005 show that CAT values were
significantly lower in Asturias W than in the other areas, with the exception of
Asturias E. In terms of GR activity, the general results are in line with those observed
for EROD and GST activity. GR Activity was significantly higher in all areas in 2003
than in 2004 and 2005 (post‐hoc tests; p < 0.01), showing a significant increase (p <
0.01) in responses in all areas in 2005 compared to 2004. GR values ranged from 3.98
to 9.37 nmol min‐1 mg‐1 prot, decreasing roughly two fold (2004) after halving (2003).
Spatial GR response over time also varied: in 2003 the highest values were found in
Asturias W and Asturias E in comparison to the Basque country area, whereas
significantly higher activity was found in the Cantabrian than in other areas in 2005.
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3.3.2. Biomarker responses in C. lyra
Biomarker responses in C. lyra over time for each area (mean ± SE) are displayed in
Fig. 3. The absence of specimens of C. lyra in Galicia S and Finisterre, together with
the low number obtained in Asturias W and Asturias E in the autumn 2003 catches,
hampers proper Prestige oil spill risk assessment in these areas. In this species,
significant differences between years were clearly demonstrated in terms of EROD
and GR activity and, to a lesser extent, GST and CAT activity. Mean annual EROD
activity by area ranged from 66.09 to 494.30 pmol min‐1 mg‐1 prot (1.5‐ to 5‐fold
variation) and GR values ranged from 12.00 to 26.49 nmol min‐1 mg‐1 prot (1.5‐ to 2‐
fold variation). In the areas where multi‐annual data were available (Galicia N,
Asturias W, Asturias E and Cantabria), EROD and GR responses were higher in 2003
than in 2005 and/or 2004, with significant differences for Galicia N and Cantabria
(post‐hoc test; p < 0.01), and temporal variation similar to L. boscii.
Mean annual values for GST ranged from 150.2 to 256.9 nmol min‐1 mg‐1 prot
and for CAT from 4.05 to 6.94 mmol min‐1 mg‐1 prot. Overall, GST, GR and CAT
activity in C. lyra showed a slight increase (though not always statistically significant)
in 2005 as compared to 2004 in all areas; this pattern largely resembles that described
for GST and GR activity in L. boscii.
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Figure 2. Activity (mean ± SE) of ethoxyresorufin‐O‐deethylase (EROD), gluthatione‐
S‐transferase (GST), glutathione reductase (GR) and catalase (CAT) in L. boscii.
Temporal variations are indicated in capital letters above the bars, highlighting
significant homogeneous subsets (1‐way ANOVA; Tukey ´b test; p < 0.01; excluding
spring 2003 data and cases where sample size < 12). Spatially significant differences
between pairs of mean values are indicated in the upper triangular matrix by a black
dot (based on the Tukey´b test, p < 0.01) for each year. A grey “x” means that
differences could not be tested. Numbers of individuals sampled at each area are
given under each bar.
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Figure 3. Activity (mean ± SE) of ethoxyresorufin‐O‐deethylase (EROD), gluthatione‐
S‐transferase (GST), glutathione reductase (GR) and catalase (CAT) in C. lyra.
Temporal Variations are indicated in capital letters above the bars, highlighting
significant homogeneous subsets (1‐way ANOVA; Tukey´b test; p < 0.01; excluding
spring 2003 data and cases where sample size < 12). Spatially significant differences
between pairs of mean values are indicated in the upper triangular matrix by a black
dot (based on the Tukey´b test, p < 0.01) for each year. A grey “x” means that
differences could not be tested. Numbers of individuals sampled at each area are
given under each bar.

As regards spatial variation, the lowest values for EROD activity were found
in Asturias W in 2003 and 2004. In the same years, the highest EROD values were
found in Galicia N. However, EROD activity in 2005 were unexpectedly high in
Finisterre (494.3 ± 52.9) and Galicia S (382.7 ± 85.3) in comparison to the other areas
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sampled in that year (5‐ and 7.5‐fold increase) and in 2004 (three‐fold increase). The
lowest GR activity were also measured in Asturias W and the highest in the Cantabria
area in the three‐years sampled (2003 was not statistically tested; 2004 and 2005 p <
0.01). GST activity was significantly higher in Cantabria and/or Asturias E in 2004 and
2005 in comparison to Asturias W, Galicia N and Finisterre. No significant spatial
Variations in CAT activity were demonstrated in any year.
3.3.3. Multivariate analysis
The principal component analysis (PCA) of biomarkers and environmental
data produced a two‐dimensional pattern which explained 72% of variance in the
case of L. boscii. PC1 explains 50% of total variance and is characterized by high
loadings of GST, CAT, GR and EROD (0.964, 0.830, 0.819, and 0.815, respectively),
while PC2 explains 22% of total variance, temperature and salinity showing higher
loading values (0.818, 0.775, respectively).
Fish from all the areas sampled in autumn 2003 were clearly distinct from
those sampled in autumn 2004 and 2005 due to their higher biotransformation and
antioxidant responses, as their extreme position on the PC1 axis shows. There was no
clear distinction between areas based on temperature and salinity; the different areas
sampled in 2004 and 2005 being well mixed along the PC2 axis (see Fig. 4A).
In the case of C. lyra, three components explaining 82.4% of total variability
were extracted for the PCA. The PC1 axis represents 29.5% of the total variance and
correlates with GST and GR activities, while the PC2 axis explains 29.1% and
correlates with EROD and CAT activity. PC3, representing 23.9% of the total variance,
was defined by environmental variables. As also noted in L. boscii, all the areas
sampled in autumn 2003 were distinct from the areas sampled in 2004 and 2005,
mainly because of the higher level of biomarker responses (see Fig. 4B). In autumn
2003, fish from Asturian areas showed more moderate responses. Environmental
variables were inversely related and did not seem to influence biochemical responses
(see Fig. 4C). Cantabria showed the highest temperature and salinity, but such
variations did not seem to influence the biochemical responses in our study. While
water temperature and salinity were similar in Cantabria in 2003 and 2004, EROD
levels were elevated only in 2003. Furthermore, differences in water bottom
temperature and salinity in Cantabria in 2004 and 2005 did not seem to influence
EROD response, as it was similar in both periods.
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Figure 4. Principal component analysis (PCA) of biomarkers and environmental data
in L. boscii (A) and C. lyra (B and C) showing the mean scores of the different
Sampling areas studied (Galicia S: GaS; Finisterre: Fi; Galicia N: GaN; Asturias W:
AsW; Asturias E: AsE; Cantabria: Ca; Basque Country: Ba) in autumn 2003 (black
dots), 2004 (grey dots) and 2005 (white dots).

3.4. Evaluation of spatial and temporal patterns
As expected, we did not find any significant sex differences in biomarker
responses, since only non‐mature specimens within the same length range were
sampled. Interference in biomarker responses by gonadal sex steroids can therefore
be ruled out. As regards seasonal variation in 2003, no consistent general pattern that
could be associated with the influence of biological factors on biomarker responses
was found. The PCA results indicate that temperature variations did not seem to
influence the biomarker responses in our study.
The biomarkers used in this study are considered an early warning signal of
exposure to chemical substances (including petroleum‐related hydrocarbons) able to
induce the organic xenobiotic biotransformation system and the defence system
against oxidative stress in fish cells. Generally, the applied biomarkers show
responses sensitive enough to indicate different levels of exposure to this kind of
chemical prevailing in different areas and environments of the northern Iberian shelf
(inner/middle/outer shelf). Overall, the results of our study suggest higher chemical
pressure along Galician, Asturias E and Cantabrian coastlines than in Asturias W,
and also in the Cantabrian and Basque country offshore areas.
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Relatively high EROD, CAT and GR activity was found in L. boscii in the
areas of the eastern Cantabrian shelf (mainly Cantabria and Basque Country),
Finisterre and Galicia N. In C. lyra, biomarker responses were also generally relatively
high in Finisterre and Galicia N (presumably the most inshore Prestige oil spill‐
impacted areas), Asturias E and Cantabria compared to the reference area (data for
Basque Country are not available from this study). These findings are in agreement
with those reported for the same species after the POS in our previous study
(Martínez‐Gómez et al., 2006) and with the chemical characterization of the areas
(OSPAR, 2000; Franco et al., 2006). Recently, analysis of hydroxilated‐PAHs in bile
fish (Trisopterus luscus and L. boscii), sampled one year after the Prestige oil spill,
showed higher exposure to PAHs in fish from the eastern areas of the inner and outer
northern Iberian shelf (Fernandes et al., 2008a), thus supporting our results.
Nevertheless, we also found ambiguous lower GST values in L. boscii in some
areas (Asturias E in 2004; Basque Country in 2005) considered highly contaminated
by the Prestige oil spill and the prevailing chronic chemical pollution (OSPAR, 2000;
Franco et al., 2006; Fernandes et al., 2008b). This might be explained by the fact that
GSTs represent a major group of detoxification enzymes and are regulated by a
structurally heterogeneous range of xenobiotics, but not all individual isoenzymes
contribute in the same way to the detoxification of environmental pollutants and
products of oxidative stress (Van der Oost et al., 2003). Pollutant cocktails, which
might interact with the GSTs detoxification enzymes and biotransformation system in
different ways (Gallagher and Di Giulio, 1989), probably occur in these areas. In
addition, a clear increase in EROD activity was observed in C. lyra in Galicia S and
Finisterre in 2005 as compared to 2004 (three to six‐fold increase depending on area).
This was not however the case for L. boscii. This suggests an increase in exposure level
to planar organic compounds only in fish from the inner shelf environment. The
southern Galician inner shelf is also subject to a high level of chronic contamination
(OSPAR, 2000), particularly Pontevedra estuary, which is polluted by a paper mill
and the chloride industry.
Though changes in the enzyme responses may have been caused by both
Prestige oil‐related chemicals and other anthropogenic sources, spatial biomarker
patterns were consistent with the oil slick trajectories (Caballero et al., 2008) and the
spatial distribution of tar aggregates, originating from the Prestige oil spill, found on
the bottom shelf after the accident (Sánchez et al., 2006). Furthermore, Fernandes et al.
(2008a) have recently reported enrichment in 1‐naphthol, a marker of recent exposure
to petrogenic compounds, in bile fish from the Galician inner and outer shelf areas
and, to a lesser extent, in fish from the middle‐outer eastern shelf areas in October
2003. Declining biomarker responses found two and three‐years after the accident in
both demersal fish species nevertheless indicate an added effect of Prestige oil spill‐
related hydrocarbons, mainly in the areas considered most contaminated by the spill
(Fig. 5).
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In our study, EROD activity in L. boscii in September–October 2003 (15.11–
37.57 pmol min‐1 mg‐1 prot) was higher than recently reported for the same
species/area/occasion (3.5–16 pmol min‐1 mg‐1 prot) by Fernandes et al. (2008a). These
differences can be attributed to the effects of biological parameters such as
interference by gonadal sex steroids and age. In our study, all the analysed specimens
were non‐mature, and from the same length range (18–22 cm), generally representing
fish in age class 2. By contrast, Fernandes et al. (2008a) sampled only larger mature
females within a length range of 22–30 cm, representing older fish (2–7 years old; see
Fuertes, 1978). It has been demonstrated that the use of mature females to assess
EROD responses can lead to a loss of activity by a factor of as much 80 in the flatfish
Limanda limanda (Krüner and Westernhagen, 1999), owing to the increase of estradiol
levels during the maturation period which down‐regulates CYP1A levels, lowering
EROD activity (Navas and Segner, 2000). EROD activity in the flatfish Platichthys
flesus sampled in autumn in different UK estuaries and within a similar length size
class as in our study were in the range 29.8–107.4 pmol min‐1 mg‐1 prot (Kirby et al.,
2004), and agree well with those found in L. boscii in September–October 2003 in the
present study.

Figure 5. EROD activity values (Mean ± Standard Error) in four‐spot megrim
(Lepidorhombus boscii) and dragonet (Callionymus lyra) from different areas of the
northern Iberian shelf sampled in autumn 2003, 2004, and 2005.
GST activity in L. boscii in 2003–2005 showed similar temporal patterns as
observed for EROD, with the highest values in September–October 2003, and
declining levels in the subsequent years in all areas of the middle‐outer shelf. A
similar temporal decline was also found for GST in C. lyra in the Galicia N area. In
terms of CAT and GR antioxidant activity, the levels in L. boscii demonstrated in
September–October 2003 were higher than in the following two‐years in most of the
areas; the same was also demonstrated for GR levels in C. lyra in the Galicia N and
Cantabria areas. CAT levels measured in L. boscii in September– October 2003 (0.141–
0.367 mmol min‐1 mg‐1 prot) were substantially higher than those reported by
Fernandes et al. (2008a) in specimens caught on the same sampling occasion (0.05–0.1
mmol min‐1 mg‐1 prot). There are few studies on the effect of age on antioxidant
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enzyme activity in fish, but in a comparative study, Wdzieczak et al. (1982) reported
high CAT activity in younger fish of different species, supporting the theory that
while reactive oxygen species (ROS) generation increases with age, antioxidant
defences are impaired. Future studies are however needed to investigate the
influence of age on antioxidant responses.
Of the four biomarkers used in this study, the most pronounced responses in
both species were found for EROD activity, showing five to six‐fold variations
between areas/years. In fish, EROD activity can be induced by exposure to co‐planar
organic compounds (including Prestige oil‐related hydrocarbons). EROD activity
between three and ten times the minimum value have been recorded for other flatfish
species experimentally exposed to PAHs (e.g. Vethaak et al., 1996) as well as in field
studies along pollution gradients (Stagg et al., 1995; Jewett et al., 2002; Kirby et al.,
2004). It has been suggested that an EROD value in most marine species above twice
the upper limit of the baseline value indicates an ecosystem influenced by planar
organic contaminants. Though most exposure studies conducted under laboratory
conditions reported in the literature have been unable to provide evidence of the
toxicity of Prestige oil‐related compounds to marine organisms, Casado et al. (2006)
found that the water soluble fraction (WSF) of the Prestige crude oil was able to
induce a dose‐dependent increase in EROD activity in RTG‐2 cells.
Impact assessment under field conditions covers a wide range of possible
interactions and indirect effects that can occur in the marine environment. Previous
results of field studies in coastal areas have provided evidence of toxicity and
sublethal effects associated with the Prestige oil spill (Pérez‐Cadahía et al., 2004; Beiras
and Saco‐Álvarez, 2006; Soriano et al., 2006, 2007). Furthermore, biomarker
monitoring conducted every four months in 2003 and 2004 using wild mussels along
the northern Iberian coastline detected the highest degree of disturbance in areas
most impacted by the Prestige oil spill (Galicia), and showed a recovery trend during
2004 related to a decrease in total PAH concentrations in mussels (Cajaraville et al.,
2006). These findings concur well with those of the present study in the different
environments of the northern Iberian shelf (inner/middle/outer shelf), as decreasing
biomarker responses found two and three‐years after the Prestige oil spill in demersal
fish species also point to a recovery to the baseline levels before the accident.

4. Conclusions
It can be concluded that temporal variation observed in EROD, GR, GST and
CAT enzymatic activity in L. boscii and in EROD and GR activity in C. lyra in 2003–
2005 showed a significant decrease two years after the Prestige oil spill in most of the
areas studied. The observed temporal variations in enzymatic responses can
potentially be attributed to decreasing exposure levels to Prestige oil related
hydrocarbons in this period. Our results further indicate that the impact of Prestige oil
spill on fish reached not only inshore areas, but also offshore areas along the
middle/outer northern Iberian shelf. The northern Iberian continental shelf is a
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maritime area with a high risk of shipping accidents. It is a major oil tanker route,
with important oil terminals, as well as being home to economically important
fisheries and sensitive coastal ecosystems. It is therefore further recommended that a
routine biomonitoring programme be developed, or that appropriate biological
effects methods be added to existing programmes in order to establish pre‐spill
baseline data on relevant contaminants and biological effect responses before any
new oil spill happens.
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Supplementary material
In this appendix, tables with background statistical results of the
normal distribution analysis, influence of sex on biomarker responses, seasonal
differences, spatial differences and temporal variations in biomarker responses
in both benthic species are provided.
Abbreviations used in tables:
N= Sampling size
df= degrees of freedom
EROD: ethoxyresorufin‐O‐deethylase activity
GST: gluthatione‐S‐transferase
CAT: catalase activity
GR: glutathione reductase activity
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Table S1. Summary of the results of the normal distribution analysis for four‐spot megrim Lepidorhombus boscii.
(* = p‐value < 0.05).
Spring 2003

Autumn 2003

Kolmogorov‐
Kolmogorov‐
Shapiro‐Wilk´s
Smirnov´s test
Smirnov´s test (α=0.05)
test (α=0.05)
(α=0.05)
p‐
p‐
p‐
Statist.
df
Statist. df
Statist. df
value
value
value

Biomarker

Area

EROD

Galicia S

0.113

Finisterre

0.091

30

0.200

Galicia N
Asturias
W
Asturias
E
Cantabria
Basque
C.

0.162

35

0.021*

0.086

24

0.989

24

0.993

0.113

18

0.95

18

0.425

0.174

21

0.941

21

0.224

0.298

8

0.718

8

0.004*

0.97

22

0.713

CAT

0.955

22

0.402
0.155

Galicia S

0.127

22

Finisterre

0.094

30

0.200

Galicia N
Asturias
W
Asturias
E
Cantabria
Basque
C.

0.117

35

0.200

0.096

24

0.965

24

0.557

0.14

18

0.941

18

0.303

0.159

21

0.943

21

0.246

0.171

8

0.876

8

0.172

34

0.967

11 0.853

0.925

18 0.159

51

0.135

34

34

51

34

0.193

0.861

11 0.059

0.859

18 0.012*

36

64

0.926

17 0.183

0.209
0.146

33

0.070

0.946

27 0.167

0.093

36

0.200

29 0.151

5

0.423

32

0.001*

0.095

40

0.200

0.104

30

0.200

0.114

30

0.200

0.068

33

0.200

0.112

34

0.200

0.102

31

0.200

0.089

70

0.200

0.126

33

0.200

0.132

36

0.119

0.967
0.944

0.200

0.200

Autumn 2005

0.068

0.118

0.902
0.107

5

0.185

0.947
0.077

29 0.290

0.200
0.849

0.126

0.141

0.038*
0.958

0.101

Autumn 2004

Kolmogorov‐
Kolmogorov‐
Shapiro‐Wilk´s
Shapiro‐Wilk´s
Smirnov´s test
Smirnov´s test
test (α=0.05)
test (α=0.05)
(α=0.05)
(α=0.05)
p‐
p‐
p‐
p‐
Statist. df
Statist. df
Statist. df
Statist. df
value
value
value
value

17 0.767
27 0.151

0.104

32

0.200

0.104

33

0.200

0.114

36

0.200

0.098

40

0.200

0.108

30

0.200

0.084

30

0.200

0.184

33

0.006*

0.141

34

0.083

0.126

31

0.200

0.119

70 0.016*

0.125

33

0.200

Table S1 (cont). Summary of the results of the normal distribution analysis for four‐spot megrim Lepidorhombus boscii.
(* = p‐value < 0.05).
Spring 2003

Biomarker

Area

GR

Galicia S

GST

Kolmogorov‐
Smirnov´s test
(α=0.05)
p‐
Statist. df
value

Autumn 2003

Shapiro‐Wilk´s test
(α=0.05)
Statist.

df

p‐value

0.928

22

0.113

0.113

22

Finisterre

0.12

30

0.200

Galicia N
Asturias
W
Asturias
E
Cantabria
Basque
C.

0.091

35

0.200

0.108

24

0.961

24

0.461

0.152

18

0.958

18

0.566

0.177

21

0.945

21

0.271

0.168

8

0.922

8

0.442

0.945

22

0.248

Kolmogorov‐
Smirnov´s test
(α=0.05)
p‐
Statist. df
value

0.105

Galicia S

0.148

22

Finisterre

0.155

30

0.064

Galicia N
Asturias
W
Asturias
E
Cantabria
Basque
C.

0.174

35

0.009*

0.187

24

0.89

24

0.013*

0.148

18

0.927

18

0.169

0.105

21

0.973

21

0.788

0.156

8

0.971

8

0.908

34

Shapiro‐Wilk´s test
(α=0.05)
Statist. df

p‐
value

0.949

11

0.633

0.936

18

0.246

51

0.084

34

34

51

34

5

0.357

0.963

11

0.805

0.794

18

0.001*

36

0.128

0.200

0.200

65

0.974

17 0.888

0.979

27 0.842

5

0.045*

0.162

32

0.033*

0.137

33

0.116

0.077

36

0.200

0.071

40

0.200

0.09

30

0.200

0.074

30

0.200

0.136

33

0.128

0.134

34

0.124

0.115

31

0.200

0.07

70

0.200

0.075

33

0.200

0.123

36

0.188

0.919
0.983

29

Autumn 2005

0.200

0.200

0.77
0.101

0.418

0.200

0.944
0.099

29

0.200
0.89

0.096

0.082

0.200
0.964

0.071

Autumn 2004

Kolmogorov‐
Kolmogorov‐
Shapiro‐Wilk´s
Smirnov´s test
Smirnov´s test
test (α=0.05)
(α=0.05)
(α=0.05)
p‐
p‐
p‐
Statist. df
Statist. df
Statist. df
value
value
value

17 0.141
27 0.916

0.091

32

0.200

0.083

33

0.200

0.084

36

0.200

0.067

40

0.200

0.094

30

0.200

0.095

30

0.200

0.100

33

0.200

0.124

34

0.064

31

0.200

0.154

70

0.200
0.000

0.156

33

0.040*

*

Table S2. Summary of the results of the normal distribution analysis for dragonet Callionymus lyra
(* = p‐value < 0.05)
Spring 2003
Area

EROD

CAT

GR

Autumn 2003

Shapiro‐Wilk´s test
(α=0.05)
p‐
Statistic
df
value

Autumn 2004

Shapiro‐Wilk´s test
(α=0.05)
Statistic

df

Kolmogorov‐Smirnov´s test
(α=0.05)
p‐
Statistic
df
value

p‐
value

Autumn 2005

Shapiro‐Wilk´s test
(α=0.05)
p‐
Statistic df
value

Shapiro‐Wilk´s test
(α=0.05)
Statistic

df

p‐
value

Galicia S

0.912

10

0.293

0.222

0.918

10

0.343

0.749

7

0.012*

Finisterre

0.933

13

0.368

0.105

0.973

24

0.737

0.524

10

0.000*

0.908

17

0.093

0.941

15

0.390

0.942

16

0.378

0.487

0.949

14

0.543

Galicia N

0.953

12

0.675

0.958

20

0.513

0.188

Asturias W

0.888

9

0.190

0.899

7

0.327

0.098

Asturias E

0.937

8

0.578

0.89

5

0.357

0.137

0.945

14

Cantabria

0.917

4

0.521

0.974

19

0.853

0.071

0.987

28

0.976

0.924

15

0.222

Galicia S

0.725

10

0.002*

0.265

0.825

10

0.029*

0.89

7

0.275

Finisterre

0.933

13

0.376

0.149

0.949

24

0.257

0.900

10

0.219

Galicia N

0.960

12

0.777

0.898

20

0.039*

0.173

0.886

17

0.039*

0.919

15

0.185

Asturias W

0.970

9

0.894

0.859

7

0.148

0.079

0.963

16

0.713

Asturias E

0.884

8

0.205

0.919

5

0.523

0.145

0.966

14

0.819

0.973

14

0.912

Cantabria

0.813

4

0.128

0.923

19

0.128

0.173

0.831

28

0.000*

0.949

15

0.505

36

36

0.200

0.200

Galicia S

0.93

10

0.448

0.178

0.920

10

0.356

0.946

7

0.692

Finisterre

0.944

13

0.510

0.089

0.977

24

0.845

0.879

10

0.128

Galicia N

0.921

12

0.295

0.952

20

0.401

0.097

0.956

17

0.553

0.938

15

0.358

Asturias W

0.927

9

0.452

0.833

7

0.085

0.094

0.827

16

0.006*

Asturias E

0.87

8

0.152

0.873

5

0.280

0.128

0.977

14

0.952

0.94

14

0.413

Cantabria

0.984

4

0.925

0.968

19

0.743

0.123

0.949

28

0.191

0.927

15

0.244

66

36

0.200

Table S2 (cont). Summary of the results of the normal distribution analysis for dragonet Callionymus lyra
(* = p‐value < 0.05)
Spring 2003
Area

GST

Autumn 2003

Shapiro‐Wilk´s test
(α=0.05)
p‐
Statistic
df
value

Autumn 2004

Shapiro‐Wilk´s test
(α=0.05)
Statistic

df

Kolmogorov‐Smirnov´s test
(α=0.05)
p‐
Statistic
df
value

p‐
value

Autumn 2005

Shapiro‐Wilk´s test
(α=0.05)
p‐
Statistic df
value

Shapiro‐Wilk´s test
(α=0.05)
Statistic

df

p‐
value

Galicia S

0.930

10

0.451

0.165

0.964

10

0.826

0.976

7

0.936

Finisterre

0.976

13

0.952

0.124

0.970

24

0.675

0.912

10

0.292

Galicia N

0.978

12

0.975

0.957

20

0.483

0.111

0.962

17

0.671

0.906

15

0.119

Asturias W

0.846

9

0.068

0.925

7

0.512

0.085

0.982

16

0.978

Asturias E

0.965

8

0.859

0.953

5

0.757

0.182

0.962

14

0.750

0.982

14

0.985

Cantabria

0.960

4

0.776

0.928

19

0.161

0.096

0.968

28

0.520

0.858

15

0.023*

67

36

0.200

Table S3. Seasonal differences in biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) and dragonet Callionymus lyra (15‐22 cm)
sampled along the northern Iberian shelf in spring and autumn 2003.
(*= p‐value< 0.05; † = assuming no equality of variances).
Levene´s Test
(α=0.05)

Lepidorhombus boscii
Area
Finisterre

Galicia N

Asturias W

Asturias E

t‐test for the mean
(α=0.05)

Biomarker

N
(Spring‐Autumn)

F value

p‐value

T

df

p‐value

EROD

31‐20

0.055

0.815

‐1.386

49

0.172

GST

30‐23

0.173

0.679

‐3.245

51

0.002*

CAT

31‐23

0.792

0.378

3.019

52

0.004*

GR

31‐22

0.876

0.354

7.655

51

0.000*

EROD

37‐34

0.006

0.940

2.350

69

0.022†*

GST

40‐34

8.726

0.004*

‐8.287

60

0.000*

CAT

39‐34

3.155

0.080

0.676

71

0.501

GR

40‐34

3.127

0.081

7.497

72

0.000*

EROD

24‐30

0.010

0.923

3.821

52

0.000*

GST

24‐29

9.651

0.003*

‐6.560

27

0.000†*

CAT

24‐29

3.398

0.071

‐0.946

51

0.348

GR

24‐29

1.428

0.238

1.460

51

0.150

EROD

18‐53

0.877

0.352

6.098

69

0.000*

GST

18‐53

12.274

0.001*

‐5.919

20

0.000†*

CAT

18‐54

0.190

0.664

2.302

70

0.024*

GR

18‐53

1.438

0.235

2.473

69

0.016*

Callionymus lyra

Levene´s Test
(α=0.05)

T‐test for the mean
(α=0.05)

Area

Biomarker

N
(Spring‐Autumn)

F value

p‐value

T

df

p‐value

Galicia N

EROD

12‐20

4.178

0.050

‐4.583

30

0.000*

GST

12‐20

3.206

0.083

‐1.943

31

0.061

CAT

12‐20

11.046

0.002*

‐0.525

15

0.607†

GR

12‐20

0.176

0.678

‐0.305

31

0.763

68

Table S4. Influence of sex on biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) and dragonet Callionymus lyra (15‐22 cm)
sampled along the northern Iberian shelf. (* = p‐value< 0.05; ** = p‐value< 0.01).
Levene´s test (α=0.05)
Design: Intersection+sex+area+sex • area
Biomarker and sampling
time

EROD

2‐way ANOVA (α=0.01)
Design: Intersection+sex+area+sex • area

Levene
statistic

df1

df2

p‐
valu
e

1.121

7

151

0.353

Autumn 2003

EROD

1.723

11

227

0.069

Autumn 2004

EROD

1.123

13

214

0.341

Autumn 2005

GST

0.867

7

142

0.535

Autumn 2003

GST
Autumn 2004

1.459

11

227

0.148

Sum of
squares III

df

Mean
square

F value

p‐
value

Intersection

1145.341

1

1145.341

2597.595

0.000

sex

0.578

1

0.578

1.311

0.254

area

7.781

3

2.594

5.882

0.001**

1.487

0.220

sex • area

1.967

3

0.656

Error

66.579

15

0.441

Total

1374.219

159

Intersection

648.492

1

648.492

2504.498

0.000

sex

2.367

1

2.367

9.142

0.003**

area

59.083

5

11.817

45.636

0.000**

sex • area

3.122

5

0.624

2.411

0.037

Error

58.777

227

0.259

Total

1044.812

239

Intersection

1123.546

1

1123.546

3592.955

0.000

sex

0.487

1

0.487

1.558

0.213

area

19.628

6

3.271

10.462

0.000**

1.109

0.358

sex • area

2.081

6

0.347

Error

66.920

214

0.313

Total

1221.282

228

Intersection

3750.357

1

3750.357

105719.63

0.000

sex

0.312

1

0.312

8.793

0.004**

area

0.032

3

0.011

0.301

0.824

sex • area

0.373

3

0.124

3.503

0.017

Error

5.037

142

0.0355

Total

4230.778

150

Intersection

3822.427

1

3822.427

45380.172

0.000

sex

0.002

1

0.002

0.027

0.869

area

3.510

5

0.702

8.334

0.000**

Sex • area

0.769

5

0.154

1.826

0.109

Error

19.120

227

0.084

Total

4609.651

239

69

Table S4 (cont). Influence of sex on biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) and dragonet Callionymus lyra (15‐22 cm)
sampled along the northern Iberian shelf. (* = p‐value< 0.05; ** = p‐value< 0.01).
Levene´s test (α=0.05)
Design: Intersection+sex+area+sex • area
Biomarker and sampling
time

GST

2‐way ANOVA (α=0.01)
Design: Intersection+sex+area+sex • area

Levene
statistic

df1

df
2

p‐value

1.241

13

214

0.252

Autumn 2005

CAT

0.401

7

143

0.901

Autumn 2003

CAT

1.098

13

214

0.362

Autumn 2005

GR

1.458

7

142

0.187

Autumn 2003

GR

1.381

11

227

0.183

Autumn 2004

GR
Autumn 2005

1.459

13

214

0.135

Sum of
squares III

df

Mean
square

F value

p‐value

Intersection

4620.787

1

4620.787

69088.04

sex

0.002

1

0.002

0.027

0.871

area

1.933

6

0.322

4.818

0.000*

0.622

0.713

0.000

sex • area

0.249

6

0.042

Error

14.313

214

0.067

0.000

Total

4691.922

228

Intersection

179.973

1

179.973

1903.576

sex

0.371

1

0.371

3.925

0.049

area

1.148

3

0.383

4.046

0.009**

sex • area

0.116

3

0.039

0.411

0.746

0.095

Error

13.520

143

Total

226.391

151

Intersection

778.472

1

778.472

9355.823

0.000

sex

0.987

1

0.987

11.868

0.001**

area

3.451

6

0.575

6.913

0.000**

0.960

0.454

0.000

sex • area

0.479

6

0.080

Error

17.806

214

0.083

Total

806.155

228

Intersection

558.566

1

558.566

5629.430

sex

0.022

1

0.022

0.218

0.641

area

2.322

3

0.774

7.799

0.000**

0.917

0.434

0.000

sex • area

0.273

3

0.091

Error

14.090

142

0.099

Total

644.578

150

Intersection

429.411

1

429.411

4329.484

sex

0.044

1

0.044

0.445

0.505

area

2.548

5

0.510

5.139

0.000**

0.964

0.440

0.000

sex • area

0.478

5

0.096

Error

22.515

227

0.099

Total

556.412

239

Intersection

736.169

1

736.169

10715.18
6

sex

0.290

1

0.290

4.214

0.041

area

2.935

6

0.489

7.120

0.000**

3.682

0.002**

sex • area

1.518

6

0.253

Error

14.703

214

0.069

Total

758.153

228
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Table S5. Influence of sex on biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian shelf.
(* = p‐value< 0.05; † assuming no equality of variances).
Levene´s Test
(α=0.05)

Lepidorhombus boscii
Area and sampling
time

Biomarker

Galicia S
Spring 2003

EROD

Finisterre
Spring 2003

Galicia N
Spring 2003

Asturias W
Spring 2003

Asturias E
Spring 2003

Cantabria
Spring 2003

Finisterre
Autumn 2003

Galicia N
Autumn 2003

N
(Male‐
Female)

T‐test for the mean (α=0.05)

F value

p‐value

t

df

p‐value

7‐11

0.001

0.972

‐0.556

16

0.586

GST

7‐13

3.583

0.075

2.282

18

0.035*

CAT

7‐13

1.276

0.273

‐0.397

18

0.696

GR

7‐13

1.717

0.207

‐0.394

18

0.698

EROD

17‐14

4.307

0.047*

‐1.615

29

0.117†

GST

17‐13

2.312

0.140

0.712

28

0.482

CAT

17‐14

5.931

0.021*

0.901

29

0.375†

GR

17‐14

0.369

0.548

1.775

29

0.086

EROD

20‐17

0.613

0.439

0.718

35

0.478

GST

23‐17

13.562

0.001

*

3.584

38

0.001†*

CAT

23‐16

0.522

0.475

0.223

37

0.825

GR

23‐17

0.381

0.541

0.517

38

0.608

EROD

13‐11

0.463

0.503

1.005

22

0.326

GST

13‐11

1.842

0.188

0.571

22

0.574

CAT

13‐11

0.014

0.907

‐1.219

22

0.236

GR

13‐11

2.549

0.125

‐0.787

22

0.440

EROD

10‐8

0.350

0.562

‐1.662

16

0.116

GST

10‐8

0.006

0.939

0.918

16

0.372

CAT

10‐8

0.477

0.500

‐1.301

16

0.212

GR

10‐8

0.398

0.537

‐0.918

16

0.372

EROD

12‐9

0.016

0.899

0.976

19

0.341

GST

12‐10

0.066

0.800

1.891

20

0.073

CAT

12‐10

1.302

0.267

‐0.506

20

0.619

GR

12‐10

1.087

0.310

0.421

20

0.679

GST

14‐9

0.002

0.961

‐0.531

21

0.601

CAT

14‐9

0.921

0.348

‐1.210

21

0.240

GR

14‐9

1.389

0.252

‐0.840

20

0.411

EROD

18‐16

1.837

0.185

0.176

32

0.862

GST

18‐16

0.025

0.876

0.757

32

0.454

CAT

18‐16

0.206

0.653

‐0.408

32

0.686

GR

18‐16

2.265

0.142

1.340

32

0.190
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Table S5 (cont.). Influence of sex on biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian shelf.
(* = p‐value< 0.05; † assuming no equality of variances).
Levene´s Test
(α=0.05)

Lepidorhombus boscii
Area and sampling
time

Biomarker

Asturias W
Autumn 2003

EROD

Asturias E
Autumn 2003

Basque C.
Autumn 2003

Galicia S
Autumn 2004

Finisterre
Autumn 2004

Galicia N
Autumn 2004

Asturias W
Autumn 2004

Asturias E Autumn
2004

N
(Male‐
Female)

T‐test for the mean (α=0.05)

F value

p‐value

t

df

p‐value

20‐10

3.191

0.085

0.651

28

0.521

GST

19‐20

0.376

0.545

0.025

27

0.980

CAT

19‐10

0.259

0.615

‐1.280

27

0.211

GR

19‐10

0.446

0.510

‐0.488

27

0.629

EROD

35‐18

2.999

0.089

‐0.755

51

0.454

GST

37‐16

0.267

0.608

1.180

51

0.243

CAT

37‐17

0.411

0.524

‐2.051

52

0.045*

GR

35‐16

1.415

0.240

‐1.289

51

0.203

EROD

23‐19

0.072

0.790

2.262

40

0.029*

GST

19‐15

0.331

0.569

3.525

32

0.001*

CAT

19‐15

0.951

0.337

‐0.532

32

0.598

GR

19‐15

0.984

0.329

‐0.191

32

0.850

EROD

7‐10

3.281

0.090

0.860

15

0.403

GST

7‐10

0.686

0.421

‐0.284

15

0.781

CAT

7‐10

0.268

0.612

‐1.245

15

0.232

GR

7‐10

0.029

0.868

0.144

15

0.888

EROD

21‐15

10.814

0.002*

1.825

34

0.077†

GST

21‐15

0.075

0.786

0.259

34

0.797

CAT

21‐15

2.743

0.107

‐1.119

34

0.271

GR

21‐15

3.078

0.088

0.550

34

0.586

EROD

17‐11

5.862

0.023*

1.268

26

0.216†

GST

17‐10

0.526

0.475

‐0.797

25

0.433

CAT

17‐10

0.398

0.534

‐0.882

25

0.386

GR

17‐10

1.070

0.311

0.742

25

0.465

EROD

30‐11

0.822

0.370

0.424

39

0.674

GST

30‐11

0.390

0.536

0.590

39

0.558

CAT

29‐11

0.086

0.771

‐0.560

38

0.579

GR

30‐11

0.332

0.568

0.335

39

0.739

EROD

15‐15

0.017

0.897

3.872

28

0.001*

GST

16‐15

3.139

0.087

‐2.282

29

0.030*

CAT

16‐15

0.354

0.556

‐0.894

29

0.379

GR

16‐15

0.042

0.839

‐1.298

29

0.205
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Table S5 (cont.). Influence of sex on biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian shelf.
Levene´s Test
(α=0.05)

Lepidorhombus boscii

Area and sampling time

Bio‐
marker

Cantabria
Autumn 2004

EROD

Basque C. Autumn 2004

Galicia S Autumn 2005

Finisterre Autumn 2005

Galicia N Autumn 2005

Asturias W Autumn 2005

Asturias E Autumn 2005

Cantabria Autumn 2005

Basque C. Autumn 2005

N
(Male‐
Female)

T‐test for the mean
(α=0.05)

F value

p‐value

t

df

p‐value

24‐10

0.013

0.911

‐0.779

32

0.442

GST

24‐10

16.512

0.000

*

0.280

32

0.781†

CAT

24‐10

5.281

0.028*

‐1.566

32

0.127†

GR

24‐10

0.568

0.456

‐1.138

32

0.263

EROD

46‐24

0.797

0.375

1.460

68

0.149

GST

46‐24

0.618

0.435

2.053

68

0.044*

CAT

46‐24

6.814

0.011*

1.472

68

0.146†

GR

46‐24

4.773

0.032*

‐0.851

68

0.398†

EROD

15‐17

2.252

0.144

‐0.689

30

0.496

GST

15‐17

2.370

0.134

0.518

30

0.608

CAT

15‐17

0.762

0.390

‐2.694

30

0.011*

GR

15‐17

9.291

0.005

‐0.285

30

0.778

EROD

46‐24

0.002

0.964

0.820

31

0.418

GST

46‐24

0.655

0.424

0.831

31

0.412

CAT

46‐24

1.766

0.194

‐3.437

31

0.002*

GR

46‐24

0.059

0.809

1.448

31

0.158

EROD

18‐18

0.052

0.820

0.582

34

0.565

GST

18‐18

0.246

0.623

‐0.701

34

0.488

CAT

18‐18

2.291

0.139

‐0.865

34

0.393

GR

18‐18

0.000

0.983

‐1.378

34

0.177

EROD

18‐12

5.322

0.029*

‐1.256

28

0.220†

GST

18‐12

0.145

0.706

‐0.305

28

0.762

CAT

18‐12

0.860

0.362

0.179

28

0.859

GR

18‐12

0.008

0.930

‐4.665

28

0.000*

EROD

17‐16

0.796

0.379

1.278

31

0.211

GST

17‐16

0.010

0.923

‐0.389

31

0.700

CAT

17‐16

0.001

0.976

‐0.606

31

0.549

GR

17‐16

0.260

0.614

0.247

31

0.807

EROD

15‐16

4.753

0.037*

1.475

29

0.151†

GST

15‐16

1.450

0.238

‐1.395

29

0.174

CAT

15‐16

0.084

0.775

‐1.314

29

0.199

GR

15‐16

0.312

0.581

‐0.847

29

0.404

EROD

17‐16

1.072

0.309

1.376

31

0.179

GST

17‐16

0.806

0.376

0.695

31

0.492

CAT

17‐16

0.303

0.586

‐1.639

31

0.111

GR

17‐16

2.161

0.152

‐0.063

31

0.950
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Table S6. Influence of sex on biomarker responses in dragonet Callionymus lyra
(15‐22 cm) sampled along the northern Iberian shelf.
Levene´s Test
(α=0.05)

Callionymus lyra
Area and
Biomarkers
sampling time
Finisterre
GST
April 2003
CAT
Galicia N
April 2003

Cantabria
Autumn 2003

Finisterre
Autumn 2004

Galicia N
Autumn 2004

Asturias W
Autumn 2004

Asturias E
Autumn 2004

Cantabria
Autumn 2004

T‐test for the mean
(α=0.05)

N
(Male‐Female)

F value

p‐value

t

df

p‐value

6‐8

4.974

0.046*

0.206

12

0.841†

6‐8

1.620

0.227

3.076

12

0.010*

GR

6‐8

0.039

0.847

‐0.327

12

0.749

EROD

6‐6

15.904

0.003*

0.562

10

0.587†

GST

6‐6

1.023

0.336

2.322

10

0.043*

CAT

6‐6

0.771

0.401

1.934

10

0.082

GR

6‐6

1.683

0.224

2.172

10

0.055

EROD

9‐9

5.160

0.037*

0.463

16

0.649†

GST

9‐10

0.008

0.928

0.520

17

0.610

CAT

9‐10

1.198

0.289

1.625

17

0.122

GR

9‐10

0.294

0.594

‐1.970

17

0.065

EROD

13‐11

0.041

0.841

1.190

22

0.247

GST

13‐11

1.404

0.249

0.956

22

0.350

CAT

13‐11

2.712

0.114

0.298

22

0.768

GR

13‐11

0.299

0.590

2.400

22

0.025*

EROD

7‐10

0.019

0.892

1.579

15

0.135

GST

7‐10

1.168

0.297

1.767

15

0.098

CAT

7‐10

1.461

0.245

‐0.055

15

0.957

GR

7‐10

0.373

0.550

‐0.056

15

0.956

EROD

16‐20

0.348

0.559

‐0.191

34

0.850

GST

16‐20

0.536

0.469

0.624

34

0.537

CAT

16‐20

0.220

0.642

0.232

34

0.818

GR

16‐20

2.442

0.127

‐0.476

34

0.637

EROD

6‐8

0.563

0.467

0.434

12

0.672

GST

6‐8

0.240

0.633

‐0.448

12

0.662

CAT

6‐8

0.414

0.532

‐1.620

12

0.131

GR

6‐8

0.208

0.657

‐1.771

12

0.102

14‐14

4.793

0.038*

0.385

26

0.704†

EROD
GST

14‐14

0.091

0.765

‐2.301

26

0.030*

CAT

14‐14

1.819

0.189

‐0.867

26

0.394

GR

14‐14

0.181

0.674

0.333

26

0.741

(* = p‐value< 0.05; † assuming no equality of variances).
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Table S6 (cont). Influence of sex on biomarker responses in dragonet
Callionymus lyra (15‐22 cm) sampled along the northern Iberian shelf.
Levene´s Test
(α=0.05)

Callionymus lyra
Area and
Biomarkers
sampling time
Asturias W
EROD
Autumn 2005
GST

Asturias E
Autumn 2005

T‐test for the mean
(α=0.05)

N
(Male‐Female)

F value

p‐value

t

df

p‐value

6‐10

0.438

0.519

‐0.216

14

0.832

6‐10

0.205

0.657

‐0.979

14

0.344

CAT

6‐10

0.258

0.620

0.763

14

0.458

GR

6‐10

0.062

0.808

‐0.489

14

0.632

EROD

8‐6

0.414

0.532

1.281

12

0.224

GST

8‐6

2.272

0.158

‐0.196

12

0.848

CAT

8‐6

0.987

0.340

0.031

12

0.975

GR

8‐6

5.980

0.031*

1.082

12

0.300†

(* = p‐value< 0.05; † assuming no equality of variances).
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Table S7. Spatial differences in biomarker responses in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian shelf.
(**= p‐value< 0.01).
Levene´s test
(α=0.05)
Autumn
2003
EROD

GST

CAT

GR

Autumn
2004
EROD

GST

CAT

GR

Levene
Stat.

df1

df2

p‐
value

0.282

4

174

0.889

1.699

0.500

1.355

4

4

4

168

169

167

0.153

0.736

0.252

Levene´s
statistic

df1

df2

p‐
value

0.562

6

249

0.761

0.591

1.204

1.211

6

6

6

249

248

249

0.737

0.305

0.301

1‐way ANOVA
(α=0.01)
Sum
Mean
of
df
square
squares
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

76

F
value

p‐
value

6.401

0.000**

0.707

0.588

3.658

0.007**

5.375

0.000**

10.982

4

2.745

74.630

174

0.429

85.611

178

0.131

4

0.033

7.790

168

0.046

7.921

172

1.528

4

0.382

17.652

169

0.104

19.180

173

2.267

4

0.567

17.606

167

0.105

19.873

171

Sum
of
squares

df

Mean
square

F
value

p‐
value

73.970

6

12.328

44.48
3

0.000**

69.011

249

0.277

142.981

255

3.386

6

0.564

6.435

0.000**

21.839

249

0.088

25.225

255

4.557

6

0.759

5.266

0.000**

35.766

248

0.144

40.323

254

2.531

6

0.422

4.198

0.000**

25.025

249

0.101

27.556

255

Table S7 (cont.). Spatial differences in biomarker responses in four‐spot
megrim Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian
shelf. (**= p‐value< 0.01).
Autumn
2005
EROD

GST

CAT

GR

Levene´s
statistic
0.645

1.495

1.117

1.778

df1
6

6

6

6

df2
221

221

221

221

p‐
value
0.694

0.181

0.353

0.105

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

77

Sum
of
squares

df

Mean

19.236

6

3.206

69.553

221

0.315

88.789

227

1.977

6

0.330

14.564

221

0.066

16.541

227

3.500

6

0.583

19.296

221

0.087

22.796

227

2.910

6

0.485

16.463

221

0.074

19.373

227

square

F
value

p‐
value

10.19

0.000**

5

0.000**

6.68

0.000**

6.51

0.000**

Table S8. Spatial differences in biomarker responses in dragonet Callionymus
lyra (15‐22 cm) sampled along the northern Iberian shelf.
(*= p‐value< 0.05; **= p‐value< 0.01; † assuming no equality of variances).
Levene´s test
(α=0.05)
Autumn
2003

F value

p‐value

EROD

0.070

0792

GST

2.276

0.139

CAT

4.231

0.046*

GR

0.609

0.440

Autumn
2004
EROD

GST

CAT

GR

1.438
‐
1.284
.889†
‐
1.484

Levene´s test (α=0.05)
Levene´s df
p‐
df2
statistic
1
value
0.645

1.495

1.117

1.778

6

6

6

6

221

221

221

221

0.694

0.181

0.353

0.105

T‐test for the mean
(α=0.05)
p‐
t
df
value

Sum of
squares
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

78

37

0.159

39

0.207

35

†

0.380†

39

0.146

1‐way ANOVA (α=0.01)
Mean
F
df
square value

19.236

6

3.206

69.553

221

0.315

88.789

227

1.977

6

0.330

14.564

221

0.066

16.541

227

3.500

6

0.583

19.296

221

0.087

22.796

227

2.910

6

0.485

16.463

221

0.074

19.373

227

p‐value

10.19

0.000**

5

0.000**

6.68

0.000**

6.51

0.000**

Table S8 (cont). Spatial differences in biomarker responses in dragonet
Callionymus lyra (15‐22 cm) sampled along the northern Iberian shelf.
(*= p‐value< 0.05; **= p‐value< 0.01; † assuming no equality of variances).

Autumn
2005
EROD

GST

CAT

GR

Levene´s test (α=0.05)
Levene
´s
df df
p‐
statisti 1
2 value
c
1.294

0.168

3.028

0.428

3

3

3

3

56

56

56

56

0.285

0.918

0.037*

0.734

1‐way ANOVA (α=0.01)

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

79

Sum of
squares

df

Mean
square

F
value

p‐
value

0.224

4

0.056

0.284

0.887

11.042

56

0.197

11.266

60

0.107

4

0.027

0.49

0.743

3.057

56

0.055

3.164

60

1.200

4

0.300

3.083

56

0.055

4.283

60

0.335

4

0.084

3.625

56

0.065

3.960

60

5.447

1.292

0.001†*
*

0.284

Table S9. Temporal variations in ethoxyresorufin‐O‐deethylase activity in four‐
spot megrim Lepidorhombus boscii (18‐22 cm) sampled along the northern
Iberian shelf in September‐October 2003, 2004 and 2005. (**= p‐value< 0.01).
Data set
2004‐2005

t‐test for the mean
(α=0.05)

Levene´s test
(α=0.05)

Area

F value

p‐value

t

df

p‐
value

Galicia S

0.217

0.644

‐2.861

47.000

0.006**

Cantabria

0.477

0.493

‐4.024

63.000

0.000**

Data set
2003/04/05
Area

Levene
statistic

Finisterre

0.100

Galicia N

Asturias W

Asturias E

Basque C.

1.217

1.169

0.077

1.666

1‐way ANOVA
(α=0.01)

Levene´s test
(α=0.05)
df df
p‐
1
2 value
2

2

2

2

2

86

95

98

11
3

14
2

0.905

0.301

0.315

0.926

0.193

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

80

Sum of
squares

df

Mean
square

F value

p‐
value

38.768

2

19.384

67.128

0.000**

24.834

86

0.289

63.602

88

21.623

2

10.811

32.166

0.000**

31.931

95

0.336

53.554

97

16.464

2

8.232

26.923

0.000**

29.964

98

0.306

46.428

100

38.403

2

19.201

49.946

0.000**

43.442

113

0.384

81.845

115

8.084

2

4.042

12.720

0.000**

45.122

142

0.318

53.206

144

Table S10. Temporal variations in gluthatione‐S‐transferase activity in four‐
spot megrim Lepidorhombus boscii (18‐22 cm) sampled along the northern
Iberian shelf in September‐October 2003, 2004 and 2005.
(*= p‐value< 0.05;**= p‐value< 0.01).
Data set
2004‐2005
Area

t‐test for the mean
(α=0.05)

Levene´s test
(α=0.05)
p‐
F value
value

t

df

p‐
value

Galicia S

0.202

0.655

‐2.213

47.000

0.032*

Cantabria

0.963

0.330

‐1.279

63

0.206

Data set
2003/04/05

Kruskall Wallis test
(α=0.05)

Levene´s test
(α=0.05)

Area

Leven
e´s
statisti
c

df
1

df2

p‐
value

Chi‐Square

df

p‐
value

Galicia N

5.295

2

94

0.007*

64.920

2

0.000*

Asturias E

4.416

2

114

0.014

87.242

2

0.000*

Data set
2003/04/05

Area

df
1

df
2

p‐
value

Finisterre

0.246

2

89

0.783

Basque C.

1‐way ANOVA
(α=0.01)

Levene´s test
(α=0.05)
Leven
e´s
statisti
c

Asturias W

*

2.815

1.112

2

2

97

13
4

0.065

0.332

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

81

Sum of
squares

df

Mean
square

F value

p‐
value

12.423

2

6.211

78.583

0.000

7.035

89

0.079

19.457

91

16.368

2

8.184

138.299

0.000

5.740

97

0.059

22.108

99

27.346

2

13.673

172.919

0.000

10.595

134

0.079

37.941

136

Table S11. Temporal variations in catalase activity in four‐spot megrim
Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian shelf in
September‐October 2003, 2004 and 2005. (*= p‐value< 0.05;**= p‐value< 0.01).

Data set
2004‐2005
Area

t‐test for the mean
(α=0.05)

Levene´s test
(α=0.05)
F value
p‐
value

t

df

p‐
value

Galicia S

1.980

0.166

‐2.565

47.000

0.014*

Cantabria

2.532

0.117

1.959

63.000

0.054

Data set
2003/04/05

Area
Asturias E

Levene´s test
(α=0.05)
Leven
e´s
statisti df
c
1
3.302

2

Data set
2003/04/05

Area
Finisterre

Galicia N

Asturias W

Basque C.

Kruskall Wallis test
(α=0.05)

df2

p‐
value

Chi‐Square

df

p‐
value

115

0.040

55.428

2.000

0.000*

Levene´s test
(α=0.05)
Leven
e´s
statisti df
c
1
1.479

0.238

0.869

2.783

2

2

2

2

df2

p‐
value

89

0.233

94

96

134

1‐way ANOVA
(α=0.01)

Autumn
2004
Inter‐
groups
Intra‐
groups

Sum of
squares

df

Mean
square

F value

p‐
value

8.682

2

4.341

36.218

0.000**

10.668

89

0.120

Total
Inter‐
groups
Intra‐
groups

19.350

91

6.758

2

3.379

38.565

0.000**

8.236

94

0.088

14.994

96

0.423

Total
Inter‐
groups
Intra‐
groups

14.980

2

7.490

71.308

0.000**

10.084

96

0.105

25.063

98

0.065

Total
Inter‐
groups
Intra‐
groups

4.804

2

2.402

20.596

0.000**

15.628

134

0.117

Total

20.433

136

0.789

82

Table S12. Temporal variations in glutathione reductase activity in four‐spot
megrim Lepidorhombus boscii (18‐22 cm) sampled along the northern Iberian
shelf in September‐October 2003, 2004 and 2005.
(*= p‐value< 0.05;**= p‐value< 0.01).
Data set
2004‐2005
Area

t‐test for the mean
(α=0.05)

Levene´s test
(α=0.05)
p‐
F value
value

t

p‐
value

df

Galicia S

0.457

0.502

‐3.342

47

0.002*

Cantabria

2.698

0.105

‐7.674

63

0.000*

Data set
2003/04/05

Area

Finisterre

Galicia N

Asturias W

Basque C.

1‐way ANOVA
(α=0.01)

Levene´s test
(α=0.05)
Leven
e´s
df
df2
statisti 1
c
1.363

1.777

0.545

1.094

2

2

2

2

88

94

97

134

p‐
value
0.261

0.175

0.581

0.338

Autumn
2004
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

83

Sum of
squares

df

Mean
square

F value

p‐
value

5.952

2

2.976

30.285

0.000**

8.648

88

0.098

14.600

90

6.019

2

3.010

42.533

0.000**

6.651

94

0.071

12.670

96

9.259

2

4.630

42.255

0.000**

10.628

97

0.110

19.887

99

1.761

2

0.881

10.227

0.000**

11.539

134

0.086

13.301

136

Table S13. Temporal variations in ethoxyresorufin‐O‐deethylase activity in
dragonet Callionymus lyra (15‐22 cm) sampled along the northern Iberian shelf
in September‐October 2003, 2004 and 2005.
(*= p‐value< 0.05;**= p‐value< 0.01).
Data set
2004‐2005
Area

t‐test for the mean
(α=0.05)

Levene´s test
(α=0.05)
p‐
F value
value

Asturias W

1.883

0.176

Asturias E

0.691

0.413

Data set
2003/04/05

t
6.3
12
4.3
39

Levene´s test
(α=0.05)

Area

Levene´s
statistic

df1

df2

p‐
value

Cantabria

3.666

2

59

0.032*

Data set
2003/04/05
Area

Levene´s
statistic

Galicia N

2.513

Levene´s test
(α=0.05)
p‐
df1 df2
value
2

49

0.091

df

p‐
value

50

0.000*

26

0.000*

Kruskall Wallis test
(α=0.05)
p‐
Chi‐Square
df
value
33.934

2

0.000*

1‐way ANOVA
(α=0.05)
Autumn
2004
Inter‐
groups
Intra‐
groups
Total

84

Sum of
squares

df

Mean
square

F
value

p‐
value

21.805

2

10.902

40.91

0.000**

13.057

49

0.266

34.861

51

Table S14. Temporal variations in gluthatione‐S‐transferase activity in dragonet
Callionymus lyra (15‐22 cm) sampled along the northern Iberian shelf in
September‐October 2003, 2004 and 2005. (*= p‐value< 0.05;**= p‐value< 0.01).
Data set
2004‐2005
Area
Asturias W

Asturias E

Data set
2003/04/05
Area

Galicia N

Cantabria

Levene´s test
(α=0.05)
F
valu
e
Assuming equality
1.999
of variances
Assuming no
equality of variances
Assuming equality
1.458
of variances
Assuming no
equality of variances
Levene´s test
(α=0.05)
Leve
p‐
ne´s
df1
df2
valu
statis
e
tic
0.468

0.593

2

2

50

60

0.629

0.556

t‐test for the mean
(α=0.05)
p‐value

t

df

p‐
value

0.164

‐5.882

50.000

0.000*

‐6.457

40.547

0.000*

‐1.574

26.000

0.128

‐1.574

21.520

0.130

0.238

1‐way ANOVA
(α=0.01)

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

85

Sum of
squares

df

Mean
square

F‐
value

p‐
value

1.285

2

0.643

9.110

0.000**

3.527

50

0.071

4.813

52

0.111

2

0.055

0.777

0.464**

4.274

60

0.071

4.385

62

Table S15. Temporal variations in catalase activity in dragonet Callionymus lyra
(15‐22 cm) sampled along the northern Iberian shelf in September‐October
2003, 2004 and 2005.
(*= p‐value< 0.05; **= p‐value< 0.01).
Data set
2004‐2005

Asturias
W
Asturias E

Levene´s test
(α=0.05)
p‐
F value
value

t‐test for the mean
(α=0.05)
t

df

p‐
value

0.394

0.533

‐2.375

50.000

0.021*

0.001

0.973

‐2.303

26.000

0.030*

Levene´s test
(α=0.05)

Data set
2003/04/05

Kruskall Wallis test
(α=0.05)

Area

Levene´
s
statistic

df1

df2

p‐
value

Chi‐Square

df

p‐
value

Galicia N

3.379

2

50

0.042

18.189

2

0.000*

Levene´s test
(α=0.05)

Data set
2003/04/05
Area
Cantabria

Levene
df
´s
1
statistic
1.468

2

1‐way ANOVA
(α=0.01)

df2

p‐value

60

0.239

Inter‐
groups
Intra‐
groups
Total

86

Sum of
square
s

df

Mean
square

F
value

p‐
value

0.199

2

0.099

0.678

0.511

8.780

60

0.146

8.979

62

Table S16. Temporal variations in glutathione reductase activity in dragonet
Callionymus lyra (15‐22 cm) sampled along the northern Iberian shelf in
September‐October 2003, 2004 and 2005. (*= p‐value< 0.05; **= p‐value< 0.01).
Data set
2004‐2005
Area
Asturias
W
Asturias
E
Data set
2003/04/05
Area
Galicia N

Cantabria

Levene´s test
(α=0.05)

t‐test for the mean
(α=0.05)

F value

p‐value

t

df

p‐
value

0.192

0.663

‐4.628

50.000

0.000*

0.510

0.481

‐3.099

26.000

0.005*

Levene´s test
(α=0.05)
Levene´s
df1 df2
statistic
0.196

1.647

2

2

50

60

1‐way ANOVA
(α=0.01)
p‐
value
0.822

0.201

Inter‐
groups
Intra‐
groups
Total
Inter‐
groups
Intra‐
groups
Total

87

Sum of
squares

df

Mean
square

2.526

2

1.263

3.241

50

0.065

5.767

52

3.483

2

1.742

3.591

60

0.060

7.075

62

F
value

p‐
value

19.488 0.000**

29.098 0.000**
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Chapter 4

Abstract
The usefulness of applying biological‐effects techniques (bioassays and
biomarkers) as tools to assist in evaluating damage to the health of marine
ecosystems produced by oil spills has been demonstrated clearly during recent
decades. Guidelines are provided for the use of biological‐effects techniques in oil
spill pollution monitoring for the NE Atlantic coasts and the NW Mediterranean Sea.
The emphasis is on fish and invertebrates and on methods at lower levels of
organization (in vitro, suborganismal, and individual). Guidance is provided to
researchers and environmental managers on: hazard identification of the fuel oil
released; selection of appropriate bioassays and biomarkers for environmental risk
assessment; selection of sentinel species; the design of spatial and temporal surveys;
and the control of potential confounding factors in the sampling and interpretation of
biological‐effects data. It is proposed that after an oil spill incident, a monitoring
programme using integrated chemical and biological techniques be initiated as soon
as possible for ecological risk assessment, pollution control, and monitoring the
efficacy of remediation. This can be done by developing new biomonitoring
programmes or by adding appropriate biological‐effects methods to the existing
monitoring programmes.

1. Introduction
Marine pollution caused by liquid petroleum (crude oil and products refined
from it) may cause serious environmental impacts when released into the marine
environment, whether as catastrophic spills or chronic discharges. Such pollution will
therefore pose a significant risk to marine life and to the coastal environments where
spills most often occur, especially near marine oil producing regions, along the main
oil‐tanker routes, and close to major petroleum handling facilities (ports, refineries,
etc.). The global energy crisis arising from the exhaustion of existing oil producing
fields implies increasing use of alternative energy sources in the coming decades.
Meanwhile, the world’s demand for oil is rising and, combined with a potential
shortfall in supply, may lead to volatility in prices. Consequently, investments will be
made to find new oil fields, most of which are likely to be offshore. Although
operational and accidental discharge of oil from vessels has been reduced in the past
decades and new regulations concerning tanker safety and the prevention of
pollution by oil spills in the marine environment are continuously being developed
and adopted, the increasing demand for oil and associated transport by sea continues
to pose a risk of oil pollution and, hence, potential damage to coastal and marine
ecosystems.
The North Sea is a major oil and gas production area with intense transport of
oil by tankers and pipelines; new investment there is continuing. Each year, 800
million tonnes of oil are transported to or from European ports. About 70% of oil‐
tanker routes in the EU are found along the Atlantic and North Sea coasts (the
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remaining 30% being via the Mediterranean Sea), making those zones the most
vulnerable to oil spills (EU, 2007). In addition, European waters contain major
shipping routes for the transport of petroleum products to/from other countries
outside the EU, e.g. in the Mediterranean Sea, where thousands of oil tankers coming
from the Middle East via the Suez Canal, or transiting around South Africa, pass the
Straits of Gibraltar each year carrying crude oil to Europe and North America. As a
consequence of the volume of traffic, major oil spills such as the “Amoco Cadiz”
(Brittany, France, 1978), “Haven” (Genoa, Italy, 1991), “Braer” (Scotland, UK, 1993),
“Sea Empress” (Wales, UK, 1996), “Erika” (Brittany, France, 1999), and the “Prestige”
(Galicia, Spain, 2002) do take place occasionally and receive considerable public
attention owing to the obvious acute environmental impacts, e.g. oil‐coated
shorelines and wildlife mortalities.
After a marine oil spill, monitoring and impact assessment is commonly
based on the chemical measurements of petroleum related hydrocarbons in different
biota and marine compartments (sediments, water). However, those measurements
fail to give information on the bioavailability and bioactivity of the compounds, so
ecotoxicological methods are needed as a complement to chemical analyses. The
incorporation of an effective suite of bioassays and biomarkers of exposure and effect
can provide insights into the causality of any higher‐level adverse effects that may be
observed. During recent decades, many studies of oil spills in European waters and
elsewhere have clearly demonstrated the potential and usefulness of applying
biological‐effects techniques in oil spill impact assessments, particularly concerning
sublethal and long‐term impacts at low levels of biological organization in organisms,
and monitoring the efficacy of remediation (e.g. Stott et al., 1983; Berthou et al., 1987;
Solé et al., 1996; Davies and Topping, 1997; Lyons et al., 1997; Edwards and Sime,
1998; Harvey et al., 1999; Fernley et al., 2000; Jewett et al., 2002; Peterson et al., 2003;
Auffret et al., 2004; Bocquené et al., 2004; Budzinski et al., 2004; Geffard et al., 2004;
Laubiert et al., 2004; Lee and Anderson, 2005; Beiras and Saco‐Alvarez, 2006;
Cajaraville et al., 2006; Marigómez et al., 2006; Martínez‐Gómez et al., 2006, 2009;
Ordas et al., 2007).However, our understanding of the risk posed to the marine
environment by chronic releases of petroleum and especially the cumulative effects of
petroleum‐related toxic compounds is still limited (NRC, 2003).
The ultimate purpose of toxicity assessment and environmental monitoring is
to protect ecosystems from anthropogenic alterations. Using suborganism assays, the
modes of action of substances can be detected and, if basal cytotoxicity or key
functions are affected, they can give valuable information on possible consequences
for populations and communities. The strength of the use of bioassays and
biomarkers at low levels of biological organization is that these endpoints can
provide reliable indications of the degree of exposure and of the resulting effects on
the test organism. The use of such biological‐effects techniques in ecotoxicology and
ecological risk assessment has been criticized as a result of the lack of a clear
ecological relevance, because their linkage to population and community‐level effects
often remains tenuous (Forbes et al., 2006; Hagger et al., 2006). Thus far, it has not
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been realistic to state that biological techniques proposed for use following marine oil
spills offer enough information by themselves to provide predictions of broader
ecological effects, because it is not obvious usually how such information can be
conceptually linked with effects at these levels (Thain et al., 2008). However, it is
recognized that detecting effects before they become serious requires monitoring at
lower levels of organization (Moore, 1998). The use of bioassay/biomarkers offers
invaluable early warning information to be used to improve the processes of hazard
assessment for populations (Esler et al., 2002; Moore et al., 2006) and ecological risk
assessment (Eason and O ´ Halloran, 2002; Hagger et al., 2006). Therefore, their use
substantially contributes to the three main aims of environmental managers after an
oil spill incident:
(i) measurement of the toxicity of the spilled petroleum‐related compounds as part of
the hazard assessment;
(ii) spatial estimation of the extent and the magnitude of the damage on the marine
ecosystems affected;
(iii) evaluation of the time to recovery after the oil spill and/or the effectiveness of any
policy measures taken.
At the current state of scientific development, a range of standardized
biological‐effects techniques is available that can provide information on the degree
of exposure to petroleum‐related hydrocarbons and/or their effects upon the
individual organisms in a population. We provide guidelines on the selection and use
of appropriate batteries of bioassays and biomarkers for toxicity assessment and for
monitoring the biological effects at low levels of biological organization in fish and
invertebrates associated with oil spills in western European waters in relation to the
three management requirements listed above. The guidelines are based largely on
advice prepared for the Oslo and Paris Commission (OSPAR) by members of the
International Council for Exploration of the Sea (ICES) Working Group on Biological
Effects of Contaminants (WGBEC). The batteries of assays recommended by WGBEC
have been selected, after critical review and discussion, from the broad range of
assays that are applicable at low levels of biological organization (ICES, 2007a). Our
aim is to provide guidelines applicable to EU waters, in particular the Northeast
Atlantic and western Mediterranean, accompanied by a general overview of the
relevant literature in this field.

2. A general overview on toxicity and environmental effects of
petroleum‐related hydrocarbons
Liquid petroleum is a complex mixture of tens of thousands of compounds, in
which various hydrocarbons are the most abundant classes, usually accounting for
75% of the total oil composition (OSPAR, 2004). Nitrogen‐, sulphur‐, and oxygen
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containing hydrocarbon analogues and other materials such as metals (iron, nickel,
vanadium, and arsenic) can be important minor constituents. These hydrocarbon
compounds include saturated substances (alkanes and cycloalkanes), unsaturated
substances or oleofins, aromatic compounds (mono‐ and polyaromatic), and polar
compounds. Monocyclic aromatic hydrocarbons (benzene, toluene, phenols), but
particularly polycyclic aromatic hydrocarbons (PAHs), are possibly the contaminants
that have the most serious long‐term environmental effects.
The chemical and physical nature of crude oils or refined products
determines the fate and effects of these compounds in marine ecosystems. The
lightest oils (classes A and B) will spread rapidly on solids or water surfaces and may
be acutely toxic to humans, fish, and other biota. Despite having a fast rate of
evaporation, these types of oil do not tend to adhere to surfaces, but penetrate porous
materials including muddy or sandy sediment, and may persist in such matrices.
Therefore, chronic exposure to hydrocarbons may result from the incorporation of
spilled oil into sediments in which the breakdown of oil components is retarded. On
the other hand, the heavy or non‐fluid oils (classes C and D) will attach more strongly
to solid materials, but the oil does not readily penetrate porous materials. Those types
of oil are relatively dense and often sink. The acute toxicity of heavy oils is much
lower than that of classes A and B, but wildlife can be smothered by such materials.
Likewise, heavier compounds of the oil that disperse as droplets can persist in
suspension for a long time, many years on occasion, and may be transported
thousands of kilometres by water currents, whereas the remaining crude oil partly
dissolves in the water and partly forms tar. In contrast to beaches and shallow
subtidal habitats, deep‐sea benthic habitats do not benefit from the clean‐up activities
conducted after a spill to reduce any long‐term impacts. Moreover, the residual oil on
the deep seabeds will be subject to very low physical energy. Dispersion may be
relatively weak, and biodegrading and weathering processes relatively slow.
A typical crude oil may contain 0.2 to 0.7% total PAHs, with four‐ through
six‐ring PAHs present at low or trace concentrations (NRC, 2003). PAHs such as
naphthalene, benzo[a]anthracene, benzo[b]fluoranthene, benzo[k]fluoranthene,
benzo[a]pyrene, and dibenzo[a,h]anthracene have been classified by the International
Agency for Research on Cancer (IARC) as possible or probable human carcinogens
(groups 2A and 2B; IARC, 1989) so may pose a risk to humankind and wildlife. As the
aromatic hydrocarbon fractions of fuel/crude oil will be the most toxic fractions,
chemical characterization and quantification of this group of constituents have been
prioritized. For environmental fate and ecotoxicological studies of oil spill situations,
however, chemical analysis of the aromatic hydrocarbons in the liquid petroleum
(crude oil/refined products) will not be sufficient, because other compounds
associated with the spill or generated during weathering processes will contribute to
the toxicity under certain field conditions (Burns et al., 2000; Neff et al., 2000). In
addition, the use of chemical oil dispersants may be a factor contributing to the
toxicity of PAHs (Cotou et al., 2001; Fuller et al., 2004).
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The toxicity of hydrocarbons is the result of the uptake of dissolved
hydrocarbons by aquatic organisms, and it can lead to a wide variety of physiological
responses (see the review by NRC, 2003). The overall picture is often complex because
a range of processes, such as biodegradation, bioaccumulation, and
biotransformation, will determine the bioavailability and toxic potency of PAHs and
other petroleum‐related compounds in the field. Moreover, marine organisms, even
from the same taxonomic group, may vary greatly in their sensitivity to the same
compound (NRC, 2003; Van der Oost et al., 2003). During the past few decades, a
large body of research has been published on the biological effects and impact of
petroleum‐related hydrocarbons, such as PAHs, in the marine environment (see the
review by NRC, 2003; Hylland, 2006). PAHs with higher molecular weight (more
than three aromatic rings) are less water‐soluble than two‐ or three‐ring PAHs and
tend to be bound to particles (algae, faecal pellets, soot particles) or dissolved organic
compounds, resulting in lower degradability and consequently higher potential
bioaccumulation in pelagic food webs or sedimentation and accumulation in
sediments. Chronic exposure to petroleum hydrocarbons can affect feeding, growth,
and reproduction and cause irreversible tissue damage. Marine organisms such as
filter‐feeding mollusks have an outstanding ability to bioaccumulate hydrocarbons in
their tissues, whereas other organisms, particularly vertebrates, readily metabolize
and excrete them. However, the degradation pathways may create reactive
intermediates with toxic effects (deBethizy and Hayes, 1994; van Brummelen et al.,
1998). Biotransformation of PAHs and metabolic activation of the carcinogenic PAHs
are thought to take place predominantly through the aryl hydrocarbon receptor
(AhR)‐mediated induction of the CYP1 family of P450 monooxygenases. CYP1A
induction can also increase the metabolism of estrogens, and there may be
interactions between Ah and estrogen receptors, suggesting the potential to interfere
with endocrine processes (Wenger et al., 2009). Several studies have demonstrated
that PAH exposure in polluted environments results in reproductive and
developmental effects in fish (reviewed in Nicolas, 1999; Monteiro et al., 2000; Patel et
al., 2006). Other mechanisms of toxicity that may be involved are non‐polar narcosis
and phototoxicity (Van Brummelen et al., 1998). In particular, their mutagenic and
carcinogenic potential, in addition to their cytotoxic properties (Berthou et al., 1987;
Varanasi et al., 1987; Vethaak et al., 1996; Lyons et al., 1997), pose serious threats to
marine organisms, especially during embryogenesis and early stages of development
(Geffard et al., 2002; Pollino and Holdway, 2002; Incardona et al., 2005). Apart from
directly affecting the reproductive status and the growth of aquatic biota, PAHs
compromise the immune system of fish and other aquatic organisms (Wester et al.,
1994; Wootton et al., 2003; Auffret et al., 2004). These alterations can reach higher
levels of biological organization, where they may alter vital functions that affect the
survival of organisms and cause damage in populations and communities (Capuzzo,
1990; de Maagd and Vethaak, 1998; Peterson et al., 2003).
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3. Toxicity assessment of the spilled petroleum‐related compounds
An essential initial stage in a risk analysis of an oil spill is to gain
understanding of the hazard that the spill presents to the environment. In some cases,
published data may be sufficient to provide initial guidance to managers and fulfill
their need for a hazard assessment, but it is likely that additional information about
the specific material comprising the spill will be required.
Hazard assessment of petroleum‐related compounds should be based on a set
of relevant in vitro/in vivo bioassays conducted on water or sediment extracts. This
may be undertaken rapidly and in a relatively cheap and easy way by analysing field
samples or laboratory exposure experiments (for details see below). Multiple
bioassays can be selected to allow identification of the toxicity profile of the specific
petroleum‐related hydrocarbons concerned. In vitro bioassays comprise bacterial tests
of acute toxicity (e.g. Microtox, Vibrio fischeri assay), genotoxicity (e.g. Umu test, Ames
test), and reporter gene assays for measuring dioxin receptor activation (DR‐CALUX).
In addition to in vitro bioassays, the standard in vivo laboratory toxicity tests (e.g.
algae, crustaceans, sea‐urchins, molluscs, and fish) with lethal or sublethal biological
endpoints may be performed (Table 1).
The application of 3–4 in vitro bioassays covering different modes of action
(AhR‐mediated toxicity, acute toxicity, genotoxicity) of the toxicants is recommended,
particularly including the DR‐CALUX (Table 2). For a more detailed toxicity
assessment, reporter gene assays for estrogenicity screening can be included (YES,
ER‐CALUX). In addition and because of the differences in sensitivity of test
organisms, a test set of in vivo bioassays with different species and different
parameters has to be applied. A small set (3–4) of in vivo bioassays should be
conducted representing different animal classes and different trophic levels,
including at least one embryo larval test (Table 1).
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Table 1. Appropriate in vivo bioassays for toxicity profiling to be used after an oil spill situation.
In vivo bioassays and experimental exposures (whole organisms): Using ambient water, WAF, CEWAF, elutriates or sediments.

Method

Scope for Growth

Timescale of
response by method / expected effect in field
Days / Years

Organism

Purpose / Biological significance

Mussels

Methods

Widdows and Staff, 2006
Physiological impairment

Embryo larval test

Days / Days to weeks

Sea urchins
Mussels
Oysters
Clams

Algal growth inhibition
test
Water/WAF bioassays

Days / Days to weeks depending on conditions

Unicellular
algae
Copepods
Invertebrates

Sediment bioassays

Hours / Days to weeks depending on conditions

Weeks to months depending on conditions

Amphipods
Polychaeta
Clams
Fish
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ASTM, 1993
Mortality and deformity in embryos Beiras and Saco Alvarez,
2006
Mariño‐Balsa et al., 2003
Thain, 1991

Mortality
Mortality and behaviour
Reproductive impairment

Mortality and behaviour
Induction of detoxification
mechanisms and tissue damage
(fish)

Navas et al., 2006
Mariño‐Balsa et al., 2003
Barata et al., 2005
Navas et al., 2006

Thain and Bifield, 2001

Thain and Roddie, 2001
Mariño‐Balsa et al., 2003
Beiras and Saco‐Alvarez,
2006
Morales‐Caselles et al.,
2006

The in vitro and in vivo bioassays for the toxicity assessment of petroleum‐
related hydrocarbons in Table 1 and Table 2 can be conducted using ambient water,
the water‐accommodated fraction (WAF), the chemically enhanced WAF (CEWAF),
elutriates, sediments or their extracts, and also using fish bile for some in vitro
bioassays (ER‐CALUX and YES). The use of ambient water and WAF is
recommended for toxicological profiling soon after the spill, although when chemical
oil dispersants have been applied, the bioassays on CEWAF also offer valuable
relevant information (Ramachandran et al., 2004, 2006; Casado et al., 2006; Navas et
al., 2006). In vitro bioassays can be conducted in an integrated way with in vivo
bioassays using fish, e.g. by assessing exposure to estrogenic compounds through
levels in fish bile.
As spill response develops, it will become more important to direct the
hazard assessment towards the environmental conditions at the site of the spill.
Exposure concentrations used to perform toxicity tests should be similar to those
expected or measured in the field. Salinity and temperature of the ambient water,
particularly when chemical oil dispersants have been used, also have an influence on
the toxicity (Ramachandran et al., 2004, 2006). With weathering processes and loss of
the monoaromatic compounds, the PAHs become more significant contributors to the
toxicity of weathered oils. Therefore, these factors must be taken into account in the
sampling design of the experiments. The use of local seawater is recommended, but if
that is not possible, salinity and temperature should be similar to those existing in
field conditions. Some studies have demonstrated the impact of natural light (UV) on
the toxicity of certain environmental contaminants (including PAHs) in elutriates and
WAF, through photodegradation and photoactivation processes (Garret et al., 1998;
Mallakin et al., 1999; Little et al., 2000; Lyons et al., 2002, 2006; Kirby et al., 2007). The
potential influence of the UV factor on the toxicity can be considered by the
establishment of two treatments (with or without UV light exposure) in the
experiments, but also using fresh and artificially weathered oil for the experiments
(for details, see Aurand and Coelho, 2005).
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Table 2. Appropriated in vitro bioassays for toxicity profiling to be used after an oil spill situation.
In vitro toxicity profiling using ambient water, WAF, CEWAF, sediment or biota extracts.

Method

Timescale of
response by method /
expected effect in field

Organism

Action mode

Dioxin receptor (AhR)‐mediated chemical
activated luciferase gene expression assay (DR
CALUX)

Hours / Days to months
depending on conditions

H4IIE
genetically
modified rat
hepatoma cells

Induction of
xenobiotic
detoxification
system

Estrogen receptor (ER)‐mediated chemical
activated luciferase gene expression assay (ER
CALUX; ER‐LUC)
(also using fish bile)

Hours / Days to months
depending on conditions

Alteration of
endocrine system

Estrogen receptor (ER)‐mediated chemical
activated luciferase gene expression assay ER‐
LUC)
(also using fish bile)

Hours / Days to months
depending on conditions

T47D
genetically
modified
human breast
cancer cells
BG1luc4E2
human ovarian
cancer cells

Yeast Estrogen Screen (YES)
(also using fish bile)

Hours /Days to weeks
depending on conditions

Genetically
modified yeast
cells
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Purpose /
Biological
significance
Measure of
exposure to
planar organic
compounds
including
PAHs
Measure of
exposure to
estrogenic
compounds

Methods

Murk et al., 1996
Klamer et al., 2005

Legler et al., 1999,
2002a,2002b
Houtman et al., 2007
Klamer et al., 2005

Alteration of
endocrine system

Measure of
exposure to
estrogenic
compounds

Rogers and Denison, 2000

Alteration of
endocrine system

Measure of
exposure to
estrogenic
compounds

Routledge and Sumpter,
1996.
Gibson et al., 2005
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Table 2 (cont.) Appropriated in vitro bioassays for toxicity profiling to be used after an oil spill situation.
In vitro toxicity profiling using ambient water, WAF, CEWAF, sediment or biota extracts.

Method

Timescale of
response by method /
expected effect in field

Organism

Action mode

Purpose /
Biological
significance

Methods

Acute Toxicity: Microtox , Vibrio fisheri assay

Hours / Days to weeks
depending on conditions

Genetically
modified
bacteria
Photobacterium
phosphoreum,
Vibrio fisheri

Toxic stress:
Reduction in
intensity of light
emitted from the
bacteria

Measure of
acute toxicity

Environment Canada,
1992.
Stronkhorst et al., 2003
Klamer et al., 2005,
Morales‐Caselles et al.,
2008

Genotoxicity test:
Umu test, Ames test

Hours / Days to weeks
depending on conditions

Genetically
modified
bacteria
Salmonella
typhimurium

Expression of SOS
response Umu‐C
genes induced by
genotoxic
compounds

Measure of
reverse
mutation
induced by
genotoxic
compounds

Maron and Ames, 1983
Oda et al., 1985
Klamer et al., 2005
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4. Monitoring the biological effects of spilled petroleum‐related
compounds
4.1. General considerations
Although hazard assessment describes the toxic potential of the petroleum‐
related compounds, the relevant risk assessment considers the effects of such
compounds when released into the environment through an oil spill. Monitoring after
spills is normally required to determine whether contaminant exposure results in
ecologically relevant harm to living resources, and a study of organisms collected
from their natural habitats is required. This provides a validation of the conclusions
of the hazard assessment, and it is essential for the environmental risk analysis and
environmental management. The sampling design of such a biological‐effects
monitoring programme is related to the scientific and management objectives of the
study. Spatial estimation of the extent and the magnitude of the damage on the
marine ecosystems affected will be assessed through spatial monitoring programmes
and the evaluation of the time to recovery after the oil spill, and/or the effectiveness
of any policy measures taken will be conducted through a temporal monitoring
strategy. Although such distinction is used in these guidelines, there is nothing to
prevent the two activities from being carried out simultaneously, as long as this is
recognized in the design of the programme and appropriate to the selected statistical
analysis of the data. The objectives and sampling design for both monitoring
objectives are closely related, and they should be developed simultaneously. Note
that biogeographical differences between countries and the local requirements for oil
spill responses and activities may require adaptations to this general guidance.
The contribution of non‐spill background PAH concentrations, particularly
combustion‐derived (pyrogenic) PAH, can be a confounding factor when evaluating
biomarker results in oil‐spill monitoring programmes. It is essential that a set of
biomarkers be used in conjunction with supporting analytical chemistry data from
samples of water, sediment and/or biota, and other biological measurements.
Appropriate integration of sampling for biological effects and chemistry can be
conducted according to the specific or integrated guidelines developed by OSPAR
(2004) and ICES (2006, 2007b) as part of existing programmes. The study of PAH
ratios (e.g. fluoranthene/pyrene and chrysene/benzofluoranthenes) and fingerprinting
analysis using molecular markers can provide signatures for identifying hydrocarbon
sources in the environmental matrices (Soriano et al., 2006). Certain PAH metabolites
(1‐pyrenol and 1‐naphthol) in fish bile also can add valuable information about the
origin (petrogenic/pyrogenic) of the PAH exposure in fish biomarker monitoring
(Fernandes et al., 2008).
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4.2. Selection of appropriate sentinel species
Biological techniques will generally be applied to representative organisms
from the marine environment where the petroleum related hydrocarbons have been
spilled or have accumulated. Whenever possible, one should use monitoring species
for which biological‐effects techniques are well‐documented. That is the case for
mussels and for certain demersal fish species (European flounder, dab, Atlantic cod,
and red mullet), which are routinely used in biomonitoring programmes for assessing
contamination along western European marine waters and for which background
data are available (Table 3).
Methods will have to be adapted for alternative sentinel species using site‐
specific monitoring criteria, including a wide distribution in the affected area,
benthic/demersal life style, close contact with sediment or active filter‐feeders, and
low migratory activity, as well as relative ease of sample collection (Harvey et al.,
1999; Pietrapiana et al., 2002; Budzinski et al., 2004; Marigómez et al., 2006; Martínez‐
Gómez et al., 2006; Joly‐Turquin et al., 2009).
4.3. Biomarkers of short‐ and long‐term responses
Tables 4 and 5 provide summaries of the most practical and useful
biomarkers for oil spill situations, with special reference to the type of response
measured, the time‐scale of response of each method, the time‐scale of expected effect
in the field, the organism used, and the target tissue/organ. For certain biomarkers,
several techniques are available, and final selection should be based on the capacity
and experience of the research group involved. Some biomarkers reflect an acute
response to a short‐term exposure directly after the oil spill (days to months); others
reflect a chronic response after a long‐term exposure (months to years). For oil spill
biomonitoring programmes, 3–4 biomarkers of the short‐term effects (Table 4) and 3–
4 of the long‐term effects (Table 5) should be included. Acute biomarker responses
include induction of the 1A family of cytochrome P450 enzymes (CYP1A). The
activity of 7‐ethoxyresorufin‐O‐deethylase (EROD) appears to be the most sensitive
catalytic probe for determining the inductive response of CYP1A1 in vertebrates.
Acute biomarker responses further include induction of other biotransformation
enzymes, e.g. glutathione‐conjugating and antioxidant enzymes, formation of PAH
metabolites, and general markers of physiological status, e.g. lysosomal membrane
stability (LMS). Chronic biomarker responses measuring the long‐term effects
putatively resulting in carcinogenesis and reproductive failure include prolonged
oxidative stress, DNA damage, and enzymes of steroid metabolism. histopathological
changes, in particular liver disease, are also important indicators of chronic effects of
PAH exposure. LMS reflects the whole range of time‐scale in its response from very
early to long‐term effects.

101

Chapter 4

Table 3. Field organisms recommended as target monitoring species in oil spill
situations.
Target
organisms
Demersal fish
species

Species

European Flounder
(Platichthys flesus)

Geographical area used for
monitoring
Northeast Atlantic: North
Sea

Dab (Limanda limanda)

Northeast Atlantic: North
Sea, Irish Sea
Plaice (Pleuronectes platessa) Northeast Atlantic, North
Sea
Four‐spot megrim
Galician and Cantabrian
(Lepidorhombus boscii)
shelf
Mediterranean Sea
Dragonet (Callionymus
Northeast Atlantic: North
lyra)
Spain and France
Common sole (Solea solea)
Northeast Atlantic: France
Eelpout (Zoarces viviparous) Northeast Atlantic: North
Sea
Red mullet (Mullus
Mediterranean Sea
barbatus)
Haddock (Melanogrammus Northeast Atlantic, North
aeglefinus)
Sea

Marine Environment for
monitoring
Estuaries / Coastal areas /
Inner shelf
Inner/ Middle shelf
Estuaries / Coastal areas /
Inner shelf
Middle and outer shelf

Estuaries / Coastal areas /
Inner shelf
Estuaries / Coastal areas /
Inner shelf
Estuaries / Coastal areas
Coastal areas / Inner shelf
Inner shelf/middle shelf

Demersal
/pelagic
species

Atlantic cod (Gadus
morhua)

Northeast Atlantic, North
Sea

Middle shelf

Molluscs

Mussel (Mytilus edulis and
Mytilus galloprovincialis)

Northeast Atlantic
North sea
Biscay Bay
Cantabrian Sea
Mediterranean Sea

Estuaries / Coastal areas

The selection of acute biomarker responses will depend on the target
organisms used: for fish, PAH bile metabolites, EROD activity, antioxidant activities,
and LMS are the recommended methods. For mussels, LMS, antioxidant activities,
and acetyl‐cholinesterase (AChE) inhibition are recommended. Selection of chronic
biomarker responses preferably should include the measurement of DNA damage
and histopathology in liver/digestive gland, lipid peroxidation/oxidative stress, and
LMS. Liver lesions cause degenerative changes that impair the cytochrome P450‐
dependent enzymes of the mixed‐function oxygenase detoxification system (Köhler
and Pluta, 1995). Measurements of LMS in fish as a long‐term effect reflect the impact
on liver function. This biomarker provides useful supporting information if EROD
measurements are also being made. Examination for histological changes in the
gonads of both mussels and fish also will offer valuable information (Stott et al., 1983)
and is essential in those cases where endocrine disruption effects may be expected
according to the results of the biological toxicity profile (YES and ER‐CALUX). If

102

Biomonitoring and marine oil spills

evidence of estrogenic endocrine disruption effects is observed in gonadal fish tissue,
such as intersex in male fish (Gercken and Sordyl, 2002; Vethaak et al., 2002),
measurement of other biomarkers, e.g. vitellogenin in male and juvenile fish blood
plasma, should be added to the monitoring programme (Scott and Hylland, 2002).

4.4. Confounding factors
When biomarkers are used in monitoring programmes, it is important to be
aware of potential confounding factors (Thain et al., 2008). Seasonal variations in
temperature affect the biological activities of marine organisms (especially EROD
activity) and may also affect the behaviour, toxicity, and bioavailability of the oil. To
make a critical assessment of the field data, parameters such as temperature and
salinity of the ambient water in the sampling period must be recorded. The age/size,
sex, maturation, and reproductive cycle of the sentinel species may affect the
biomarker responses. To reduce the possible effect of these biological factors, samples
should be as homogeneous as possible. Specimens have to be sampled within a
limited size range, which may vary in terms of function of the species selected and
the availability within the geographical area studied. For fish, data from males and
females should not be mixed before analyses if significant differences attributable to
this factor cannot be ruled out. Sampling time should be outside the spawning season
to avoid any influence of spawning activity on certain biomarker responses, although
for certain biomarkers such as histology in gonads, the sampling of mature animals in
pre‐spawning condition can be necessary. Sampling period and frequency would be
related to the purposes of the monitoring, as discussed below. In general, parallel
sampling in a similar control or reference area can assist greatly in interpreting
monitoring data.
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Table 4. Major short‐term (acute) biomarkers recommended to be used after an oil spill.
Timescale of response
by method / Timescale
of response expected
in field

Organism

PAH bile metabolites

Hours / Days to
months
depending on
conditions

Fish

Bile

Indicates exposure to PAHs

Ariese et al., 2005

Lysosomal membrane stability

Hours / Days to
months
depending on
conditions

Mussels
Fish

Blood cells or
digestive gland Liver

Subcellular damage

Moore et al., 2004
Köhler et al., 2002

Ethoxyresorufin‐O‐deethlyase
(EROD) activity

Days / Days to months
depending on
conditions

Fish

Liver

Induction of detoxification
mechanisms

Galgani and Payne, 1991
Stagg and McIntosh, 1998

Acetyl cholinesterase (AchE)
inhibition

Hours / Months

Mussels

Gills

Inhibition of AChE
activity as general indicator of
physiological status

Bocquené et al., 1998 and
Bocquene et al.,2004

Antioxidant activities:
* Superoxide dismutase (SOD)
* Catalase (CAT)
* Glutathione peroxidase (GPX)
* Gluthatione reductase (GR)
* DT‐diaphorase (DT‐D)

Days / Days to months
depending on
conditions

Mussels
Fish

Digestive gland Liver

Induction of oxidative stress
responses enzymes

Acute effect biomarkers

Target tissue
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Purpose / Biological
significance

Methods

Ramos‐Martínez et al., 1983
Greenwald, 1985
Livingstone et al., 1992

Biomonitoring and marine oil spills

Table 5. Major long‐term (chronic) biomarkers recommended to be used after an oil spill.

Biomarker of long‐term effects

Timescale of response by
method / Timescale of
response expected in
field

Lipid peroxidation /oxidative
stress:

Organism

Target tissue

Purpose / Biological
significance

Molluscs.
Fish

Digestive gland
Liver

Cellular response to
oxidative stress

Buege and Aust, 1978
Krishnakumar et al., 1994
Winston et al, 1998
Regoli and Winston, 1999
Köhler et al., 2002
Pampanin D.M, 2005
Kaloyianni et al., 2009

Mussels

Interference with steroid
metabolism / effects of
reproductive Performance /
endocrine disruption

Moore et al., 2004
Köhler et al., 2002

Fish

Blood cells or
Digestive gland
Liver

Mussels
Fish

Blood cells, gills, digestive
gland Liver

Genotoxic damages

MacGregor, 1991; Aas et al., 2002
Pietrapiana et al., 2002
Siu et al., 2004 ; Taban et al., 2004
Akcha et al., 2004
Dolcetti et al., 2002
Lyons et al., 2004; Aas et al., 2000
Everaarts, 1995; Shugart, 1988
Nacci et al., 1992; Kohn et al., 1981
UNEP/RAMOGE, 1999

Hours‐Days / Months
* Total Oxidant Scavenging
Capacity (TOSC)
* Malondialdehyde (MDA)
* Lipofucsin content

Lysosomal membrane stability

Hours‐Days / Months
Hours‐Days / Months

Hours / Days to months
depending on
conditions

DNA damage:
* Micronuclei frequency
(MN)
* Comet assay
* DNA adducts
* Alkaline unwinding
* Alkaline elution

Methods

Hours / Days to months
depending on conditions
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Table 5 (cont.). Major long‐term (chronic) biomarkers recommended to be used after an oil spill.

Biomarker of long‐term effects

Timescale of response by
method / Timescale of
response expected in
field

Histopathology

Months / 1+ years

Organism

Mussels
Fish

Target tissue

Target organs including
liver, digestive gland,
gills and gonads

106

Purpose / Biological
significance

Tissue damage /
neoplastic diseases

Methods

Feist et al., 2006
Feist et al., 2004
Winzer et al., 2001
Vethaak et al, 2002

5. Spatial estimation of the extent and the magnitude of the damage
to marine ecosystems
In any oil spill situation, it is important to assess the spatial extent of the area
in which organisms have been affected by the spill. If a spatial impact is to be
detected, special attention has to be directed towards the sampling design, e.g. the
BACI (Before, After, Control, Impact) sampling design (Kingsford, 1998). However, in
the particular cases of accidental oil spills, a BACI sampling design is not fully
realistic because of the unpredictable character of such events. Therefore, the
existence of pre‐oil‐spill data in the study areas is a critical point in the risk and
impact analysis process. The statistical methods used to analyse data should be
chosen as part of the programme design activity. Every level of sampling needs to be
appropriately replicated (sample units, sex, localities, areas, control/impact, etc.). In
field studies, as a rule, the aim should be to collect a random and independent sample
for each species under examination and to conduct the biological‐effects
measurements according to internationally agreed recommended protocols. Two
general sampling protocols have been widely used for monitoring of biomarkers in
fish and mussels. The first was set out by OSPAR JAMP (2003) and is particularly
applicable to OSPAR maritime waters. The second protocol was developed by
UNEP/RAMOGE (1999) for use in the Mediterranean Sea. It is recommended that
samples for histological assessment be collected from fish samples that have also been
sampled for biomarker studies and chemistry. Fish should be captured by trawling,
using appropriate fishing gear. The duration of individual trawls should be
minimized, however, to reduce the effects of stress and possible mechanical damage
to the fish. As soon as possible, fish should be transferred to aerated flow‐through
seawater tanks. Only live fish exhibiting normal opercular movement should be
selected for necropsy (OSPAR JAMP, 2003; Feist et al., 2004).
As a rule, a minimum of 12 individuals of each sex for each area and
sampling occasion should be sampled for fish biomarker analyses, and a minimum of
10–20 specimens should be sampled for mussels (depending on the method). An
exception is liver and gonad histology, where a minimal sample size of 30 is required,
and larger numbers are required to detect disease at lower prevalence rates, e.g. for
5% disease prevalence (n = 60) and for 2% disease prevalence (n =150; Feist et al.,
2004). Within each of the defined areas of the study, sampling should be carried out
at multiple locations randomly distributed over the whole area under study. Detailed
information about procedures for establishing an impact study and analytical aspects
of the sampling design can be found in Kingsford (1998). After each sampling event,
all results should be evaluated and assessed to identify weak points and
inconsistencies that can be corrected to increase the quality and statistical robustness
of the programme. A good example of how sampling design may affect conclusions is
provided by Peterson et al. (2001) in relation to environmental effects and recovery
following the “Exxon Valdez” oil spill (AK, USA, 1989).
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It is clear from previous oil spill scenarios that the assessment of the impact
produced by an oil spill using biological‐effects techniques can be most successfully
established in those areas where previous biological effect and chemical data exist.
This is rarely the case, however, and assessments of short‐ and long‐term impacts will
therefore nearly always be hampered by a lack of pre‐spill baseline data, hydrocarbon
levels in the marine compartments, background levels of biomarker responses, or
reference values for biological measurements. If previous data do not exist, the only
option is to conduct an impact assessment inferred from spatial patterns, where
comparisons are made between areas in which there would be suspicions of pollution
effects arising from the spill and post‐spill control areas. All information available
concerning areas where oil or related petroleum hydrocarbon has been found or
accumulated, as well as predictions of the oil drift and its fate, need to be used to
predict the potential spatial extent of an impact. For the “Prestige” oil spill, chemical
characterization of the tar aggregates found on the deep‐sea floor allowed a definitive
association with the “Prestige” and contributed to the design of a fish biomarker
monitoring programme (Martínez‐Gómez et al., 2009). If there are no appropriate
control areas, however, the impact can only be inferred from temporal changes in the
measured parameters.
An exploratory spatial monitoring using the above suggested biomarkers of
the short‐term biological effects can be used soon after an oil spill to provide an initial
estimation of the spatial extent of the impact on organisms. That implies performing
the field sampling at any time of the year, not necessarily in the non‐spawning
season. In cases where there is a lack of knowledge of biomarker responses in the
selected target species in the areas of concern, but also in those cases where the oil is
spilled over a long period, e.g. for the “Prestige”, it was suggested to perform a
spatial‐seasonal study for at least the first 2 years after the incident (Cajaraville et al.,
2006) to obtain sufficient information about biomarker patterns and to estimate
variations of the impact on marine ecosystems. Relying on the short‐term biomarkers
alone may mask the long‐term adverse effects. Spatial estimation of the severity of
damage or effects or organism health after an oil spill will also include an assessment
of biomarkers of the long‐term biological effects. Such parameters should be
measured as soon as possible if there is a lack of previous data to describe the spatial
situation immediately following the oil spill. The biomarkers of the long‐term effects
proposed above should be measured during the exploratory spatial monitoring, and
the monitoring maintained for some years in some areas, particularly in those where
acute effects were severe, and also in the control areas. If background information on
long‐term biomarkers in the species and in the study areas is available, these
biomarkers may be added later to the programme, once temporal monitoring has
been clearly established.
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6. Evaluation of the time to recovery after an oil spill and/or the
effectiveness of any policy measures taken
To design a temporal‐trend monitoring programme using the biological‐
effects techniques, it is necessary to have prior knowledge of the variability of each
biomarker response. As most of the biomarker responses have a seasonal pattern, a
detailed annual field sampling programme with rigorous statistical analyses is
necessary to be able to demonstrate the environmental persistence or long‐term
biological recovery. The temporal trend programme will therefore be designed using
background information available, and/or the results of the exploratory spatial
monitoring. The locations/areas should be sampled at the same time of year
(preferably within 2 weeks) for each annual sampling cycle, and organisms sampled
outside the spawning season to avoid any influence of spawning activity on
biomarker responses. As a rule, that sampling should take place at least 1 month after
spawning. Within the framework of spatial monitoring, fewer sampling
locations/areas should be selected for annual monitoring. As mentioned above,
temporal sampling should be conducted at the locations/areas where the greatest
concentrations of petroleum‐related compounds, and/or acute effects have been
already identified, but also in the control locations/area to allow recognition and
control for confounding influences.
As mentioned earlier, the release of equal amounts of the same oil substance
at different times or locations may have dramatically different environmental
impacts, making each spill a unique event. It is understandable, therefore, that the
time‐scale of the monitoring programme cannot be set a priori. Biomarker responses
will have recovered when measured levels/responses are similar to those found in
control areas (in the case that all areas impacted are considered to have a
homogeneous environmental quality status), or those existing in the impacted areas
before the oil spill. The power of the monitoring programme to detect some given
pattern of change in every chronic biomarker response will depend on the number of
years, the annual biomarker value, and its variance (for more details, see Nicholson et
al., 1997). Usually, recovery of acute biomarker responses can be observed in the
space of days to months and tested using time‐to‐time variation analysis. However,
the interpretation and recovery of chronic biomarker responses will take years and
can be hampered by the occurrence of chronic hydrocarbon pollution from other
anthropogenic sources. As an annual sampling frequency is the most practical and
convenient, at least 5 years of annual sampling is required to perform a robust
statistical treatment of the temporal data.
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7. Some examples
With a few exceptions, biomarker data collection has extended for a period of
some years after a spill event. After the “Erika” oil spill in December 1999, a 3‐year
survey was made of several biological markers in mussels (Mytilus edulis) exposed in
situ to the oil. DNA adduct concentrations and MDA activity were high during the 6
months immediately following the incident, and AChE activity was significantly
lower during the first year of the survey, suggesting a general stress syndrome in the
mussels (Bocquené et al., 2004). For the “Sea Empress” oil spill of February 1996,
mussels fortuitously sampled before the oil spill from the impacted coastline had low
levels of DNA adduct. Post‐spill mussels were transplanted to the oil‐exposed shore.
DNA adducts were not observed until 110 days after the spill, a delay thought to
reflect the seasonal capacity of M. edulis to metabolize PAH to genotoxic metabolites.
In fish, levels of DNA adducts were elevated in the shanny (Lipophrys pholis) along the
impacted shoreline during 1996, but had returned to background levels 1 year after
the spill. In dab (Limanda limanda), DNA adducts were elevated 4 months after the
spill and remained elevated when sampled 12 months after the spill (Harvey et al.,
1999). Biomarker monitoring conducted every fourth month in 2003 and 2004 using
wild mussels (Mytilus galloprovincialis) along the northern Iberian coastline detected
the greatest degree of disturbance in coastal areas most impacted by the “Prestige” oil
spill (Galicia, Spain, November 2002) and showed a recovery during 2004 related to a
decrease in total PAH concentrations in mussel (Cajaraville et al., 2006). Significantly
lower biomarker activity (EROD and antioxidant enzymes) 2 and 3 years after the
“Prestige” oil spill was detected in Four‐spot megrim (Lepidorhombus boscii) and
dragonet (Callionymus lyra) sampled from the most impacted areas along the northern
Iberian shelf, indicating a decreasing level of exposure of the fish to residual
hydrocarbons associated with the spill. The monitoring results also showed that the
spatial extent of the “Prestige” oil spill had a differential impact on sublethal
responses in fish from several offshore areas (Martínez‐Gómez et al., 2009).
Biological‐effects monitoring was conducted for 10 years after the “Braer” oil spill of
March 1993, measuring the levels of EROD in the liver of dab sampled in the
impacted area. Three years after the accident and on subsequent occasions, levels had
fallen to those found at remote sites (Topping et al., 1997). Interestingly, EROD
activity and PAH metabolites measured 7–10 years after the “Exxon Valdez” oil spill
of March 1989 were elevated in fish collected from sites originally oiled, compared
with fish from un‐oiled sites (Jewett et al., 2002) indicating a long recovery time for
fish populations there.

8. Final considerations and proposals
Here, we have provided a guide to toxicity assessment and monitoring effects
at lower levels of biological organization following marine oil spills within a
structured, but flexible, framework. The batteries of biological‐effects techniques (in
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vitro/in vivo bioassays and biomarkers) recommended in these guidelines are, in our
opinion, the most practical and useful for use in managing oil spill situations and
assessing the impact of marine oil spills.
For field surveys, the final selection of target species and assays
(bioassays/biomarkers) from the whole range proposed here will require a case‐by‐
case approach, depending on the ecosystem affected (offshore, coastal, estuaries, etc.),
and the economic feasibility (see case example in Fig. 1). In any case, their use will
contribute to assessments of the toxicity hazard presented by the spill as well as the
spatial and temporal extents of impact caused on organisms and the time to recovery.
Their application can be used not only to determine the impact, but also to evaluate
the effectiveness of any remediation measures. Robust conclusions can be obtained if
the assessments are supported by the availability of pre‐spill chemical and biological
data, and if data collection of chronic‐effect biomarkers is extended for a minimum of
5 years after the spill. Clearly, a monitoring programme using chemical
measurements and biological techniques (short‐ and long‐term biomarkers) should be
initiated as soon as possible after an oil spill.
Quality control and assurance of chemical‐ and biological‐effects
measurements is achieved through the use of internal control procedures and by
participating in inter‐laboratory performance testing schemes at national or regional
levels, such as those organized by the International Atomic Energy Agency (IAEA),
Quality Assurance of Information for Marine Environmental Monitoring in Europe
(QUASIMEME), the Biological Effects Quality Assurance in Monitoring Programmes
(BEQUALM), and the Programme for the Assessment and Control of Pollution in the
Mediterranean Region (MED POL).
Biomarker responses can offer reliable early warnings of potential adverse
effects, but there remains only limited evidence that quantitatively links biomarker
responses with adverse effects at higher levels of biological organization. However,
such biomarkers of exposure provide an opportunity to assess whether intervention
or further investigation is necessary. The direct assessment of ecological risk and
population/community responses normally requires data from measurements made
at these higher organizational levels. Determination of the effects of marine oil spills
on marine populations and ecosystems implies the monitoring of functional and
structural endpoints in populations and communities, which are beyond the scope of
these guidelines. Clear knowledge gaps exist in understanding the complex effects
that environmental contamination has on whole organisms and populations.
Therefore, future work needs to focus on the integration of a range of types of
monitoring data.
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Figure 1. Case‐example of a selection of target organisms and assays
(bioassays/biomarkers) for toxicity assessment and monitoring effects following a
marine oil spill.

Experience obtained from previous incidents shows that it is desirable to
develop a biomonitoring programme or to add appropriate biological‐effects
methods to the existing programmes establishing pre‐spill baseline data on relevant
contaminants and biological‐effects responses. These biomonitoring programmes will
be especially useful in areas with economically important fisheries and/or sensitive
environments that are located near major oil ports or with a high risk of shipping
accidents (based on historical data). In this context, within the framework of their
contingency plans, many EU countries have developed environmental sensitive index
maps, or oil spill vulnerability atlases.
It is important to act proactively to potential oil spill accidents by
determining chemical and biological baseline levels in the various marine regions
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corresponding to the bodies of EU waters. Whenever possible, temporal monitoring
to evaluate the time to recovery after the oil spill and/or the effectiveness of policy
management measures should be undertaken within the framework of the existing
monitoring programmes, such as those conducted under the OSPAR (JAMP/CEMP)
and Barcelona Conventions (MED POL), coordinating the sampling and adding the
appropriate biological‐effects methods, to perform an integrated assessment, to avoid
duplication, and to ensure cost‐effectiveness. A tendency to develop and integrate
chemical and biological data from routine national or regional biomonitoring
programmes of the marine environment (HELCOM, OSPAR, MED POL) is growing.
The existence of such integrated programmes makes it easier to conduct an
assessment of any impact caused by an oil spill, because interpretation of the results
is supported by the availability of chemical and biological pre‐spill data. In addition,
detection and interpretation of long‐term biological impacts are enhanced by the
continuous updating of knowledge.
For the major oil types transported in a given region, toxicological
profiling/hazard identification using biomarkers/bioassays should be conducted to
determine the responses to the given oil types (e.g. Nigerian light, Siberian light,
Ekofisk, and Arabian light oils in EU waters). This should contribute proactively to
the hazard assessment element of risk analyses after oil spills and help to optimize a
biomonitoring programme for the particular type of oil. A central repository for
information on the toxicological characteristics of various types of oil transported
either in bulk or in the fuel bunkers of large vessels would be a valuable resource for
managers and scientists seeking to develop appropriate responses to oil spills, often
in situations where urgency is appropriate. Similarly, the creation of an archive of
documents describing the responses that have been adopted, and their relative
success, would permit rapid access to information and ensure that the best practice
was adopted.
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Abstract
A suite of general physiological indicators and hepatic biomarker responses
were determined in red mullet (Mullus barbatus) from priority pollution areas of W
Mediterranean Sea, including the highly metal polluted area of Portmán (Cartagena,
SE Spain). Concentrations of metals and persistent organic pollutants in fish muscle
tissue and sediment samples were also analysed. Our results showed that fish from
Portmán accumulated the highest concentrations of mercury, lead and arsenic and
also of some polycyclic aromatic hydrocarbons and polychlorinated biphenyls
congeners. In addition, they had significantly lower condition factor, muscle lipid
content and gonadosomatic index, as well as the lowest levels of DNA integrity and
the highest ethoxyresorufin‐O‐deethylase (EROD) activity in liver of the areas
investigated. Contaminant body burden in fish only partly corresponded to chemical
characteristics of the sediments in the areas in which they were collected. Our
findings indicate that red mullets from Portmán had suboptimal health status that
warrant further study.

1. Introduction
Elevated concentrations of contaminants in marine environmental matrices
are not necessarily directly linked to effects on marine organisms (Hylland et al.,
2009). This is due to the behaviour of chemicals, e.g. bioavailability, distribution,
patterns of accumulation and intracellular availability, but also to characteristics of
organisms, e.g. metabolic capacity, excretion, storage and mobilisation from tissue
compartments. Regarding the implementation of the Marine Strategy Framework
Directive (Directive 2008/56/EC), EU Member States have to be able to ascertain that
concentrations of contaminants in their marine ecosystems are at levels not giving rise
to pollution effects (Law et al., 2010). Nowadays, the use of biomarkers (sublethal
physiological or biochemical responses in organisms exposed to contaminants) in
marine species seems promising in pollution monitoring programmes as they play a
valuable role in assessing whether or not adverse health effects in individual
organisms are occurring and can be used to provide an early diagnosis of disorders
caused by anthropogenic contaminants (Lyons et al., 2010). In the marine
environment, the highest concentrations of contaminants are invariably found in
sediments and this is a key matrix for the study and monitoring of contaminants
(Law et al., 2010). Red mullet (Mullus barbatus L., 1758) is a soft bottom‐dwelling fish
whose use as target species for pollution monitoring programmes in the
Mediterranean Sea is recommended (UNEP/RAMOGE, 1999; Law et al., 2010). This
species is widely distributed along the Spanish Mediterranean shelf, with maximum
abundance and frequency in the middle strata (between 50 and 200 m deep), but is
also found elsewhere in the Mediterranean and increasingly further north along
European coasts.
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Biological effect studies related to chemical pollution have earlier been
reported for red mullet from Spanish Mediterranean waters, particularly from the
Catalonian region (NE Spain) (Porte et al., 2002; Benedicto et al., 2005; Martín‐Skilton
et al., 2006; Zorita et al., 2008) but they are however still scarce from other Spanish
regions with special environmental interest as priority pollution areas
(UNEP/MAP/MED POL, 2005). The Portmán area (Cartagena, SE Spain) is one of the
areas most heavily polluted by metals in the western Mediterranean Sea (11 million
m3 of mine tailings were dumped into Portmán bay during the period 1960‐1991) and
impacted by emissions from oil‐related and chemical industrial activities in the
adjacent Escombreras Valley. Markedly high concentrations of Zinc (Zn), lead (Pb),
mercury (Hg) and cadmium (Cd) have been reported in sediment and/or biota from
the Portmán area (Benedicto et al., 2005, 2008, 2011) as well as an acute toxicity to
invertebrates exposed to Portmán sediments (Cesar et al., 2004). Sublethal
contaminant‐related effects have been described in mussels from the Portmán area
(Martínez‐Gómez et al., 2008; Fernández et al., 2010, 2011). So far, information about
organic chemicals in sediments and/or fish as well as biological responses in fish
associated with organic chemical contamination from this area has been lacking. An
imminent project for reclaiming Portmán Bay is currently at the planned stage
(including the partial dredging of 2 659 476 m3 sediments), with the ultimate aim of
reducing the bioavailability of metals to living organisms and improving the
environmental quality.
Most of the oxidative phase I biotransformation in fish is catalysed by the
cytochrome P450‐dependent microsomal monooxygenase enzymes. Increased
ethoxyresorufin‐O‐deethylase (EROD) activity indicates receptor‐mediated induction
of cytochrome P450‐dependant monooxygenases by planar organic contaminants,
including polychlorinated dibenzo‐p‐dioxins (PCDDs) and dibenzofurans (PCDFs),
polycyclic aromatic hydrocarbons (PAHs) and some polyhalogenated aromatic
hydrocarbons (PHAHs) in fish and other vertebrates (Van der Oost et al., 2003). The
activation of some xenobiotics through detoxification processes may result in the
production of radicals, which react with biological molecules including lipids,
proteins and DNA (Van der Oost et al., 2003). Single strand breaks are some of the
most common DNA lesions and they have been classified as potentially pre‐
mutagenic lesions (Emmanouil et al., 2007). A high prevalence of unrepaired DNA
lesions may lead to metabolic, cytological and physiological dysfunctions, weakened
immunity and diseases in the organism itself (Woo et al., 2006). The analysis of DNA
alterations in marine organism has been proposed for evaluating the presence of
genotoxic contamination (Lyons et al., 2010). It is currently accepted that the primary
function of metallothioneins (MTs) in fish is the regulation of the intracellular
availability of the essential metals copper (Cu) and Zn although MTs in fish have also
been found to be induced by non‐essential metals such as Cd and Hg (Van der Oost
et al., 2003). In addition, it has been suggested that MTs are involved in the cellular
defense against free radicals, mainly due to the large number of sulfhydryl (SH)
groups.
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On the other hand, physiological indices such as the hepatosomatic index
(HSI), gonadosomatic index (GSI) and condition factor (CF) are quite general and
non‐specific, although they are sometimes indicative of toxicant effects (Van der Oost
et al., 2003). High GSI values are an indication of larger gonads, e.g. increased
reproductive activity and high CF indicates a better general condition of the fish
whereas high HSI values may indicate good nutritional status, but this may also be
due to increased liver activity because of exposure to organic pollutants (Miramand et
al., 1991; Porte et al., 2002; Facey, 2005). The gradient of environmental conditions
from west to east in the Mediterranean Sea affects the growth and reproductive cycle
of organisms, including red mullet (Sonin et al., 2007). In the Western Mediterranean
waters, the reproductive period of red mullet starts in May‐June for the females and
in April‐June for the males. During this period a marked increase in the GSI for males
and females is observed and an increase in the HSI for females (Miramand et al., 1991;
JRC, 2011; Slimani et al, 2003). The non‐reproductive period, which is characterized
by a relatively constant GSI and HSI in both sexes, is from October to March. The size
at first maturity (50%) for red mullet in the Mediterranean Geographical Sub‐Area 06
(Northern Spain) has been established around 13 cm total length (JRC, 2011),
corresponding to 0‐1 year old fish (JRC, 2011). Lipid reserves are an important factor
in fish health status and any deficiency in the energy reserves of an organism may
render it more susceptible to predation, diseases and a range of environmental
stressors, lowering the chances of survival (Arts and Kholer, 2008).
This study aimed to investigate whether contaminant concentrations in three
priority pollution areas along the Spanish Mediterranean coast (including Portmán as
a case study given its outstanding mixed contamination by metals and organic
compounds) are at levels that cause adverse health effects in red mullet. The health
status of red mullet was assessed by measuring a suite of biomarker responses of
induction of the detoxification system (EROD activity), of genotoxic damage (DNA
integrity) and exposure to metals (MT content) as well as general physiological
indicators of nutritional status (muscle lipid content, CF and HSI) and reproductive
activity (GSI). In order to relate these biological effects with contaminants, metal and
organic contaminant concentrations in both fish and sediment samples were
determined.

2. Material and Methods
2.1. Sampling procedure and study areas
A survey was carried out in April in 2006 on board the O/V Francisco de
Paula Navarro (Instituto Español de Oceanografía, IEO). Red mullet and sediment
were sampled from three soft bottom Spanish priority pollution areas of the
Mediterranean Sea named Delta del Ebro (DE), Valencia (VA) and Portmán (PT) and
from a lesser impacted area named Santa Pola (SP), which was used as reference area
in this study (Figure 1). The areas selected were as follow: (1) Distal area of Delta del
Ebro (DE) (37º 32.612’ N, 0º 52.547’ W), a natural and socio‐economic value area,
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highly impacted by industrial and agricultural activities located in the drainage basin
of the Ebro river and identified as a priority pollution sensitive area in the
Mediterranean Sea (UNEP/MAP/MED POL, 2005); (2) Valencia (VA) (39º 15.551’ N, 0º
7.363’ W), a soft bottom area under the influence of urban, industrial and harbour
activities of Valencia city and the inputs from Júcar and Turia rivers, also identified as
pollution hot spot (UNEP/MAP/MED POL, 2005); (3) Santa Pola Bay (SP) (38º 5.964’
N, 0º 32.243’W), soft bottom area under the influence of the inputs of the Segura river,
located in the bay of an area with limited urban, industrial and agricultural activity,
being used in this study as reference area; and (4) Portmán (PM) (37º 32.612’ N, 0º
52.547’W), an area located in the municipality of Cartagena (Murcia), affected by
metal mining wastes and the industrial and oil‐related activities from Escombreras
Valley, also indentified as a priority pollution hot spot in the Mediterranean Sea
(UNEP/MAP/MED POL, 2005).

Figure 1. Location of the sampling areas of red mullet (Mullus barbatus) and surficial
sediments along the Spanish Mediterranean coast. Survey conducted in April 2006.

Each area was subdivided into grids of one nautical square mile. Three
samples of surficial sediments (top 1.0‐1.5 cm) were then randomly collected within
each grid by using a box‐corer. The number of sediment samples by area is indicated
in Table 1. Once on board, superficial water was extracted and the sediment samples
were stored at ‐20ºC. Water bottom temperature and salinity were registered in each
area using a CTD (SeaBird 25).
Fish were collected during a non‐spawning period (pre‐spawning) (Miramand et
al., 1991) within length IV group (12‐18 cm), representing age class I‐III (Kinacigil et
al., 2001), and with maturation stage of I or II (ICES, 2007). A varying number of hauls
were performed by 15‐min bottom trawls with the aim of collecting a sufficient
number of fish of each sex per area on which to perform biological and chemical
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measurements, as proposed by OSPAR JAMP (2003). Final fish sampling size used for
analyses is provided in Table 2. Once on board, fish were kept alive in aerated tanks
until processing began and maximum time between fish catch and processing was
about 30 minutes. Sex and length, liver and gonads and weights of eviscerated body
were recorded for each fish. Fish livers for biomarker determinations were removed
on board and stored in liquid nitrogen at ‐196ºC, while eviscerated red mullets for
chemical measurements were stored at ‐20ºC until they were processed in the
laboratory.
2.2. Chemical analysis
Three groups of chemical contaminants in fish muscle tissue and sediments
were included in the analyses: trace metals and arsenic (As), PAHs, and persistent
organochlorinated pollutants (POPs). Fish were individually analysed for each group
of compounds. Muscle tissue was dissected from the dorsal part of the body fish, then
freeze‐dried and powdered using a centrifugal ball mill (Fritsch 06102). Sediment
samples were also freeze dried, homogenised and dry‐sieved, the < 2 mm fraction
being used for contaminant analysis. Fine fraction (<63 μm) (FF) was calculated by
wet sieving the total fraction through a 63 μm mesh. Total organic carbon (TOC) in
sediment samples was determined using a Perkin Elmer CNH Elemental Analyzer
(model 2400) after acidification of the samples with 14% HCl to remove carbonate.
2.2.1. Metal Analyses
Analyses of As and trace metals (Cd, Cu, Hg, Zn, Pb) were performed
according to the methodology described by Benedicto et al. (2005, 2008). Samples
were digested in a microwave oven system (ETHOS PRO, Milestone) in Teflon
reactors. The quantitative metal analyses were carried out by atomic absorption
spectrophotometry (AAS) (Perkin Elmer Model 4110 ZL) using the graphite furnace
(Cd, Pb and As), air‐acetylene flame (Cu and Zn) and cold vapour technique (Hg)
(FIMS, Perkin Elmer). Samples for analyses of organic contaminants were Soxhlet
extracted.
2.2.2. PAH Analyses
The method used for PAH analyses was adapted from Viñas (2002). For
analyses of PAHs, about two grams (fish) and four grams (sediments) of lyophilized
samples were Soxhlet extracted (10 h) with a mixture hexane: acetone (1:4). A clean‐
up of the sample extract was carried out with 10% partially deactivated alumina
column, using hexane as eluent. Eluted fraction was concentrated in a rotary
evaporator and redisolved to acetonitrile, being finally concentrated under a nitrogen
stream to 1 ml. 2‐methylchrysene was added as an internal standard prior to analysis.
PAHs analysis was performed by HPLC with fluorescence detection (HPLC Alliance
Waters 2695), equipped with a multi‐ λ‐fluorescence detector (Waters 2475) using
specific λ excitation and λ emission for each compound. The column (Waters PAH
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C18 5mm 4.6x250mm) was kept at 23.5ºC. The elution was performed applying a non‐
linear gradient regime from 0.7 mL/min of MeOH/H2O (70/30) to 1.5mL/min of
MeOH.
The following thirteen hydrocarbons were analyzed: phenanthrene,
anthracene, fluoranthene, pyrene, benzo[a]anthracene, chrysene, benzo[e]pyrene,
benzo [b]fluoranthene, benzo[k]fluoranthene, benzo[a]pyrene, benzo[g,h,i]perylene,
dibenzo[a,h]anthracene and indeno[1,2,3‐c,d]pyrene.
2.2.3. Organochlorinated Compound Analyses
The methodology used for the analyses of POPs was adapted from the
procedure described by Fernández et al. (2010). About two grams (fish) and twenty
grams (sediment) of lyophilized samples were Soxhlet extracted (8 h for fish samples
and 12 hours for sediment samples) with a mixture (1:1) of n‐pentane:
dichloromethane. Extractable lipid content in fish muscle samples was determined
gravimetrically by removing 10 ml of the extract to a weighed evaporating dish and
solvent evaporated. The clean‐up of the sample extract was carried out using column
chromatography on deactivated alumina (6% water), n‐pentane being the eluent.
Concentrated extracts of sediment were treated with copper granule (previously acid
treated) for removing interference of sulphur. The extracts were separated into two
fractions using column chromatography on deactivated silica (3% water). Both
organochlorinated extracts were finally analysed by gas chromatography (GC)
(Perkin‐Elmer Autosystem Gas Chromatograph) equipped with an electron capture
detector (ECD). A TRB‐5 (Tecknochroma, Spain) 5% diphenyldimethyl siloxane
capillary (60m x 0.20 mm i.d. x 0.4 mm phase thickness) was used. PCB 155 was
added as an internal standard prior to GC analysis. The following compounds were
considered for quantification: polychlorinated biphenyls IUPAC No. 28, 52, 101, 105,
118, 138, 153, 156, and 180, the organochloride pesticides dichloro‐diphenyl‐
trichloroethane (DDTs), α‐hexachlorocyclohexane (α‐HCH), lindane (γ‐HCH),
hexachlorobenzene (HCB), cyclodiene insecticides (aldrin, dieldrin, endrin, and
isodrin) and trans‐nonaclor.
For statistical treatments, the ΣDDTs (representing the sum of p,p´‐DDE, p,p´‐
DDD and p,p´‐DDT), Σ9CBs (representing the sum of the nine analysed congeners)
and the total sum of individual PAH compounds found in sediments and in fish
muscle tissue were calculated. To improve the correct interpretation of biological
responses, POP concentrations in fish muscle were normalised to the tissue
extractable lipid content. In sediment samples, organic contaminants were normalised
to 1% TOC. The contaminant concentrations in sediments were expressed on a dry
weight (dw) basis and in fish muscle tissue on a wet weight (ww) basis.
2.3. General physiological indicators
Extractable lipid content in fish muscle samples was determined
gravimetrically by removing 10 ml of the soxhlet extract obtained for organic
contaminant analyses to a weighed evaporating dish and evaporating the solvent.
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Lipid content has been expressed as g lipid/ kg muscle tissue (ww). CF, HSI and GSI
were individually calculated as follow:
CF = 100 ∙ eviscerated body weight (g)/ length (cm)3
HSI = 100 ∙ liver weight (g) / eviscerated body weight (g)
GSI = 100 ∙ gonad weight (g) / eviscerated body weight (g)

2.4. Hepatic biomarkers
2.4.1. Pre‐treatment of samples for biomarker analyses
Samples for DNA damage were homogenised (1:10 w/v) in a buffer solution
pH 7.4 containing 0.14 M NaCl, 1.47 mM KH2PO4, 2.7 mM KCl, 8.1 mM Na2HPO4
and 0.1 M EDTA, while samples for MT and EROD determinations were
homogenised (1:5 w/v) in a buffer solution pH 7.6 containing 50 mM Tris‐HCl, 0.25 M
sucrose, 1 mM EDTA, 0.1 mM PMSF (phenylmethylsulphonyl fluoride) and 1 mM
DTT (dithiothreitol). After sequential centrifugations at 600 g for 15 min, 13 000 g for
15 min and 100 000 g for 60 min (4ºC) (Beckman Coulter, Optima LE‐80K‐
Ultracentrifugue), the resulting microsomal pellet was separated from the
supernatant (cytosolic fraction) and resuspended (1:1 liver w:v) in 50 mM Tris‐HCl
pH 7.4 containing 20% glycerol, 1 mM DTT and 1 mM EDTA. Subcellular fractions
were stored firstly in liquid nitrogen at ‐196ºC and later at ‐80ºC for subsequent MT
(cytosol) and EROD (microsomes) determination.
2.4.2. Biomarker Analyses
For each fish, biomarker responses were analysed using one subsample of
liver for EROD activity and MT content, and another subsample of liver (about 100
mg) for DNA integrity. integrity was measured as single‐strand breaks or alkali‐labile
sites, using the alkaline elution method (AFE) (Kohn et al., 1981) with minor
modifications for liver tissue. The results are expressed as the elution rate constant (K)
in ml‐1 x 103, as the ratio of the amount of DNA eluted from the filter after passage of 5
ml alkaline elution buffer to the amount of DNA in the system. For a detailed
description of the procedure see Martínez‐Gómez et al. (2006).
MT content was measured in the cytosolic fraction by the spectrophotometric
determination method adapted to fish liver samples (Benedicto et al., 2005) and MT
content was expressed as μg MT/g wet liver tissue. EROD activity was assayed
following the fluorometric method adapted to a microplate reader (for more details,
see Martínez‐Gómez et al., 2006) and EROD activity was expressed as pmol/min/mg
protein, where protein was determined according to Lowry et al. (1951). The
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biomarker measurements were all conducted using the spectrofluorometer TECAN‐
Spectrafluor Plus.
2.5. Quality Assurance of data
The accuracy of the chemical and analytical procedures was internally
assured by testing control, blanks and duplicated samples in each analytical series.
The external accuracy of the analytical procedures was tested and controlled using
certified material (CRM 278‐R, CRM‐350, NIST‐1941b, NIST‐2977, SRM‐2977 and
SRM‐1941b) and through participation in the Quality Assurance of Information for
Marine Environmental Monitoring in Europe programme Rounds 46 and 48
(QUASIMEME II, 2006, 2007) and IAEA (exercises 433,436) organized by the
International Agency of Atomic Energy. The quality of biomarker measurements were
tested by participating in Biological Effects Quality Assurance in Monitoring
Programmes BEQUALM (http://www.bequalm.org) for EROD activity in 2005, and in
the EROD and MT intercomparisson exercise organised by Piemonte University in
2005, under the direction of Dr. A. Viarengo, within the framework of the MED POL
programme. Satisfactory results were obtained in all the exercises.
2.6. Statistical analysis
Statistical analyses were carried out using the SPSS v.11.0 (IBM® SPSS®
software/www.spsss.com) and PRIMER 6 for windows v.6.1.5 (Plymouth Routines in
Marine Ecological Research) software package. Data were log transformed (log X+1)
whenever required. Normality of data was tested by using Kolmogorov‐Smirnov or
Shapiro‐Wilk (when sampling size was less than 30) and homogeneity of variances
was tested using Leveneʹs test (Gilbert, 1987). Each variable was examined for outlier
values and these were not considered for comparison purposes. A value was
considered to be an outlier when its standard score was ± 2.5 or beyond. Differences
were checked by using parametric (t‐test of the mean, 1‐way and/or 2‐way ANOVA
tests) or non‐parametric tests (U‐Mann Whitney or Kruskall‐Wallis), according to
data nature. A setting of α =0.01 was used to compensate for the increased likelihood
of type I error caused by the unbalanced sampling of our study (Kingsford, 1998). If
significant differences were found, Dunnet or Dunnet T3 tests were applied for
comparison against the reference area. Pearson correlation coefficients were
calculated between physiological indicators, biomarker responses and chemical
contaminant concentrations where data were available.
Statistical treatments also included multidimensional scaling (MDS) and
ANOSIM analyses (non‐parametric analogue of one‐way ANOVA). The Euclidean
Distance similarity matrix was used on transformed data. Two different MDSs were
performed by including the following data: i) contaminant concentrations in
sediments, ii) general physiological indicators (GSI, LSI CF and lipid content) and
biomarker responses (EROD activity, DNA integrity and MT content). Any
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contributions of variables to similarity analysis (SIMPER) were also investigated
using Bray‐Curtis measurements.

3. Results and discussion
3.1. Contaminant concentration in sediments
The concentrations of contaminants in sediments from Santa Pola (reference
area) were clearly lower than those from the other three areas (Table 1). MDS analysis
grouped sediment samples into three separate groups (Euclidean distance = 3.0)
based on the predominant type of chemical contamination, group 1 comprising sub‐
clustered samples from control area (Santa Pola) and Valencia, and group 2 and 3
clustering only samples from Delta del Ebro and Portmán, respectively (Figure 3).
ANOSIM analysis of the four areas showed that they were significantly different,
with a high global R value (R = 0.853; p = 0.001). Chemical data superimposed on
MDS revealed that the concentrations of specific contaminants increased within
specific groups/sub‐clusters (Figure 3). SIMPER analysis showed that the lowest
dissimilarity was found between samples from Santa Pola (reference area) and
Valencia (10.74 %) (mainly due to Σ13PAHs, Σ9CBs and Zn concentrations).
Zn and Pb concentrations in Portmán sediments (594.25 and 303.35 μg/kg
dry weight, respectively) were one order of magnitude higher than concentrations
found in the other areas, well in agreement with previous studies (César et al., 2004;
Benedicto et al., 2005) and explained by mining activities in the past and the inputs of
different
industrial
from
Escombreras
Valley
(Cartagena)
activities
(UNEP/MAP/MED POL, 2011). High concentrations of CBs and DDTs found in Delta
del Ebro sediments are in accordance with previously reported contamination of
organochlorinated compounds in the Ebro River (Navarro‐Ortega and Barceló, 2011).
Unexpectedly high PAH concentrations were found in Valencia sediments
(maximum value of 1888 μg/kg dw) in comparison to the other studied polluted areas
(Table 1). Similar and higher PAHs concentrations than those found in Valencia
sediments has been described in sediments from highly polluted areas of the
Catalonian coast (Eljarrat et al., 2001). So far, information about PAHs concentration
in sediments from Valencia area has been lacking and this finding encourages further
research in this area.
3.2. Bioaccumulation of contaminant in red mullet
The lowest concentrations of bioaccumulated metal and organic contaminants
were also found in red mullets from the reference area (Santa Pola) (Table 2a and 2b).
Concentrations of all measured metals and As, PAHs and POPs were similar in
muscle tissue of males and females (2‐way ANOVA; “sex factor” p >0.05). The data of
both sexes were therefore grouped for comparison purposes. When more than 50% of
values in one area were below the detection limit (DL) the data were not considered
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in the statistical analysis. For the remaining cases, a concentration equal to half of the
DL value was used (Gilbert, 1987). Contaminant concentrations in red mullet
represent partially local conditions. The existence of a seasonal, depth‐related
movement in this species has been well described (Machias and Labropoulou, 2002).
Red mullet spawns in depth stratum II (71‐150m), recruits in depth stratum I (20‐70m)
and subsequently returns to the depth stratum II to reproduce, and it seems to be a
bathymetric rather than a geographical determination of the ʺimmatureʺ and
ʺmatureʺ segregation. The regional scale of migration referred within the same depth
stratum is not completely known. However, it is indicated to range between about 20
to 40 kilometers (Carlucci et al., 2009). Concentrations of Pb in fish from Portmán
were significantly higher than in fish from the reference area (Dunnet test; p< 0.001).
It has been described the existence of a gradient of Cd, Pb and Zn concentration in
sediments with depth (César et al., 2004) and we interpret this finding as indicating a
higher concentration of Pb in red mullet as a consequence of contamination of this
metal in Portmán sediments.
Methylmercury accounts for at least 90% of total Hg in muscle tissue in red
mullet (Gonul and Kucuksezgin, 2007). The highest concentrations of Hg were also
found in fish from Portmán, though differences with the reference area were only just
significant (Dunnet test; p=0.05). However, the highest concentrations of Hg found in
sediments from Delta del Ebro did not correspond to the highest Hg concentrations in
fish from this area. The main route for Hg uptake in fish is through the diet and the
influence of the trophic level of its prey for Hg content in red mullet has been
demonstrated earlier (Harmelin‐Vivien et al., 2009). The results reported here would
suggest that fish from Delta del Ebro have a different diet prey composition than fish
from the Portmán area. However confirming this hypothesis requires further work.
Concentrations of Pb, Hg and Cd comparable to or lower than those in fish from
Portmán have been reported for the same species from other areas of the
Mediterranean Sea (Gonul and Kucuksezgin, 2007; Benedicto et al., 2008; Harmelin‐
Vivien et al., 2009; Bilandzic et al., 2011). The highest mean values of Zn and Cu were
found in fish from Delta del Ebro, with Zn concentrations being significantly higher
than in fish from the reference area (Dunnet test; p=0.003) whilst Cu concentrations
were significantly lower in fish from Portmán than those from the reference area
(Dunnet test; p=0.008). These concentrations showed a weak correspondence with
those found in sediments (particularly in the Portmán area), indicating possible
differences in bioavailability of these metals between the site. Cd and As
concentrations were not significantly different in fish from polluted areas compared
to reference area (1‐way ANOVA; p>0.05).
Similar concentrations of Zn, Cu, As and Cd to those observed herein have
been previously described in red mullet from sites along the Spanish Mediterranean
coast, the South Adriatic and Ionic coasts of Italy (Corsi et al, 2002; Benedicto et al.,
2008) and from Croatian waters (Falcó et al., 2006; Bilandzic et al., 2011).
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Table 1. Median values of contaminant concentration and supporting parameters in
surficial sediments sampled in April 2006 in four sedimentary areas of the Spanish
Mediterranean inner shelf. The minimum and maximum values are indicated
between square brackets. All sediment concentrations have been expressed on a dry
weight basis. Outlier values not included.
Variables

Santa Pola

Portmán

Valencia

Delta Ebro

[23‐24]

[25‐26]

[51‐53]

[11‐14]

Sampling depth

42.8
[36.0‐60.0]

58.2
[52.0‐73.0]

55.0
[55.0‐55.0]

32.0
[32.0‐32.0]

Tempertaure
bottom water

13.3
[13.2‐13.4]

13.7
[13.4‐14.0]

13.4
[13.3‐13.4]

15.3
[15.3‐15.3]

Salinity bottom water

38.5
[38.5‐38.7]

38.5
[38.5‐38.7]

38.4
[38.4‐38.4]

38.1
[38.1‐38.1]

TOC (%)

1.33
[0.31‐1.92]

1.78
[1.30‐2.52]

0.68
[0.21‐1.21]

0.71
[0.60‐0.88]

FF <63 μm (%)

82.3
[5.3‐96.6 ]

75.1
[37.1‐93.1]

74.3
[8.1‐94.0]

99.2
[96.0‐100.0]

As (mg/kg)

16.57
[13.57‐19.11]

49.68*
[20.37‐82.67]

22.56*
[18.13‐27.24]

22.90*
[20.47‐23.79]

Cd (mg/kg)

0.125
[0.090‐0.149]

0.661*
[0.322‐0.873]

0.083
[0.026‐0.153]

0.161*
[0.139‐0.191]

Cu (mg/kg)

11.13
[1.76‐14.77]

21.10*
[14.60‐32.10]

10.19
[3.20‐18.29]

19.20*
[18.30‐19.70]

Hg (mg/kg)

0.105
[0.19‐0.15]

0.345*
[0.193‐0.944]

0.098
[0.031‐0.196]

0.452*
[0.327‐0.555]

Pb (mg/kg)

36.100
[21.25‐43.02]

303.35*
[122.80‐480.90]

30.91*
[10.24‐39.20]

42.54*
[40.50‐46.14]

Zn (mg/kg)

49.90
[38.70‐62.60]

594.25*
[216.40‐970.40]

54.70
[7.70‐73.70]

96.15*
[86.20‐100.00]

Σ4PAHs (μg/kg)†

20.05
[9.56‐57.53]

24.02 *
[7.55‐64.05]

161.30*
[9.52‐663.75]

48.77*
[31.91‐65.39]

67.83
[31.74‐172.72]

71.45
[18.59‐181.73]

461.54*
[27.38‐1887.82]

168.29*
[118.14‐225.62]

Number of samples

(ºC)

Σ13PAHs (μg/kg) †

*Significant differences in comparison to Santa Pola (Reference Area); p‐value <0.01 tested by U‐Mann
Whitney test
† Concentrations are normalised to 1% total organic carbon (TOC)
< D.L.: below detection limit

Phenanthrene, anthracene, fluoranthene and pyrene were the only PAHs
detected in fish muscle tissue. Therefore, the total sum of these four PAHs (Σ4PAHs)
was considered for comparison purposes. These findings are not surprising as it is
well known that fish rapidly metabolize PAHs (Van der Oost et al., 2003). The highest
mean concentration of Σ4PAHs was found in fish from Portmán, but they were
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marginally different to those found in fish from the reference area (Dunnet test; p=
0.049). Higher concentrations of the same Σ4PAHs were observed in the muscle tissue
of red mullet sampled in areas surrounding an oil refinery in the Adriatic sea (27‐79
μg/kg) (Della Torre et al., 2010).
Table 1 (cont). Median values of contaminant concentration and supporting
parameters in surficial sediments sampled in April 2006 in four sedimentary areas of
the Spanish Mediterranean inner shelf. The minimum and maximum values are
indicated between square brackets. All sediment concentrations have been expressed
on a dry weight basis. Outlier values not included.
Variables
Σ DDTs (μg/kg)†

Σ9CBs (μg/kg)†

Santa Pola

Portmán

Valencia

Delta Ebro

0.41
[0.10‐0.89]

0.40*
[0.25‐0.96 ]

0.87
[0.01‐2.24]

11.05*
[6.32‐19.40]

0.76
[0.32‐1.33]

0.98*
[0.44‐2.36]

1.64
[0.30‐3.76]

9.40*
[6.79‐12.15]

HCB (μg/kg)†

<DL

0.02
[0.01‐0.06]

0.06
[0.01‐0.16]

1.74
[0.23‐2.36]

Trans‐nonachlor
(μg/kg)†

<DL

<DL

<DL

<DL

Lindane (μg/kg)†

0.03
[0.01‐0.13]

0.01
[0.01‐0.03]

0.07
[0.01‐0.23]

0.14*
[0.01‐0.25]

Dieldrin (μg/kg)†

0.02
[0.01‐0.03]

0.01
[0.01‐0.03]

0.02
[0.01‐0.05]

0.05*
[0.01‐0.08]

*Significant differences in comparison to Santa Pola (Reference Area); p‐value <0.01 tested by U‐Mann
Whitney test
† Concentrations are normalised to 1% total organic carbon (TOC)
< D.L.: below detection limit

In general, fish from Delta del Ebro and, to a lesser extent, those from
Portmán, bioaccumulated more PCBs than fish from the other areas (Table 2b),
although no significant differences were demonstrated (Kruskal‐Wallis test; p=0.105).
The highest concentrations of ΣDDTs (with p,p´‐DDE being the main contributor)
were found in fish from Delta del Ebro, with marginal significant differences in
comparison to concentrations found in fish from the reference area (T3 Dunnet test; p
=0.034). This result is in good agreement with findings reported by other authors and
attributed to the existence of p‐p´‐DDTs as a by‐product from industrial sources of
HCB upstream in the Ebro River (Porte et al., 2002). The highest concentrations of
Σ9CBs were found in fish from Portmán (with an outlier value for the concentration
of Σ9CBs of 16917 μg ∙ kg‐1 lipid). These concentrations were however lower than
concentrations found in red mullet from areas of the Catalonian region (NE Spain),
areas under the influence of the mouth of the River Rhone in France or from the Gulf
of Naples (Italy) (Porte et al., 2002; Ferrante et al., 2007).
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Table 2a. General physiological indicators and hepatic biomarker responses in red
mullet (Mullus barbatus) sampled in April 2006 in four areas of the Spanish
Mediterranean coast (Mean ± Standard Error). Number of samples analysed
between brackets. Outlier values excluded.
Biological
measurements

Santa Pola

Portmán

Valencia

Delta Ebro

Eviscerated
weight (g)

28.2 ± 2.5 (29)

23.5 ± 1.1 (47)

29.8 ± 1.9 (39)

34.4 ± 1.8 (38)

Total length (cm)

13.8 ± 0.3 (29)

13.5 ± 0.2 (47)

14.1 ± 0.2 (39)

14.5 ± 0.2 (38)

Condition Factor
in female

1.06 ± 0.01 (8)

0.95 ± 0.010* (21)

1.09 ± 0.05 (6)

1.12 ± 0.02 (26)

Condition Factor
in male

0.97 ± 0.01 (21)

0.92 ± 0.01 (23)

1.02 ± 0.02 (32)

1.09 ± 0.05 (12)

GSI in female
stage II

1.99 ± 0.22 (8)

1.56 ± 0.10 (22)

2.48 ± 0.32** (6)

2.79 ± 0.19 (26)

GSI in male stage
II

1.90 ± 0.54 (20)

1.97 ± 0.14 (24)

2.93 ± 0.17 (33)

2.67 ± 0.23 (12)

Lipid content in
female (g/kg)

41.56 ± 13.20 (5)

16.62 ± 2.45 (10)

17.40 (1)

56.55 ± 7.20 (12)

Lipid content in
male (g/kg)

16.21 ± 2.56 (14)

11.65 ± 1.34 (9)

27.84 ± 3.18** (18)

26.47 ± 4.07 (8)

HSI in female

2.25 ± 0.21 (7)

1.98 ± 0.10 (21)

2.04 ± 0.42 (6)

2.45 ± 0.09 (26)

HSI in male

1.40 ± 0.07 (21)

1.56 ± 0.07 (23)

1.46 ± 0.10 (32)

1.58 ± 0.09 (12)

81.24 ± 11.91
(21)

152.79 ± 18.12** (35)

93.86 ± 8.87 (31)

100.77 ± 7.77**
(34)

(elution constant
K ml‐1 x 103)

102.8 ± 8.2 (24)

152.4 ± 10.4** (36)

126.2 ± 7.3 (33)

151.8 ± 8.9 (35)

Metallothionein in
female

462.60 ± 61.15
(8)

281.16 ± 22.96* (19)

423.14 ± 76.41 (5)

601.47 ± 61.17 (25)

266.89 ± 20.54
(14)

291.65 ± 23.97 (18)

290.05 ± 20.86 (26)

283.94 ± 20.80 (10)

EROD activity
(pmol min‐1 mg
microsomal prot‐1)
DNA damage

Metallothionein in
male
(μg /g hepatic wet
tissue)

* Significant differences in comparison to Santa Pola (Reference Area); p‐value <0.05 tested by ANOVA and
Dunnet test
** Significant differences in comparison to Santa Pola (Reference Area); p‐value <0.01 tested by ANOVA
and Dunnet test
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Detectable concentrations of HCB and trans‐nonaclor were only found in fish
from Valencia and Delta del Ebro. Lindane was only detected in fish from Santa Pola
and Delta del Ebro, and no significant differences between their mean values were
found (t‐test of the mean; p=0.17). In contrast, its isomer α‐HCH was only detected
in one fish from Portmán (9.06 μg ∙ kg‐1 lipid w.w.), one fish from Valencia (5.90 μg ∙
kg‐1 lipid w.w.) and three individuals from Santa Pola (2.69 μg ± 5.52 ∙ kg‐1 lipid w.w.).
Dieldrin concentrations were higher in fish from Valencia compared with fish from
the reference area though not statistically significant (T3 Dunnet; p= 0.092).
Concentrations of aldrin, isodrin and endrin were below the detection limits in all fish
samples analysed.
Table 2b. Contaminant concentrations in muscle tissue of red mullet (Mullus
barbatus) sampled in April 2006 in four areas of the Spanish Mediterranean coast
(Mean ± Standard Error). Number of samples analysed between brackets. All
contaminant concentrations are expressed as wet weight (ww). Outlier values
excluded.
Chemical

Santa Pola

Portmán

Valencia

Delta Ebro

As (mg/kg)

15.8 ± 3.5 (9)

19.8 ± 1.6 (10)

17.7 ± 2.5 (10)

6.9 ± 0.9 (8)

Cd (μg/kg)

1.10 ± 0.12 (9)

1.06 ± 0.06 (10)

1.24 ±0.11 (10)

1.07 ± 0.04 (7)

Cu (mg/kg)

0.444 ± 0.036 (9)

0.347 ± 0.018** (10)

0.430 ± 0.020 (10)

0.487 ± 0.021 (8)

Hg (mg/kg)

0.078 ± 0.009 (8)

0.121 ± 0.012* (10)

0.093 ± 0.018 (10)

0.074 ± 0.004 (8)

Pb (mg/kg)

< D.L. (10)

0.050 ± 0.004** (10)

< D.L. (10)

< D.L. (10)

Zn (mg/kg)

3.36 ±0.19 (9)

3.65 ± 0.07 (10)

3.38 ± 0.08 (9)

4.06 ± 0.17** (8)

Σ 4PAHs (μg/kg)

3.05 ± 0.37 (10)

4.00 ± 0.45* (10)

2.06 ± 0.15 (10)

2.68 ± 0.21 (9)

Σ 9CBs (μg/kg)

442.7 ± 76.0 (8)

942.2 ± 205.7 (9)

741.2 ± 74.4 (9)

847.4 ± 119.6 (10)

201.6 ± 38.6 (9)

293.8 ± 44.9 (9)

255.7 ± 25.5 (9)

615.9 ± 173.7 (10)

HCB (μg/kg) †

< D.L.(10)

< D.L.(10)

3.27 ± 0.42 (9)

5.27 ± 0.47 (9)

Trans‐nonachlor
(μg/kg) †

< D.L. (9)

< D.L.(9)

1.95 ± 0.38.(9)

1.58 ± 0.37 (10)

Lindane (μg/kg) †

3.35 ± 0.91 (9)

< D.L.(10)

< D.L.(9)

4.97 ± 0.77 (10)

Dieldrin (μg/kg) †

8.50 ± 2.56 (9)

7.65 ± 2.53 (10)

21.16 ± 3.38** (9)

16.54 ± 1.70 (10)

measurements

†

Σ DDTs (μg/kg)

†

* Significant differences in comparison to Santa Pola (Reference Area); p‐value <0.05 tested by ANOVA and
Dunnet test
** Significant differences in comparison to Santa Pola (Reference Area); p‐value <0.01 tested by ANOVA
and Dunnet test
† Concentrations are referred on a lipid basis.
<D.L.: below detection limit

129

Chapter 5

3.3. General physiological indicators
Statistical treatment of GSI data was conducted using only fish with a gonad
maturation stage II (Table 3). Fish from Portmán had the lowest muscle lipid content,
CF and GSI compared with fish from the other areas (Table 2a; Figure 2). GSI values
ranged from 1.04 to 4.72 in males and from 0.79‐4.86 in females, and no consistent
differences between the sexes were found, although female fish from Portmán had
significantly lower GSI than males ( t‐test of the mean; p=0.009). Fish from Valencia
and Delta del Ebro had the highest mean values of GSI in both genders, indicating a
more advanced maturation of gonads than the fish from the other two areas
(Supplementary Material, Figure S1). Male fish sampled in Valencia had a
significantly higher GSI than those from the reference area (Dunnet test; p<0.001).
Comparable pre‐spawning GSI values have been described in this species from the
south Adriatic and the Ionic coast of Italy (Corsi et al., 2002).
There was no consistent pattern of CF values [0.84 – 1.44] (minimum‐
maximum) between sexes, although females from the reference area had a
significantly higher CF than males (t‐test of the mean; p=0.001). Marginal differences
in CF were found for females from Portmán in comparison to females from the
reference area (Dunnet t‐test; p=0.015). Lipid content in muscle tissue was
consistently higher in females than in males (2‐way ANOVA; sex factor p‐value
<0.01). Significantly higher lipid content was found in male fish from Valencia
compared to male fish from the reference area (Dunnet t‐test; p=0.008). Markedly
higher lipid content has been already reported for this species from Valencia
compared to fish from other areas of the Spanish coast, supporting our results (Lloret
et al., 2007). This finding was interpreted by the authors as the result of the low
fishing impact of trawlers in the Valencia area, which allows for a greater abundance
of polychaetes.
HSI values, [0.45 – 3.85] (minimum‐maximum), were consistently higher in
females than in males (2‐way ANOVA; sex factor p‐value <0.01), in agreement with
the annual cycle of growth and reproduction described for this species (Miramand et
al., 1991; Corsi et al., 2002). No significant differences in HSI were found between fish
from different areas (1‐way ANOVA; p >0.05). Higher CF and HSI values have been
reported in red mullet sampled in April in the NW Mediterranean though the use of
non‐eviscerated body weight in the indexes quoted by Porte et al., (2002) invalidates
proper comparison with our values.
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Table 3. Maturity stage proportion of the all fish (Mullus barbatus) included in the
study. Stage I corresponding to immature/resting (inactive) fish and Stage II with
maturing fish (ICES, 2007). Between brackets indicated the sampling size.
Maturity stage Santa Pola

Portmán

Valencia

Delta Ebro

Males
Stage I

4% (1)

4% (1)

0% (0)

0% (0)

Stage II

95% (20)

96% (24)

100% (33) 100% (12)

Females
Stage I

0% (0)

4% (1)

0% (0)

0% (0)

Stage II

100% (8)

96% (22)

100% (6)

100% (26)

3.4. Biomarker responses in red mullet
Hepatic EROD activity ranged from 16.7 to 341 pmol ∙ min‐1 ∙ mg microsomal
prot‐1, and fish from Portmán had significantly higher activity than fish from the
reference area (Dunnet test; p<0.001) (Table 2). No significant differences in EROD
activity between sexes within each area were detected (2‐way ANOVA; “sex factor”
p>0.05). EROD activity in fish from our reference area (81.24 pmol min‐1 mg prot
microsomal ‐1) was in accordance with the values obtained in red mullet from other
reference areas of the western Mediterranean Sea (Corsi et al., 2002; Porte et al., 2002;
Della Torre et al., 2010). One female fish from Portmán (size=13 cm; GSI= 0.96) had an
extremely high EROD activity (4681 pmol min‐1 mg microsomal prot‐1) (Figure 2) and
it being the same specimen mentioned above which had the outlier Σ9CBs and trans‐
nonaclor values in muscle tissue. EROD activity in red mullet from other moderately
polluted areas of the western Mediterranean coast such as Tarragona (Spain) and
Marseille (France) were found similar to the EROD activity measured in Portmán red
mullets (average of 153 pmol∙ min‐1∙mg protein ‐1) but is still well below that observed
in fish from other more contaminated areas of the Western Mediterranean such as
Barcelona (Spain), Cortiou (France) or near oil refineries (Romeo et al., 1994; Porte et
al., 2002; Della Torre et al., 2010). EROD activity between three and ten times above
the minimum value has been recorded in other demersal species experimentally
exposed to PAHs (e.g. Vethaak et al., 1996) as well as in field studies (Jewett et al.,
2002; Kirby et al., 2004; Martínez‐Gómez et al., 2006).
It has been suggested that in most marine species an EROD value of over
twice the upper limit of the baseline value is indicative of significant harm to the
species by planar organic contaminants (Lyons et al., 2010). Santa Pola area was
characterized by the overall quantified lowest contaminant concentrations in
sediments and fish tissues. Therefore, its use as a reference area for future (integrated)
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biomonitoring studies in the Spanish Mediterranean coast can be recommended. With
current knowledge, the 90 percentile of EROD levels in red mullet sampled in April
from Santa Pola would fit at 220 pmol min‐1 mg protein ‐1, and may be considered as
baseline levels for the Mediterranean. In our study, mean EROD activity found in fish
from Portmán (the outlier value excluded) was almost twice the mean value observed
for mullets from the reference area, indicating a marginal alteration of the EROD
baseline levels in fish from Portmán, potentially associated with the exposure to
planar organic contaminants.
A variety of organic, organometal and metal compounds are known to inhibit
the induction of hepatic EROD activity in fish (Bozcaarmutlu and Arinç, 2004). In
field studies, low hepatic biotransformation enzyme activity has been related to the
presence of high metal concentrations in sediments and/or in fish tissues (Roméo et
al., 1994; Van der Oost et al., 2003) and the absence of a more discriminative
biomarker response in fish from Portmán could be partly explained by the inhibitory
effects of the contaminant mixture. Elevated PAH concentrations in Valencia
sediments were not reflected in high EROD activities in fish. This finding could be
due to a presence of e.g. soot or ash, both of which would reduce the availability of
contaminants to fish (Hauck et al., 2007). However, further work is required in order
to confirm this hypothesis. Water temperature can also affect EROD activity (Van der
Oost et al., 2003), but during our survey there was little variation in the mean bottom
water temperature in all areas (± 2ºC) (Table 1) and this factor would seem to have
only a minimal impact on spatial EROD responses.
Significantly higher values of the elution constant K (interpreted as lower
DNA integrity and higher DNA damage) were found in fish from Portmán and Delta
del Ebro (152.6 and 151.8 ml‐1 x 103, respectively) compared with those from the
control area (Dunnet test; p<0.01) (Table 2). No significant differences in DNA
integrity were found between genders (2‐way ANOVA; “sex factor” p>0.05). In
general, low integrity of DNA is associated with unfavourable environmental
conditions and/or with the physiological status of organisms and many contaminants
such as metals, PAHS and PCBs, individually or in mixtures, may cause damage to
DNA by more than one mechanism (Everaarts, 1995). High bioaccumulation of Hg in
red mullet has already been related with genotoxic effects in this species (Ausili et al.,
2008). On the other hand, it has been demonstrated that free radicals and oxidative
DNA damage are also produced during oxidation of some POPs in vertebrates
(Canales‐Aguirre et al., 2011). Therefore, the lowest DNA integrity found in red
mullet from Portmán may be associated with the higher general exposure to As, Hg,
Pb, PAHs and PCBs also found in fish from this area in comparison to the others.
Similarly, the low DNA integrity levels measured in fish from Delta del Ebro
might be related to the demonstrated exposure to DDT, bulky PCBs and HCB
compounds. The K values measured in our study were two to three times higher than
those reported in red mullet from oil spill impacted sites (62.7‐67.2 ml‐1 x 103) and a
reference site (45.5 ml‐1 x 103) on the Ligurian coast (Bolognesi et al., 2006). DNA
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damage and aging are correlated processes (Hosokawa et al., 2000). In our study, the
AFE method was assayed following similar assay conditions as Bolognesi et al.
(2006), but unfortunately, the length/age of the individuals used in the Ligurian coast
study was not reported, thus limiting the possibility to compare the results.
Evaluation of DNA strand breaks allows recent exposure to be detected and further
data comparisons are needed in order to interpret whether K values measured in fish
from Santa Pola could be used as baseline values for Mediterranean red mullet.
Mean MT concentrations in males [267‐292 μg ∙ g‐1 wet tissue] were
significantly lower than in females [281‐601 μg ∙ g‐1] (2‐way ANOVA; “sex factor”
p<0.001). Spatial comparisons were therefore performed using the data for each sex
separately. No differences in male MT levels were found in any area in comparison to
the reference area, although female fish from Portmán had marginally lower MT
levels than female fish from the reference area (Dunnet test; p=0.02). Lower MT levels
than in our study, ranging from 30 to 160 μg ∙ g‐1, and determined by using the same
methodology, have been reported in red mullet sampled during March from several
areas (including anthropogenic and naturalistic areas) of the Adriatic Sea (Lionetto et
al., 2001). Previous studies on red mullet have indicated a sex difference in hepatic
concentrations of MT in the pre‐spawning period, but also a considerable increase in
hepatic MT content, mainly in females (Benedicto et al., 2001), supporting the results
of this study (Table 2a).
3.5. Integrated assessment of fish health status
The results of the MDS with general physiological indicators and biomarker
responses showed that the samples fell into three overlapping clusters based on
similarities in their biological variables values, the stress of the MDS representation
being moderately high (0.17) (Figure 3). Group 1 comprised the highest number of
fish from all areas studied. Interestingly, group 2 comprised half of the total fish from
Delta del Ebro and group 3 comprised half of the total fish from Portmán. Similarly to
MDS results with sediment data, maximum dissimilarity was found between fish
from Portmán and Delta del Ebro (SIMPER; average dissimilarity = 8.29), with lipid
content and EROD variables contributing 32.29%, and 16.56% respectively. ANOSIM
analysis of general physiological indicators and biomarker measurements in fish from
the four areas showed that they were not markedly different, with a low global R
value (R = 0.185; p = 0.001).
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Figure 2. Box‐plots of biomarker responses and gross physiological indicators in male
and female red mullet (Mullus barbatus) sampled in April from four areas of the
Spanish Mediterranean coast. Outlier values included.

134

Health status of reed mullet from pollu
uted areas

Figure 3. M
Multidimensio
onal scaling analysis
a
(MDS
S) for contaminant concenttrations
(Hg, Cd, C
Cu, Zn, Pb As, Σ13PAHs, Σ 9CBs, Σ p‐D
DDTs, hexachllorobencene, lindane
l
and Diend
drin) in sedim
ments (MDS1)) and for bio
ological measu
urements (CF
F, lipid
content, GS
SI, HSI) and biomarker
b
resp
ponses in liveer (EROD actiivity, DNA in
ntegrity,
Metallothio
onein content)) in red mulleet (Mullus barrbatus) (MDS2
2) from four Spanish
S
Mediterran
nean areas, witth superimpossed cluster ana
alysis.

Corrrelation anallysis between
n fish biochem
mical, physiological and ch
hemical
variables reevealed some interesting reesults (Table 4a,
4 4b and 4c). EROD activiity was
nd positively
strongly an
y correlated with Σ9CBs concentration
n in muscle tissue
(p<0.001) and moderatelly with Σ DDTs (p=0.015) and
a
trans‐non
nachlor (0.016)). Clear
correlationss between ER
ROD activity and
a
the amoun
nt of PCBs bio
oaccumulated
d in red
mullet werre reported by
b Porte et all. (2002), in agreement
a
witth our resultss. Such
correlationss have howev
ver not always been found in
n field studiess involving oth
her fish
species (Weesternhagen ett al., 1999).

135

Chapter 5

Table 4a. Pearson correlation coefficients found between biological parameters, liver
biomarkers and chemicals concentration of contaminants in muscle tissue of red
mullet (Mullus barbatus) from Spanish Mediterranean waters. Data were log‐
transformed. Between brackets indicated the number of samples used for analysis. *
p‐value ≤ 0.05; ** p‐value ≤ 0.01

Table 4a
EROD
activity

DNA
integrity

HSI

GSI

CF

EROD

DNA
MT Females
integrity

HSI

GSI

CF

MT males

‐0.214*

‐0.269**

‐0.210*

‐

0.056

‐0.499**

0.029

(130)

(130)

(132)

‐

(111)

(64)

(71)

0.058

0.001

0.029

0.056

‐

‐0.062

0.044

(133)

(133)

(132)

(111)

‐

(61)

(50)

‐

0.248**

0.129

‐0.214*

0.058

0.188

‐0.001

‐

(157)

(156)

(130)

(133)

(64)

(70)

0.248**

‐

0.222**

‐0.269**

0.001

0.611**

0.069

(157)

‐

(156)

(130)

(133)

(64)

(70)

0.129

0.222**

‐

‐0.210*

0.029

0.542**

0.114

(156)

(156)

‐

(132)

(132)

(66)

(70)

When EROD activities were plotted versus Σ4PAHs content in muscle tissue,
our results displayed a bell‐shaped concentration‐activity curve in Portmán (Figure
4), as previously observed in other in‐vivo and in‐vitro fish studies (Fent and
Bätscher, 2009; Lu et al., 2011). EROD activity has been found to be low in healthy fish
livers, high in reversibly damaged hepatic tissues, and again low in fish livers with
severe lesions (Köhler and Pluta, 1995). No liver histopathology was performed in
our study and though macroscopically visible liver nodules were not observed in any
specimen during the survey (first author, personal communication), the bell‐shape
concentration‐activity pattern found in fish from Portmán requires further research.
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Table 4b. Pearson correlation coefficients found between biological parameters, liver
biomarkers and chemicals concentration of contaminants in muscle tissue of red
mullet (Mullus barbatus) from Spanish Mediterranean waters. Data were log‐
transformed. Between brackets indicated the number of samples used for analysis. *
p‐value ≤ 0.05; ** p‐value ≤ 0.01

HSI

GSI

CF

Sum4PAHs

0.038

‐0.292

‐0.160

0.275

0.272

‐0.142

0.273

(40)

(40)

(39)

(34)

(32)

(14)

(20)

0.180

‐0.328*

‐0.158

0.718**

‐0.090

‐0.505

0.225

(40)

(40)

(40)

(33)

(33)

(14)

(19)

0.285

‐0.170

‐0.007

0.419*

0.219

‐0.259

0.214

(40)

(40)

(40)

(33)

(33)

(14)

(19)

‐0.141

0.341*

0.283

‐0.239

0.322

0.041

‐0.155

(40)

(40)

(40)

(33)

(33)

(14)

(19)

0.256

0.168

0.043

‐0.213

‐0.022

0.405

‐0.173

(40)

(40)

(40)

(33)

(33)

(14)

(19)

0.110

0.333*

0.246

0.415*

‐0.014

‐0.208

0.017

(40)

(40)

(40)

(33)

(33)

(14)

(19)

0.088

0.504**

0.376*

‐0.289

0.259

0.223

0.061

(40)

(40)

(40)

(33)

(33)

(14)

(19)

Sum9CBs

SumDDTs

Dieldrin

Lindane

TNNC

HCB

EROD

DNA
MT Females
integrity

Table 4b

MT males

HSI, GSI, CF and MT content in female fish were found to be
significantly and inversely correlated with EROD activity (Table 4). It has
been demonstrated that oestrogens produced during gonadal maturation may
alter the expression of EROD activity in fish (Van der Oost et al., 2003). In our
study, EROD activity was similar in males and females from each area.
Therefore, a confounding role of endogenous oestrogens on EROD activity in
our study seems unlikely (Figure 2).
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Table 4c. Pearson correlation coefficients found between biological parameters, liver
biomarkers and chemicals concentration of contaminants in muscle tissue of red
mullet (Mullus barbatus) from Spanish Mediterranean waters. Data were log‐
transformed. Between brackets indicated the number of samples used for analysis. *
p‐value ≤ 0.05; ** p‐value ≤ 0.01

Table 4c
As

Cu

Cd

Zn

Pb

Hg

EROD

DNA
MT Females
integrity

HSI

GSI

CF

MT males

0.154

‐0.126

‐0.484**

‐0.203

‐0.335*

0.139

‐0.030

(36)

(38)

(36)

(32)

(35)

(12)

(20)

0.013

0.570**

0.174

‐0.146

0.048

0.472

0.448*

(36)

(38)

(36)

(32)

(35)

(12)

(20)

0.394*

0.216

0.108

‐0.107

0.005

0.371

0.401

(36)

(38)

(36)

(32)

(35)

(12)

(20)

0.338*

0.457**

0.328*

‐0.331

0.231

0.469

0.165

(37)

(39)

(37)

(33)

(36)

(13)

(20)

0.194

‐0.167

‐0.277

0.120

0.203

‐0.445

‐0.271

(36)

(38)

(36)

(32)

(35)

(12)

(20)

0.426**

‐0.146

‐0.246

‐0.255

‐0.098

0.076

0.281

(36)

(38)

(36)

(32)

(35)

(12)

(20)

Arsenic levels in fish also showed a negative significant correlation with CF
(p=0.003). DNA integrity (p=0.049) and Hg, Zn and Cd levels correlated positively
with HSI (p<0.05). CF correlated positively with GSI and MT in female fish (p=0.034).
GSI also showed a positive correlation with Cu concentration in muscle tissue
(p<0.001). Several studies have provided evidence that there is a dramatic reshuffling
of Zn and Cu in fish during vitellogenesis, e.g. an oestrogen‐induced mobilization of
these metals from other tissues to the liver, which is followed by an up‐regulation of
MT transcription (Olsson, 1996). We found that fish from Delta del Ebro and Valencia
were more advanced in their gonadal maturation than those from the other areas,
supporting the significant correlation found in our study between MT in females and
GSI values. Similar to the field study conducted with red mullet by Zorita et al.
(2008), our MT results were mainly justified by the effects of the gonadal maturation
process and they did not allow a clear classification of the areas showing different
gradients of toxic metal concentrations and/or fish metal stress. In the light of our
results, we interpret that hepatic MT has a low discriminative capacity as fish
biomarker of metal exposure.
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cumulative environmental and chemical stressors that impose a higher energy
demand on the fish deriving from their natural detoxification processes.

4. Conclusions
The results of this study show that biomarker responses and general
physiological indicators in red mullet point to biological effects on fish in the more
heavily contaminated areas. Our results indicate that current concentrations of
contaminants in the three priority pollution areas of the Spanish Mediterranean shelf
investigated herein are at levels that do not give rise to severe health effects in this
species and that Santa Pola can be used as a reference area for future (integrated)
biomonitoring studies. Further, the contaminant body burden in red mullet only
partly reflected the presence of the same contaminants in the sediments of the same
area, indicating different degrees of contaminant bioavailability to fish and the
capacity of these animals to biotransform toxic compounds. The results of this survey
with red mullet can contribute to the assessment of Good Environmental Status (GES)
under the Marine Strategy Framework Directive. However, the suboptimal health
status of red mullet from Portmán is of concern and would warrant further
monitoring studies, especially in the light of the restoration activities planned in this
area. To the best of our knowledge, this is the first report to jointly describe organic
and metallic chemical contamination and biological responses in fish from the
Portmán area.
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Abstract
A biological screening was performed to establish the total exposure to
estrogenic compounds of red mullet (Mullus barbatus) collected at several sites along
the Spanish Mediterranean coast by testing male fish bile extracts using the in vitro
ER‐LUC reporter gene assay. In addition, major metabolites were identified and
measurements of OH‐PAHs (1‐naphthol, 9‐phenantrol, 9‐fluorenol, 1‐pyrenol, 1OH‐
BaP and 3OH‐BaP) and alkylphenols (4‐n‐nonylphenol (4‐n‐NP) and 4‐tert‐
octylphenol (4‐tert‐OP)) in the same fish bile extracts were taken by gas
chromatography–mass spectrometry in electron ionization mode (GC‐EI‐MS).
Relative in vitro estrogenic potencies of the chemically quantified compounds were
also tested. The highest biliary concentrations of 1‐pyrenol, 9‐fluorenol and 4‐n‐NP
were found in fish from Barcelona and from the Mar Menor coastal lagoon. However,
these concentrations can be considered relatively low compared to values reported in
red mullet from other polluted waters in the Mediterranean Sea. The contribution of
1‐pyrenol, 4‐n‐NP and 4‐tert‐OP to the total estrogenic potency measured in male fish
bile was found to be negligible, indicating the presence of other estrogenic
compounds in red mullet bile. Estrogenic potency in bile from male fish was
markedly elevated in Mar Menor lagoon (234.8 ±5.7 pg E2EQ/μL), and further
research will be necessary to explain whether the presence of natural and synthetic‐
hormones in the lagoon contributed to this finding. Values of approximately 15‐16
E2EQ pg/mg bile can be regarded as preliminary baseline levels of bile estrogenicity
in male red mullet from the western Mediterranean Sea.

1. Introduction
In the past few decades, field and laboratory studies have shown that
endocrine disrupting chemicals (EDCs) can induce adverse effects in exposed humans
and wildlife, or its progeny, or in populations or sub‐populations (Colborn et al. 1993;
Vos et al., 2000; Damstra et al., 2002). EDCs are exogenous substances or mixtures that
possess properties that might be expected to affect the normal functioning of
endocrine systems, disrupting the hormonal balance and consequently affecting the
normal development and the reproductive, neural and/or immune systems, among
others (e.g. Damstra et al., 2002). Exposure to environmental EDCs is a major concern,
as they may be effective at very low concentrations, mixtures can produce additive
responses at individually negligible concentrations, and their effects depend on the
timing as well as the level of exposure (e.g. Damstra et al., 2002; Silva et al., 2002). A
wide range of industrial compounds are known to have endocrine‐disrupting
capability, including many contaminants that can typically be found at relatively high
concentrations in polluted coastal waters. Examples include certain heavy metals
(Choe et al., 2003; Darbre, 2006), tributyltin (Matthiessen and Gibbs, 1998), polycyclic
aromatic hydrocarbons (PAHs), polychlorinated biphenyl compounds (PCBs),
pesticides, herbicides, plasticizers, and surfactants (see Colborn et al., 1993; Rice et al.,
2003). In addition, natural hormones and emerging, novel endocrine disruptive

142

Analyses of bile extracts of red mullet

contaminants, such as synthetic hormones, certain pharmaceuticals and personal care
products, can be found in measurable amounts in fresh water, estuaries and/or semi‐
enclosed coastal waters (Kolpin et al., 2002; Houtman, et al. 2004; Hernando et al.,
2006; Pojana et al., 2007).
The most extensively studied EDCs are environmental estrogens that act via
estrogen receptors, which are capable of disturbing reproductive physiology and
development (Damstra et al., 2002; Vethaak and Legler, 2013). Estrogen is a sex
steroid that plays an essential role in the structural development and physiological
function in all vertebrates. Interaction between estrogenic EDCs and estrogen
receptors (ER) is believed to be an important mechanism of endocrine disruption in
fish (e.g. Jobling et al., 1998; Arukwe and Goksøyr, 2003). With respect to steroid
estrogen disruption, fish are considered the most sensitive taxon for adverse effects in
the aquatic environment (Young et al., 2004; Sumpter and Johnson, 2005), and
decreased reproductive capability in feral fish may be considered one of the most
damaging effects of pollutants (Renner, 1997). Feminization of wild fish populations
has been reported in numerous fish from freshwater in the immediate vicinity of
sewage treatment plant effluents as a consequence of exposure to estrogenic steroids
(estrone, estradiol and ethinylestradiol) and/or phenolic compounds (e.g.
alkylphenols and their polyethoxylates, APs/APEOs) (Vos et al., 2000; Damstra et al.,
2002; Vethaak et al., 2005; Servos et al., 2006). In the past decade, feminization of male
fish has also been reported in estuaries and marine areas (e.g.; De Metrio et al., 2003;
Kirby et al., 2004; Scott et al., 2006, 2007). The two most common and extensively
studied feminizing features are intersexuality (a condition in which oocytes are
formed in the testicular tissue) and induction of vitellogenin (VTG) synthesis in
plasma of male fish (a yolk precursor protein only expected to be present at
appreciable quantities in female fish). The reasons why certain marine fish species
inhabiting marine waters far from point sources develop female features are not yet
known (Matthiessen, 2003; Vethaak et al., 2006). It has been hypothesized that chronic
exposure and biomagnification of weak xeno‐estrogens such as organochlorines or
brominated flame retardants may play an important role (e.g. Matthiessen, 2003; Scott
et al., 2006; Vethaak et al., 2006). The occurrence of intersex individuals in fish
populations affects their reproductive success and possibly their population stability
(see Vethaak and Legler, 2013). Estrogenic EDCs have been shown to cause most
damage to fish at the larval or development stages, by causing abnormalities in
sexual development, behavior and fertility (Jobling et al., 2002; Gross‐Sorokin et al.,
2006). Besides intersex and feminization, elevated levels of vitellogenin have also
been found in male fish with disrupted kidney function (Herman and Kincaid, 1988),
calcium loss and lipid diversion from the scales, which can make the fish more
susceptible to disease (Carragher and Sumpter, 1991). Estrogenic EDCs may also
affect courtship and territorial behavior in three‐spined stickleback Gasterosteus
aculeatus (Bell, 2001). Research on Atlantic salmon (Salmo salar) has also shown that
estrogenic compounds can significantly inhibit the development of smolt physiology
(Madsen et al., 1997).
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Hazard and risk evaluation of estrogenic EDCs is complicated. Firstly,
estrogenic agonists and antagonists interfere with hormone systems that are highly
complex. Secondly, environment estrogens can have very different physicochemical
properties that belong to different chemical classes (from aromatic ring structures to
metal compounds). Thirdly, mixture interactions and the presence of unknown
estrogenic compounds occur in the field situation. The use of mechanism‐based in
vitro estrogenicity bioassays in field surveys and biological effect monitoring can
address some of these problems. They act as integrative indicators of exposure to the
whole range of estrogenic substances (agonist and antagonist effects) present in the
aquatic environment and bioavailable to fish (OSPAR, 2009). In the current study, the
estrogen receptor‐mediated luciferase (ER‐LUC) reporter‐gene assay (Rogers and
Denison, 2000) was used to obtain rapid measurement of estradiol‐equivalent (E2EQ)
concentrations of estrogens in environmental samples. Fish bile was chosen as the
sampling matrix since, along with fish liver, it accumulates the highest concentrations
of parent compounds and metabolites (Ferreira‐Leach and Hill, 2001).
The benthic fish species red mullet (Mullus barbatus L., 1758) is commonly
used for pollution monitoring programs in the Mediterranean Sea (UNEP/RAMOGE,
1999) because of its feeding strategy, based mainly on benthic polychaetes,
cumaceans and amphipods; its known migration and reproduction patterns; and its
wide geographical distribution. Red mullet is widely found along the Mediterranean
continental shelf, with maximum abundance in the middle strata (between 50 and 200
m deep), and further north along European coasts. The species can also be found in
Mar Menor (Murcia, SE Spain), the biggest hypersaline coastal lagoon in the
Mediterranean Sea, impacted by intensive agricultural and seasonal tourist activity in
the surrounding area. The lagoon is shallow (maximum depth is about 6 m) and the
estimated residence time of the water is 288 days (Perez‐Ruzafa et al., 2002). First
evidence of significant alterations in the endocrine system of red mullet in the NW
Mediterranean Sea region was described by Martin‐Skilton et al. (2006). In this study,
delayed gamete maturation, intersexuality, fibrosis and depressed aromatase activity
were found in the gonads of male fish from highly polluted areas in French and
Italian marine waters. To date, only fragmentary information exists on tissue
concentrations of certain environmental EDCs in red mullets from the Spanish
Mediterranean waters (Escartín and Porte, 1999; Porte et al., 2002; Martínez‐Gómez et
al., 2012). So far, there have been no specific studies to assess exposure to estrogenic
or other EDCs in this fish species.
In this study we focused on alkylphenols and PAHs, which are contaminants
of major concern in the marine environment because of their endocrine‐disrupting
and carcinogenic properties. Both contaminants are included in the list of priority
substances that must be monitored in European coastal waters (2455/2001/EC).
Alkylphenols (including nonylphenol) are the final biodegradation products of
alkylphenol polyethoxylates, which are non‐ionic surfactants widely used in
detergents for removing oil and its derivatives, and in paints, pesticides, herbicides,
cosmetics, industrial materials, disinfectants and building‐block chemicals (such as
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fuels, polymers, fragrances, thermoplastic elastomers and antioxidants) (Groshart et
al., 2001). 4‐Nonylphenol and 4‐octylphenol have been shown to have estrogenic
capability (Nimrod and Benson, 1996; Toft and Baatrup, 2001) as they mimic natural
hormones by interacting with the estrogen receptor. A number of studies have
demonstrated the estrogenic effects of nonylphenol in teleost fish (Jobling and
Sumpter, 1993; White et al., 1994). In vivo studies have shown an increase in the
plasma VTG level of male fish exposed to nonylphenol (Christiansen et al., 1998;
Kinnberg et al., 2000) and it has been conclusively demonstrated that induced VTG
synthesis co‐occurs with other feminizing effects in male fish (Filby et al., 2007).
PAHs are a group of ubiquitous environmental pollutants containing two or
more aromatic rings, which often occur in the marine environment as complex
mixtures composed of up to 100 different compounds. PAHs are derived from
pyrogenic and petrogenic sources throughout biogenic and anthropogenic processes,
those detected in Spanish Mediterranean coastal mussels being predominantly of
pyrolytic origin (León et al., 2012). In fish, PAHs have been found to exert their
toxicity following biotransformation to toxic metabolites, which can be bound
covalently to cellular macromolecules such as proteins, DNA and RNA, causing cell
damage, mutagenesis, teratogenesis and carcinogenesis (Tuvikene, 1995). Marine fish
exposed to PAHs may develop deleterious physiological effects, such as liver cancer
and related toxicopathic lesions, reproductive effects, immunological alterations and
deleterious effects on growth (see Reynaud and Deschaux, 2006; Johnson et al., 2008).
Some PAHs are known to inhibit estradiol‐regulated VTG synthesis in fish, through
the binding of PAHs to the aryl‐hydrocarbon receptor (AhR), causing antiestrogenic
activity (Navas and Segner, 2000; Machala et al, 2001). Much less is known about the
estrogenic effects of PAHs in fish and other wildlife (Van Lipzig et al., 2005; Vethaak
and Legler, 2013).
Analysis of bile estrogenicity can be combined with chemical analysis of
certain compounds in bile. Although some organic contaminants have half‐lives in
many species in the order of years (Braune et al., 2005), most are metabolized to at
least some extent, and some, such as APs and PAHs, to such an extent that tissue
residue analyses are not representative of the actual exposure levels (Varanasi et al.
1989; Van der Oost et al., 2003). In fish, metabolism of PAHs mostly yields
hydroxylated products that are conjugated and concentrated in bile and stored prior
to excretion. The AP metabolites in fish bile are also mainly excreted as glucuronic
acid and sulphonic acid conjugates, but can be analyzed as parent APs after
enzymatic treatment (Jonsson et al., 2008). Though PAH and AP metabolites in fish
bile are not indicative of biological effects per se they can provide a sensitive marker
of recent exposure (within hours to several days) to bioavailable levels of these two
groups of compounds in the marine environment (Richardson et al., 2004; Sundt et
al., 2009).
In this study we conducted a biological screening to attempt to establish the
total exposure of red mullet to estrogenic EDCs at several sites on the Spanish
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Mediterranean coast using the in vitro ER‐LUC reporter gene assay on fish bile
samples. In addition, we aimed to assess the specific exposure to PAHs and APs in
red mullets from the same sites using the same bile samples. Particular reference is
made to Mar Menor coastal lagoon (SE Spain) as a case study of semi‐enclosed
marine water affected by chemical pollution and by eutrophication. Concentrations of
multiple PAH metabolites (as an integrative measure of exposure to complex
mixtures of PAHs) and two AP compounds were chemically quantified in feral fish
bile extracts. Here we focused on excretion of mono hydroxyl derivatives of
naphthalene (1‐naphthol), fluorene (9‐fluorenol), phenantrene (9‐phenantrol), pyrene
(1‐pyrenol), and benzo[a]pyrene (1‐OH‐BaP and 3‐OH‐BaP) and on 4‐n‐nonylphenol
(4‐t‐NP) and 4‐tert‐octylphenol (4‐tert‐OP). The estrogenic potency of the individual
compounds chemically quantified in bile samples was tested using the ER‐LUC
assay, and we attempted to explain the contribution of PAH metabolites and APs to
the total measured estrogenic activity in the bile extracts by integrating the results of
both analytical chemical and bio‐analytical methods.

2. Material and Methods
2.1. Sampling procedure and study sites
Red mullet were caught in October‐November 2010, the post‐spawning
period of this species (Miramand et al., 1991). Fish were caught at coastal sites near
Barcelona (BA), Delta del Ebro (DE), Valencia (VA) and Palos Cape (PC) by
conducting 15‐min bottom trawls on inner shelf soft bottoms (ranging from 35 to 85
m depth). Red mullet were also obtained from the fyke nets of commercial fishermen
at three different sites (named MM1, MM2 and MM3) in Mar Menor lagoon (Murcia,
SE Spain) (Figure 1). Barcelona and Valencia are categorized as priority pollution
areas of the Mediterranean Sea, while Delta del Ebro and Mar Menor Lagoon are
sensitive pollution areas of Mediterranean importance (UNEP/MAP/MED POL, 2005).
Palos Cape sampling site is located in a marine reserve area (Murcia, SE Spain), and it
was used as reference site in this study for comparison (Figure 1).
All fish were sampled within length group IV (12‐18 cm), representing age
class I‐III (Kinacigil et al., 2001). Once on board, fish were kept alive in aerated tanks
for about 1‐2 hours before processing began. For each site, individual samples of bile
fluid (typical volume about 10‐20 μl) were obtained by carefully dissecting the
gallbladder, then making a little incision above an opened micro Eppendorf tube in
which the bile fluid was collected. Individual samples were kept on ice and in
darkness on board. Once in the laboratory, in order to get a sufficient bile volume for
analysis, bile samples were pooled by sex (5‐12 individuals per site) for each site and
subsequently frozen and stored (‐80ºC) until analysis. The reduced number of pooled
samples obtained (N) limited the potential for statistical comparison between sites
(Table 3).
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Figure 1. Location of the sampling sites for red mullet (Mullus barbatus) along the
Spanish Mediterranean coast. Barcelona (BA), Delta del Ebro (DE), Valencia (VA) and
Palos Cape (PC) and Mar Menor lagoon (MM1, MM2, MM3).
2.2. Sample preparation
Conjugated metabolites in the pooled bile samples were hydrolyzed by a
modification of the method described in Jonsson et al. (2008). Glassware was pre‐
rinsed with ethyl acetate for all extraction. Bile samples were thawed on ice, and
subsamples of 25 μl of bile (for ER‐LUC assay) and 50‐100 mg (for chemical analyses
of OH‐PAHs and alkylphenols) were transferred to glass test tubes. Subsamples were
then incubated overnight (17–18 h) in a 37ºC water bath with gentle shaking, in the
presence of 1 ml 0.4 M acetic acid/sodium acetate buffer pH 5.0 and 50 μl of β‐
glucuronidase/arylsulfatase (from H. Pomatia; Roche 100,000 U/ml). Hydrolyzed
metabolites were extracted by adding 1 ml of ethyl acetate (EtAC). Extraction tubes
were vortexed for 1 min and centrifuged for 5 min at 1500 rpm. The EtAC phase was
subsequently removed and transferred to another tube. The extraction was repeated
twice and the extracts recombined and concentrated under a nitrogen stream in a
water bath (30ºC).
2.3. Chemicals and biochemicals compounds and reagents
1‐Naphthol‐2,3,4,5,6,7,8‐ d7 (98.4% 2H),1‐Hydroxypyrene‐ d9 (99.1% 2H), 4‐n‐
octylphenol‐d17 (98.4% 2H) and 4‐ n‐nonylphenol‐2,3,5,6‐d4 (99.3%2H) were purchased
from Chiron (Trondheim, Norway). Bis‐(trismethylsilyl)‐trifluoroacetamide (BSTFA)
(Supelco grade) and Etyl acetate (analytical grade) were obtained from Sigma‐
Aldrich. 4‐Nonylphenol (NP) was bought from Fluka (46405), 4‐tert‐octylphenol (OP)
was purchased from Aldrich Chemicals (UK) (09618B1‐032). EtylAcetate was of
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(Sigma Aldrich, 33211). Dimetilsulphoxide (DMSO) (99.9% purity) was purchased
from Acros Organics (Fischer Scientific, The Netherlands) (167852500). β‐
glucuronidase/arylsulfatase was bought from Roche (from H. Pomatia; 100,000 U/mL).
Dimethyl sulfoxide (DMSO 99.9%) was from Across Organics. Phenol red‐free
Dulbecco’s Modified Eagle’s Medium DMEM/F‐12 (Ham) 1X (D‐MEM) low glucose
was purchased from Gibco (Cat # 118800‐028).
2.4. Analysis of hydroxylated‐PAHs metabolites and alkylphenols in bile
For quantification, four internal standards (1‐Naphthol‐2,3,4,5,6,7,8‐ d7, 1‐
Hydroxypyrenol‐ d9, 4‐n‐OP‐d17 and 4‐ n‐NP‐2,3,5,6‐d4), with concentrations ranging
from 25 to 1000 ng/mL, were added to bile subsamples before extraction. For chemical
analysis, dry residues of extracted bile metabolites were derivatized by adding 100 μl
of BSTFA) and incubating the sample for 1 h at 70 oC. Derivatization was halted by
removing the BSTFA by evaporation and subsequently adding 100 μl of iso‐octane.
The extracts were then transferred to auto sampler vials for gas chromatography‐
mass spectrometry in electron impact mode (GC‐MS‐EI). Hydroxylated‐PAHs
(namely 1‐naphthol, 9‐phenantrol, 9‐fluorenol, 1‐pyrenol, 1OH‐benzo(a)pyrene and
3OH‐benzo(a)pyrene) and alkylphenols (4‐n‐nonylphenol (4‐n‐NP) and 4‐tert‐
octylphenol (4‐tert‐OP)) were analysed as methylated form following procedures
described by Fernandes et al. (2008).
The GCMS consisted of an HP 6890 series Hewlett Packard coupled with a
5975 Inert XL/EI/CI MSD with triple Axis detector. The column, a 30 m x 0.25 mm ID
x 0.15 μm film, Agilent Select PAH (CP7462) was programmed from 90 to 300 oC at 10
oC min ‐1 for 21 minutes and then maintained at 300 ºC for 18 minutes. Helium was
used as carrier gas. The injector temperature was 300 ºC and the ion source and the
quadrupole were maintained at 250 ºC and 200 ºC, respectively. The injection volume
was 1 μl. OH‐PAHs and alkylphenols were identified by comparing the retention
times and spectra of reference compounds (Table 1). Concentrations are expressed as
nanogrammes per gramme of bile. The recovery of all metabolites added in control
bile range from 93% to 120%.
2.5. Analysis of estrogenic activity in male bile samples
Total estrogenic activity was measured by applying the ER‐LUC assay to the
same pooled bile samples of male fish as those used for chemical measurements, the
only exception being Barcelona, where the bile volume from male fish was
insufficient. A reduced volume of the bile extract was quantitatively transferred into a
conical vial and evaporated, and then dissolved in 30 μl of DMSO for ER‐LUC
measurements. The ER‐LUC assay procedure and cell culture is described in detail
elsewhere (Rogers and Denison, 2000). Stably transfected BG1luc4E2 human ovarian
cancer cells containing a luciferase reporter gene under transcriptional control of an
estrogen‐responsive element (ERE) were kindly provided by Prof. Michael Denison
(University of California, Davis CA). Briefly, ER‐LUC cells were plated in clear
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plastic 96‐well plates (Nundon, Nunc International) at a density of 2000 cells in 0.1 ml
phenol red‐free Dulbecco’s Modified Eagle’s Medium DMEM/F‐12 (Ham) 1X (D‐
MEM) low glucose, containing 5% charcoal‐stripped fetal bovine serum and 1%
Penicillin/Streptomycin. The medium was renewed the following day and the cells
were left in the incubator (37 ºC and 5% CO2) for another 48 hours. After this period,
the medium was removed and the cells were dosed in triplicate by addition of
exposure medium containing a final test concentration series of extracts diluted 200,
2000, 20000, or 200000 times and 0.5 % (v/v) DMSO.
Control wells, solvent control wells and estradiol (E2) calibration points (0.15, 0.5, 1.5,
5, 15, 50 and 150 pM) were also included in triplicate on each plate. After 24 h of
exposure, the medium was removed and the cells were lysed in 50 μl of lysing buffer
(Glycylgline, MgSO4, EGTA and Triton© X‐100 pH 7.8). The plate was then shaken on
a plate shaker at a moderate speed (700 rpm) for 1 hour. Luciferase activity in each
well plate was measured (0.1 min/well) in a luminometer (Lucy 2) after automatic
injection of Glowmix solution (20 mM tricine, 1.1 mM C2H2Mg5O14, 2.6 mM MgSO4,
0.10 Mm EDTA, 33.3 mM DTT, 0.27 mM Co‐enzyme A, 0.46 mM luciferine and 0.53
mM ATP). After detection and quantification, luminescence was quenched by
automatic addition of 0.2 N sodium hydroxide solution to prevent light from adjacent
cells affecting their neighbors. Sigmoidal standard curves (with y representing
luciferase activity in relative light units and x representing the concentration of E2)
were obtained for each plate, using the Software GraphPad Prism 3.0. (GraphPad
Software Inc., 2000, San Diego, CA, USA). Estrogenic activity in extract samples was
extrapolated from their corresponding sigmodial calibration curve and expressed as
pg estradiol equivalents (E2EQ)/μl bile.
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Table 1. Retention time and silylation derivative ions used for monitoring and
quantification of the hydroxylated‐PAHs and alkylphenols in bile of red mullet
(Mullus barbatus). RT= retention time

Compound

4‐tert‐octylphenol (4‐t‐OP)

RT (min)

m/z
(Relative
response )

Detection
limit (ng/g)

8.625

207 (100), 191 (3) and

1.3

278 (2)
1‐naphtol 2‐3‐4‐5‐6‐7‐8 d7

8.715

208 (100), 223 (90),
191 (50)

1‐naphthol

8.755

216 (100), 201 (100)

14.4

and 185 (60)
4‐n‐OP d17

10.551

181 (100), 295 (80)

4‐n‐nonylphenol (4‐n‐NP)

10.725

179 (100), 278 (10),

0.9

180 (10) and 292 (1),
4‐n‐nonylphenol (NP) 2‐3‐

11.758

296 (10), 183 (100)

11.986

165 (100), 254 (35)

5‐6‐d4
9‐fluorenol

1.7

and 253 (20)
9‐phenanthrol

15.331

266 (100), 251 (75)

1.3

and 235 (40)
1‐pyrenol d9

18.980

299 (100), 284 (30)
and 267 (10)

1‐pyrenol

19.019

290 (100), 275 (30)

1.7

and 259 (25)
3‐OH‐Benzo(a)pyrene

26.059

340 (100), 325 (15)

6.1

and 250 (10)
1‐OH‐Benzo(a)pyrene

26.269

340 (100), 239 (30)
and 162 (3)
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2.6. Calculation of estrogenic potencies of individual compounds and total contribution to
estrogenic activity
Estrogenic potencies of individual compounds chemically quantified in bile
samples (1‐naphthol, 9‐fluorenol, 9‐fenantrol, 1‐pyrenol, 1OH‐BaP, 3OH‐BaP, 4‐tert‐
OP and 4‐n‐NP) were determined in an ER‐LUC assay. Compounds were tested in
triplicate at five different concentrations (Table 2), in two independent experiments,
and 50% effect concentrations (EC50) were determined from the dose‐response curves.
For comparison of estrogenic potency between E2 and the other compounds, the
estrogenic activity of each compound X was expressed relative to that of E2 by
calculating the estradiol equivalence factor (EEF value) for the compound X with the
formula

EEFx= EC50(E2)/EC50(X)
with EC50 values expressed as molar concentrations. To determine the
contribution of the quantified compounds in bile extracts to the observed estrogenic
activity in bile samples, the molar concentration of each estrogenic compound [X] was
converted into a molar estradiol equivalent (E2EQ) concentration with the formula

E2EQ= [X] ∙ EEFx
Subsequently, the E2EQ concentration of all estrogenic compounds together
was compared to the total estrogenic activity (ER‐LUC measurements) found in the
male bile extracts of each sampling site.

3. Results
3.1. Chemical analysis of bile extracts
OH‐PAH metabolite and alkylphenol concentration in fish bile showed a
clear discriminating spatial pattern between sites, though statistical differences could
not be tested due to the reduced number of samples. 1‐Pyrenol was the only OH‐PAH
quantified in all samples, while 1‐naphtol and 1OH‐BaP were below the limits of
detection in all samples (Table 3).
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Table 2. Test concentrations used, at two independent experiments, to compare
estrogenic potency between estradiol (E2) and OH‐PAHs, and between E2 and
alkylphenols in the ER‐LUC assay.

Compound

D1
(nM)
0.15 x 10‐3
0.15 x 10‐3

D2
(nM)
0.5 x 10‐3
0.5 x 10‐3

D3
(nM)
1.5 x 10‐3
1.5 x 10‐3

D4
(nM)
5 x 10‐3
5 x 10‐3

D5
(nM)
0.15
0.15

1‐naphtol

1
3000

10
5000

100
10000

1000
30000

10000
55000

9‐fluorenol

1
1000

10
3000

100
5000

1000
10000

10000
25000

9‐fenantrol

1
3000

10
5000

100
10000

1000
15000

10000
23000

1‐pyrenol

1
1000

10
3000

100
5000

1000
10000

10000
16000

3‐OH‐BaP

1
100

10
500

100
1000

1000
5000

10000
10000

1‐OH‐BaP

1
1000

10
3000

100
6000

1000
8000

10000
10000

4‐tert‐OP

1
5

10
10

100
50

1000
100

10000
1000

1
100

10
500

100
1000

1000
5000

10000
10000

E2

4‐n‐NP

Total sum of OH‐PAH concentrations (ΣOH‐PAHs) was higher in fish
sampled at stations from Mar Menor Lagoon (147.6 ‐ 329.9 ng/g) than those caught
along the Spanish Mediterranean coast, indicating a higher exposure to PAHs in fish
from the lagoon. Biliary 1‐pyrenol levels were highest in fish from Barcelona (50.77 ng
g‐1; 12 times higher than at reference site). 9‐Phenantrol was only found in bile
samples from Barcelona and Mar Menor Lagoon, with the highest concentrations
from station MM2. Similarly, Mar Menor Lagoon had the highest concentrations of 9‐
fluorenol in bile, also with maximum values at station MM2. 1‐OH‐BaP and 3‐OH‐
BaP were identified in less than 25% of the bile samples. 1‐Naphthol, an indicator of
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recent exposure to petrogenic compounds, was not detected in any of the bile
samples.
As far as alkylphenols are concerned, 4‐tert‐OP and 4‐n‐NP were detected in
measurable amounts in all bile samples. Overall, biliary concentrations of
hydroxylated‐PAHs and alkylphenols were lower in fish from the reference site
(Palos Cape) than those from the other sites (Table 1). Biliary concentrations of 4‐n‐
NP and 1‐pyrenol showed similar spatial patterns, with highest concentrations in fish
from Barcelona, followed by station MM2 in Mar Menor Lagoon. However, biliary
concentrations of 4‐tert‐OP were higher in fish from the Mediterranean sites than
from the lagoon, particularly along the Spanish coast near Valencia and Delta del
Ebro. Biliary concentrations of 4‐n‐NP were always one order of magnitude higher
than 4‐tert‐OP.
3.2. Comparison of relative estrogenic potency of individual compounds
The estrogenic activity of the alkylphenols and hydroxilated PAHs
chemically quantified in fish bile estracts was investigated using the ER‐LUC assay,
expressing luciferase activity upon activation of the ER. Maximum response to E2
was observed at 150 pM and this concentration was used as a reference for 100%
effect. The EC50 value for E2 was 4.07 ± 0.38 pM (Mean ± SEM; n=8). Alkylphenols and
several OH‐metabolites showed estrogenic activity in the following order (Table 4):
4‐tert‐OP > 4‐n‐NP > 3‐OH‐BaP > 1‐OH‐BaP > 1‐pyrenol > 1‐naphthol

9‐Phenantrol and 9‐fluorenol did not induce an estrogenic response. For 4‐
tert‐OP and 4‐n‐NP, dose‐response curves reached maximum responses comparable
to E2. For 3‐OH‐BaP, the maximum response (66%) was lower than for E2. EC50
values were calculated as the point of inflection of each dose‐response curve.
Compounds 1‐OH‐BaP, 1‐pyrenol and 1‐naphthol did not reach a maximum response
within the range of test concentrations (Figure 2; Table 4). For these compounds,
curve‐fits were made by setting the maximum response at the maximum response of
E2 (100%), allowing a semi‐quantitative estimation of EC50 .
3.3. Biliary estrogenic activity in male fish
As with the chemical results, the lowest value for total biliary estrogenic
potency was found in male fish sampled at Palos Cape (reference site), while the
highest biliary estrogenic potency (15 times higher than reference site) was found in
fish from station MM2 (Mar Menor) (Table 1). These results suggest lower exposure
to estrogenic compounds in fish from the reference site than those from the other
sites, and also point to a markedly higher exposure to estrogenic compounds in fish
from site MM2 in Mar Menor Lagoon.
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Table 3. Hydroxylated PAHs, alkylphenols and estrogenic potency in bile samples of
red mullet (Mullus barbatus) caught at several sites along the Spanish Mediterranean
coast and in Mar Menor Lagoon. All compounds and estrogenic potency determined
from pooled samples (N) of 5 to 12 organisms. N.d.= not detected. The number of
pooled male bile samples analyzed is shown between brackets.

3.4. Relationships
concentrations

between

estrogenic

activity

and

estrogenic

metabolite

The spatial pattern of biliary concentrations of APs and PAH metabolites in
red mullet from different Spanish Mediterranean sites was largely consistent with
that of biliary total estrogenicity. Biliary estrogenic activity was elevated in fish that
were more exposed to 1‐pyrenol, 4‐n‐NP and 4‐tert‐OP. The strongest correlations
were found for 1‐pyrenol (r=0.943, p‐value <0.01), which has a lower concentration
and lower estrogenic potency in bile samples than 4‐tert‐OP and 4‐n‐NP. Significant
positive correlations (r=0.829, p‐value <0.05) were also found between total estrogenic
activity and 4‐n‐NP and the total sum of estrogenic compounds analyzed, while no
correlation was found for 4‐tert‐OP and estrogenic activity (Figure 3).
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Figure 2. Estrogenic activity (induction of luciferase activity) of hydroxylated PAHs
and alkylphenols in BG1luc4E2 human ovarian cancer cells (ER‐LUC assay). Cells
were pre‐incubated with assay‐medium for two days and subsequently exposed for
24 hours to estradiol (E2), 1‐naphthol, 9‐phenantrol, 9‐fluorenol, 1‐pyrenol, 1OH‐
benzo(a)pyrene (1‐OH‐BaP), 3OH‐benzo(a)pyrene (3‐OH‐BaP), 4‐n‐nonylphenol (4‐n‐
NP) and 4‐tert‐octylphenol (4‐tert‐OP). Each point represents the mean of triplicate
incubations ± standard error of the mean.

3.5. Contribution of the quantified estrogenic compounds to total estrogenic activity
The total sum of the estrogenic metabolites quantified in bile samples (Σ 1‐
pyrenol + 3‐OH‐BaP + 4‐n‐NP + 4‐tert‐OP), expressed as E2EQ concentration, could
only explain a small percentage of the total estrogenic activity observed in the same
male fish bile samples (less than or equal to 0.02% in all cases). Their contribution to
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the total estrogenic activ
vity measured was thereforee negligible. This
T
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T use
of differentt sampling meethods could have
h
resulted in different feeding status for the
fish, and m
may thus have confounded our
o results. Prrevious studiees advocated the use
of biliverdiin or biliary prrotein as a meeans of norma
alizing biliary OH‐PAH mettabolite
concentratiions to feedin
ng status (Aass et al., 2000; Ruddock et al., 2003). Ho
owever,
several autthors have rep
ported that wh
hen the concen
ntrations of proteins were used
u
to
normalize residues of OH‐PAH
O
mettabolites, the observed con
ncentrations did
d not
differ stron
ngly from datta expressed per
p quantity of bile (Escarrtín and Portee, 1999;
Richardson
n et al., 2004; Vuorinen
V
et all., 2006). Expeerimental work
k has confirm
med that
change in feeding statu
us over a 24‐‐h period did
d not appear to be a sign
nificant
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confounding factor in PAH bile concentrations (Richardson et al., 2004). It has also
been reported that 1‐phenantrol does not increase in mean concentration in fish bile
during starvation (Richardson et al., 2004). However, a potential effect of starvation
on our results cannot be completely ruled out.
1‐Pyrenol has been reported as the main PAH metabolite in fish bile in many
studies (Lin et al., 1994; Ruddock et al., 2002). Although pyrene is only one out of
several hundreds of PAHs, it may be the most relevant marker to represent PAH
exposure (Budzinski et al., 2004). In Mar Menor lagoon, this study found 9‐
phenantrol to be the main OH‐metabolite in red mullet fish bile. Though direct
comparison between different species is always difficult (due to differences in habitat,
metabolism and diet) some authors have found considerable quantities of 9‐
phenantrol in bile samples from seabass (Dicentrarchus labrax) sampled from inland
facilities (ponds), but almost no detectable amounts in fish from coastal areas
(Fernandes et al., 2009). Phenantrene is present in higher amounts in refined oil
products, and other authors have reported that motor oil and petrol spillages from
boats are the main sources of hydrocarbons into Mar Menor lagoon (Conesa and
Jiménez‐Cárceles, 2007), supporting the relative high phenantrol levels found in the
present study. In a previous study conducted with red mullet from the NW
Mediterranean Sea, the summarized concentration of five different hydroxylated
PAH metabolites ranged from 91 to 1590 ng∙g‐1 bile (Escartín and Porte, 1999), while
9‐phenantrol was not detected in any bile sample. Interestingly, 1‐pyrenol
concentrations in bile from red mullet sampled off the coast of Barcelona (Escartín
and Porte, 1999) were significantly higher (about 20 times) than in the present study.
The fact that red mullet were collected from different sites in both studies might
partially explain some of the variance observed. In our study fish were collected on
the inner shelf of Barcelona south coast, while in the study by Escartín and Porte
(1999) fish were collected in the proximity of the more polluted Barcelona harbour.
Biliary alkylphenol concentrations in the present study were at the lower
limit of mean concentrations reported for red mullet from other polluted areas of the
NW Mediterranean Sea like Cortiou (France) and Portofino (Italy) (4‐tert‐OP [70‐250
ng/g bile]; 4‐‐NP [1560‐28310 ng/g bile]) (Martin‐Skilton et al., 2006), indicating a
lower exposure to APs in red mullets from the Spanish sites. In our study,
concentrations of biliary 4‐n‐NP had a similar spatial pattern to 1‐pyrenol and
fluorenol concentrations, with the highest values found in fish from Barcelona and
from Mar Menor lagoon. Barcelona is considered one of the top hotspots for chemical
pollution along the Spanish Mediterranean coast (UNEP/MAP/MED POL, 2005).
Shipping activity and effluents from urban/industrial wastewater treatment plants
are generally considered an important and continuous source of alkylphenols in the
aquatic ecosystems (Petrovic et al., 2002). The relatively high 4‐n‐NP concentration
found in the fish bile from Mar Menor lagoon points to shipping activity and existing
wastewater effluents in the lagoon as the main sources. Overall, our findings
illustrate well the sensitivity of Mar Menor lagoon to chemical pollution as a
consequence of its being a shallow and semi‐confined lagoon with particular long
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water residence times (Perez‐Ruzafa., 2002). The observed difference of one order of
magnitude higher bile concentrations of 4‐NP concentrations compared to 4‐tert‐OP
confirmed the results from other studies, which attributed this difference to less
commercial use of 4‐tert‐OP (Lye et al., 1999).
The use of the in vitro ER‐LUC reporter‐gene assay allowed us to detect the
presence of estrogenic compounds in bile extracts and to establish the relative
estrogenic potency of the compounds chemically quantified in the same bile samples.
Statistical comparisons between samples were not possible in our study due to the
limited volume of fish bile obtained. The median value of estrogenic activity in male
red mullet from all study sites was 75pg E2EQ/μL bile, minimum levels (5 times
lower than median value) were found at the reference site and a pronounced
maximum level (15 times higher than in fish from the reference site) were found in
fish from the station MM2 located in Mar Menor lagoon. To the best of our
knowledge, this is the first report of estrogenic activity in bile extracts from red
mullet. Total biliary estrogenic activity values found in our study are within the same
range as those reported in male breams (Abramis brama) [14.3 to 153.5 E2 EQ/μl bile]
(Houtman et al., 2004). A significant positive correlation has been found for this fish
species between high biliary estrogenic activity, plasma vitellogenin levels and
elevated levels of xeno‐estrogenic activity in surface water (Legler et al., 2002). The
highest level of total estrogenic activity (about 150 E2 EQ/μl bile) found in Abramis
brama males was observed at the site where males also showed the highest prevalence
of gonadal intersex and the highest plasma VTG levels (Houtman et al., 2004).
Baseline estrogenic activity in male fish bile can differ greatly between fish species
(Legler et al., 2002) and although our results from site MM2 in Mar Menor lagoon
(234.8 ±5.7E2 EQ/μl) point to alterations of the presumed baseline estrogenic activity
in male red mullet, further research will be necessary to investigate the biological
effects at a higher level of ecological relevance in fish from this site.
Overall, 4‐tert‐OP, 4‐n‐NP, 3‐OH‐BaP, 1‐OH‐BaP, 1‐pyrenol and naphthol
showed a relative weak estrogenic potency (from 10‐5 to 10‐8 times that of 17ß‐
estradiol). Other authors, using different cell lines, have observed similar EEFs for the
same compounds, which support our results (Table 2) (Tyler et al., 1998; Houtman et
al., 2004; Van Lipzig, 2005; Zhao et al., 2010), the only exception 1‐OH‐BaP, wich did
not yield estrogenic activity in the ER‐CALUX assay (Van Lipzig et al., 2005).
Differences found could be partially explained by the use of a shorter exposure time
to the compounds (6 hours) than in our study (24 hours) and the use of a different cell
line (Van Lipzig et al., 2005). Despite the significant strong positive correlations
between concentrations of 1‐pyrenol and 4‐n‐NP and the total estrogenic activity in
bile found in our study, our results do not support the hypothesis that these
estrogenic compounds contribute significantly to the total bile estrogenic activities
observed. Given the highest biliary concentrations of 1‐pyrenol, 4‐NP and 4‐tert‐OP
recorded for this species in the NW Mediterranean Sea (Escartín and Porte, 1999;
Martin‐Skilton et al., 2006), the contribution of these compounds to the total biliary
estrogenic activity found in our study would be negligible (about 0.05%). Fish from
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natural populations are not exposed to just one chemical at a time, but to an
assortment of chemicals, many of which have the potential to interfere with hormone
functions. This finding suggests that other ER agonists, including pesticides, natural
and synthetic hormones, can be the major contributors to explain total estrogenic
potency found in red mullet bile.
The results of biliary estrogenic activity in male fish indicated that red mullet
from site MM2 (located in Mar Menor lagoon) were exposed to higher estrogenic
potencies than those from the other sampling sites, including the other two sites
inside the lagoon (MM1 and MM3). The Mar Menor coastal lagoon is impacted by
intensive agricultural activities, massive urban growth on its ridges and the remains
of former metal mining activities nearby Cartagena, Portman and La Unión area
(Murcia, SE Spain) (Conesa and Jiménez‐Cárceles, 2007). The Albujón watercourse
(figure 1), wich empties into Mar Menor lagoon, is the most important trap of the
Campo de Cartagena area (1,200 km2), wich is considered one of the main intensive
horticulture growing areas in Europe (30,300 Ha in 2010). The total input to Mar
Menor lagoon of 70 semivolatile organic pollutants has recently been estimated
through Albujón watercourse, being organophosphorous pesticides and triazines the
major contributors (Moreno‐González et al., 2013). To date, little has been revealed
about concentrations of other industrial and agricultural compounds with ER
agonist/antagonist potency (such as bisphenol‐A, PCBs, DDTs, herbicides, fungicides,
etc.) in seawater, sediments and red mullet from Mar Menor lagoon, although earlier
studies have reported the presence of high concentrations of pesticides in water and
in organisms throughout the food web (Pérez‐Ruzafa et al., 2000; Serrano and Sironi,
2009).
It has been also shown that red mullet caught in Mar Menor lagoon exhibit
significantly higher concentrations of total arsenic in their muscle tissue (around 25
mg/kg wet weight) compared to those sampled in other areas of the Spanish coast
(Benedicto et al., 2008), pointing to high exposure levels of this metal‐estrogen in the
lagoon (Stoica et al., 2000; Rosenblatt and Burnstein, 2009). On the other hand,
effluents from wastewater treatment plants (WWTP) are now acknowledged to be an
important source of natural (such as 17β‐estradiol (ßE2) and estrone (E1)) and
synthetic hormones (such as 17α‐ethinylestradiol (EE2) used in oral contraceptive) in
the aquatic environment (Petrovic et al., 2002; Nakada et al., 2004). Mar Menor lagoon
is continuously receiving WWTP effluents through the main watercourse “El
Albujón” (figure 1) and the number and volume of wastewater inputs from untreated
effluents are still unknown. In June 2001, Mar Menor lagoon was declared a sensitive
area subject to eutrophication under European Directive 91/271/EEC concerning
urban waste water treatment. The relative estrogenic potency of natural and xeno‐
hormones is several orders of magnitude higher than that of estrogenic industrial
compounds (see Table 4). Their contribution to total biliary estrogenic activity has
been found to have major significance in some fish field studies (Legler et al., 2002;
Houtman et al., 2004; Gibson et al., 2005). In a survey conducted in the Venice lagoon
(Italy), a coastal lagoon similar to Mar Menor, natural and synthetic estrogens were
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found in water and sediment, while only EE2 and 4‐NP were recorded in biota
(Pojana et al., 2007). Additionally, ßE2 and EE2 contributed mostly to water E2EQ
concentration observed (EEQ) in water from the Venice lagoon (Pojana et al., 2007).
The identity and number of chemicals in daily use with estrogenic potency is
still not known (not identified,) and consequently their contribution to the estrogenic
potency of complex environmental mixtures is unknown. More than 550 substances
were listed by the European Commission (DG ENV) as priority compounds for
further evaluation of their role in endocrine disruption (COM, 2001). We have
estimated the contribution to total biliary estrogenicity of only six weakly estrogenic
compounds and there is reason for concern regarding the additive effects of multiple
estrogenic active compounds on fish from Mar Menor lagoon. We would hypothesize
that, as in the Venice lagoon, the contribution of outfalls of domestic sewage and
water runoff containing natural and synthetic estrogens from human origin may be
major responsible for the observed bile estrogenicity in fish from Mar Menor lagoon,
with particular reference to sampling site MM2. In this context, the potential effect of
urination by the thousands of bathers who use the shallow lagoon cannot be ruled
out. In that sense, further research should be going on to quantify natural and
synthetic hormone concentrations in seawater, sediment and fish bile extracts from
Mar Menor lagoon together with measurements of total estrogenic potency.
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Table 4. Estrogenic activity of hydroxylated PAHs metabolites and alkylphenols. EC50
values represent 50% of the maximum induction of the compound tested and are
given as mean ± standard error of the mean (SEM). Compounds showing no activity
(n.a.) in the ER‐LUC assay, did not show any effect at the highest concentration
tested. Estradiol equivalence factor (EEF value) of hydroxylated PAHs, alkylphenols,
natural and xeno‐hormones. (†) Data collated from the comprehensive review by
Tyler et al. (1998). (††) Data collated from the comprehensive review by de Vooght
and van Hattum, 2003). MR = maxima response; m.b. = molar based)

Compound
Estradiol (ßE2)

% MR
E2

EC 50
(pM)

EEF (m.b.)
(ER‐LUC assay)

100.0

4.1

4‐t‐OP

99.7

5.9 x 104

7.2 x 10‐5

4‐n‐NP

92.3

1.7 x106

3.6 x 10‐6

3‐OH‐BaP
1‐OH‐BaP

67.0
68.0

3.8 x 105
9.1 x 106

1.2 x 10‐5
5.2 x 10‐7

1‐pyrenol

47.9

1.7 x 107

2.9 x 10‐7

1‐napthol

7.8 x 10 ‐8

EEF
(other authors)

7.3 x 10‐5
9.3 x 10‐4
1.4 x 10‐6
3.7 x 10‐5
6.3 x 10‐4
2.3 x 10‐5

(Houtman et al., 2004)
(Zhao et al., 2010)
(††)
(Houtman et al., 2004)
(Zhao et al., 2010)
(††)

4.9 x 10‐5

(Van Lipzig et al., 2005)

n.a.

(Van Lipzig et al., 2005)

1x 10‐5 ‐ 1x10‐4
1x10‐6

(†)
(††)

2 x 10‐3 ‐ 0.02

(†)

3 x 10‐3 ‐ 0.01

(†)

2.4 x 10‐7

(††)

Endosulfan

1.0 x 10‐6

(††)

Chlordane

9.6 x 10‐7
1.13 x 10‐5
1.1 x 10‐4
7.8 x 10‐6
1.12
2.20
1.2
0.13
0.12
0.30
0.056

(††)
(Houtman et al., 2004)
(Zhao et al., 2010)
(††)
(Houtman et al., 2004)
(Zhao et al., 2010)
(††)
(Houtman et al., 2004)
(Houtman et al., 2004)
(Zhao et al., 2010)
(††)

4‐NP

45.3

6.2 x 107

9‐fluorenol

0.0

n.a.

9‐phenantrol

5.0

n.a.

Methoxychlor
PCBs
(ortho‐
substituted)
Methoxychlor
metabolites
Dieldrin

Bisphenol A
(BPA)
Ethinylestradiol
(EE2)
Estriol (E3)
Estrone (E1)
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5. Conclusions
Concentrations of biliary OH‐PAHs and alkylphenols in red mullet show
geographical differences of exposure and a consistent spatial pattern with estrogenic
potency determined in bile from male fish. Comparison of our results with previous
studies indicates that red mullet from polluted areas of the Spanish Mediterranean
coast are exposed to lower levels of PAHs and alkylphenols than those from other
polluted waters in the NW Mediterranean Sea, as well as the high sensitivity of Mar
Menor lagoon to chemical pollution . The analysis of OH‐PAH metabolites in bile
suggest that fish in Mar Menor were recently exposed to high levels of motor oil and
petrol spillages. The contribution of 1‐pyrenol, 4‐n‐NP and 4‐tert‐OP concentrations to
the total biliary estrogenic activity measured in red mullet was found to be negligible,
indicating the presence of other estrogenic compounds. Markedly elevated biliary
estrogenic potencies in male red mullet dwelling in the Eastern part of Mar Menor
lagoon require further in‐depth study. Approximately 5 to 16 E2EQ pg/mg bile may
be considered a preliminary baseline level of total bile estrogenic activity in male red
mullet from the Western Mediterranean Sea. More field studies are needed to further
our understanding of the potential effects of estrogenic contaminants on red mullet.
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1. Selection of fish species
During the past decades, the study of how chemical pollution affect
fish has increasingly involved the use of biological effects techniques, e.g.
biomarkers or bioassays, and the period has seen an increase in the number of
fish species used as well as the range of methods and techniques (McCarthy
and Shugart, 1990; Van der Oost et al., 2003, 2005; ICES, 2010).The selection of
fish species to be used in field studies of chemical pollution is of great
importance: the success of any study will depend on the ecology, abundance
and sensitivity to toxicants of the chosen species. In a monitoring context, it is
furthermore of key importance to select one or more species that have a wide
geographical distribution. The results reported in chapter 2 and 3 showed that
two benthic species investigated in this thesis: the four‐spot megrim
(Lepidorhombus boscii) and dragonet (Callionymus lyra), appear to be appropriate
for monitoring purposes along much of the Spanish Atlantic coast. The results
reported in chapter 5 and 6 similarly suggest that the red mullet (Mullus
barbatus) is a suitable species for monitoring chemical pollution in Spanish
Mediterranean waters and beyond. Baseline values in biological responses
have been determined for all three species (Davies and Vethaak, 2012) and they
all appear to have reproducible responses following exposure to different
categories of chemical pollutants (Chapter 3, 5 and 6). The fish species
recommended for use in monitoring contaminant‐induced biological effects in
European waters were reviewed in chapter 4. Apart from the species included
in this thesis, seven other demersal fish species have been identified as
potentially useful for biological effects‐based monitoring: European flounder
(Platichthys flesus), dab (Limanda limanda), plaice (Pleuronectes platessa), common
sole (Solea solea), eelpout (Zoarces viviparus), haddock (Melanogrammus
aeglefinus) and cod (Gadhus morhua). With the exception of cod, which is a
benthopelagic fish, the remaining species are benthic. Benthic species will be
exposed to contaminated sediment, directly or indirectly and have diets
consisting of epibenthic or inbenthic organisms (Gerking, 1994).
There is a scarcity of studies in which two or more species have been
collected in the same area, so there is limited knowledge of the relative
sensitivity to contaminants of the above species. Dragonet sampled during the
2003 autumn survey along the Iberian inner shelf after the Prestige oil spill
(chapter 2) was sampled simultaneously with pouting (Trisopterus luscus), a
benthopelagic fish species (Fernándes et al, 2008). Constitutive levels of
ethoxyresorufin‐O‐deethylase (EROD) activity differed for the two species and
EROD appeared to be more inducible in pouting (2‐4 fold) than in dragonet (2‐
fold). Interpretation of such data must be done with caution as sampling size
and locations (within the same areas) were not identical for the two species,
little is known of their relative biotransformation capacity and there is no
knowledge of temporal variability in sensitivity. Dragonet from the Galician
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shelf was later found to have a 5 to 7.5‐fold increase in EROD activity in
comparison to fish from the reference area (chapter 3).
For all the above species there are a range of field studies indicating
that they respond predictably to contaminant stress, but there are surprisingly
few dose‐response studies under controlled conditions available. In fact, the
species investigated in this thesis have not been used in laboratory exposure
experiments to date.
The fish species used in this thesis were sufficiently abundant along the
northern Atlantic (four‐spot megrim and dragonet) and Mediterranean (red
mullet) Spanish waters to facilitate sampling, as detailed information on their
distribution and abundance is available (Lombarte et al., 2000; Sánchez et al.,
2002; Lloret et al., 2007). It is known that four‐spot megrim and red mullet
accumulate higher contaminant concentrations in their tissues than many other
fish benthic species from Spanish waters, and both species have therefore also
been target species for chemical monitoring (Benedicto et al, 2012; Besada et al.,
2012). Seasonal and sex‐linked variations in several biomarker responses have
been studied previously in red mullet (Mathieu et al., 1991; Benedicto et al.,
2001a, 200b), and they were to some extent investigated in four‐spot megrim
and dragonet as part of this thesis (chapter 2 and 3). All of the three selected
species had sufficient range of response in certain biomarkers allowing
discrimination between basal and high levels of exposure to environmental
contaminants. They also had sufficient sensitivity to detect low levels of
contaminant exposure. These observations make the selected benthic fish used
in this thesis good target species for regional monitoring purposes. As
mentioned above, after the Prestige oil spill, others authors also studied
contaminant‐related biomarker responses in other species, such as pouting
(Fernándes et al, 2008). The study showed that pouting is more abundant than
dragonet in the inner shelf of the Basque Country area and may therefore be a
more suitable target species for monitoring programmes along the northern
Iberian shelf. On the other hand, dragonet has also been used for monitoring
purposes in e.g. France (Burgeot et al., 1993).
Apart from target species for regional monitoring purposes, it is crucial
to study sublethal effects of chemical pollution in other fish species, which can
be more sensitive to toxicants due to their habitat, ecology, metabolism and/or
diet or that may be more representative of a particular local area. In that sense,
biomarker responses in other fish species than the used in this thesis have been
also studied during the last years in Spanish estuaries, continental shelves,
bottom slopes and from deep‐sea canyons (table 1). Most of these fish are
benthic/demersal species, and some of them are also used in aquaculture. The
assessment of biomarker responses in fish species from natural populations
and which are also used in aquaculture have the advantage of making easier
further experimental research on the specific‐species biomarker responses (e.g.
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dose‐response studies), as these species can be easily maintained under
laboratory conditions. However, its use in national/regional pollution
monitoring programmes is often limited because certain monitoring
requirements, e.g. sufficiently large sample sizes during fishing surveys. It has
been suggested that deep‐sea organisms dwelling within submarine canyons in
the NW Mediterranean may be particularly at risk for adverse contaminant‐
induced effects (Borgui and Porte, 2002; Koenig et al., 2012; Koenig et al., 2013a,
2013b). Within the context of the Marine Strategy Framework Directive
(Directive
2008/56/EC)
and
Mediterranean
Ecosystem
Approach
(UNEP/MEDPOL, 2011) new target fish species will have to be nominated,
with particular relevance to monitor environmental quality of Spanish deep‐
sea environments.

166

Table 1. Fish species used in contaminant‐biomarker responses studies performed in Spanish marine waters.
SPECIES

four‐spot megrim (Lepidorhombus boscii)

USEFULNESS FOR
MONITORING
PURPOSES
Suitable for regional
monitoring

hake (Merluccius merluccius)

Suitable for regional
monitoring
Potentially suitable for
regional monitoring
Not suitable

anchovy (Engraulis encrasicolus)

Not suitable

dragonet (Callionymus lyra)
pouting (Trisopterus luscus)

sole (Solea solea)
senegalese sole (Solea senegalensis)

Potentially suitable for
local monitoring

european seabass (Dicentrarchus minutus),

Mullet (Mugil cephalus)

Potentially suitable for
local monitoring

wild seabass (Dicentrarchus labrax)
sand goby (Pomatoschistus minutus)

Potentially suitable for
local monitoring
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AREAS
North Atlantic outer
and middle shelf 120‐
500 m
North Atlantic
inner shelf <120 m

Basque Country
inner shelf
120‐130 m
Commercially
cultured
NW Mediterranean
coastal waters
NE Atlantic waters

REFERENCES
Martínez‐Gómez et al., 2006
Martínez‐Gómez et al., 2009
Fernándes et al., 2008
Fernándes et al., 2009
Martínez‐Gómez et al., 2006
Martínez‐Gómez et al., 2009
Fernándes et al., 2008a
Fernándes et al., 2008b
Marigómez et al., 2006
Marigómez et al., 2006
Fernandes et al., 2009
Solé et al., 2008a
Solé et al., 2013
Solé et al., 2013

Estuarine
Basque country

Orbea et al., 2002
Borja et al., 2004

Guadalquivir estuary

Fernandes et al., 2009
Solé et al., 2006b
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Table 1 (cont). Fish species used in contaminant‐biomarker responses studies performed in Spanish marine waters.
SPECIES

red mullet (Mullus barbatus)
axillary seabream (Pagellus acarne),
blackspot seabream (Pagellus bogavareo),
common pandora (Pagellus erytrinus),
blotched picarel (Spicana maena),
greater weever (Trachinus draco),
spot flounder (Citharus linguatula),
blackbelly rosefish (Helicolenus
dactylopterus),
poor cod (Trisopterus minutes)
hake (Merluccius merluccius)
blue whiting (Micromesistius poutassou)
greater forkbeard (Phycis blennoides)
roughsnout grenadier (Trachyrincus scabrus)
common Atlantic grenadier (Nezumia
aequalis)
mediterranean codling (Lepidion lepidion)
rissoʹs smooth‐head (Alopocephalus rostratus)
small‐spot catshark (Scyliorhinus canicula)
blackmouth catshark (Galus melastomus)
bogue (Boop boops)

USEFULNESS FOR
MONITORING
PURPOSES

AREAS

Benedicto et al., 2005
Martínez‐Gómez et al., 2006
Martínez‐Gómez et al., 2009

Suitable for regional
monitoring

Spanish inner
Mediterranean shelf
<120 m

Potentially suitable
target species

Not suitable

potentially suitable
target species

slope and deep‐sea
canyons in Catalonian
waters (NW, Spain)

Not suitable
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3. Seleection of bio
omarkers/biioassays
A large numb
ber of biomarrkers have beeen used in stu
udies of subleethal
effects o
of chemical contaminants
c
in fish from natural popu
ulations (Van der
Oost et al., 2003, 2005
5). Given the complexity off biological an
nd environmeental
systemss, it is unlikeely that a sin
ngle biomarkeer response would
w
be ablee to
provide a reliable meeasurement off the health sttatus of fish. Therefore,
T
the use
of a suitte of biomark
kers at differen
nt levels of biiological organ
nization has been
b
repeated
dly advocated
d (Handy et al., 2003; Ly
yons et al., 2010). Recently
y, a
combineed measuremeent of sub‐celllular, tissue and
a
whole org
ganism respon
nses
in fish, together with
h tissue chem
mistry has beeen recommen
nded in pollu
ution
studies (Davies et al.,, 2012) (Figurre 1). The focu
us of the curreent thesis wass on
fish biom
markers respo
onses at subcelllular level.

Figure 1. Co
ore chemical and biologica
al measuremeents (biomark
kers)
recomm
mended in fish pollution stud
dies (adapted from Davies et
e al., 2012).

Cytochrome P4501A activ
vity (EROD) was found to be a usseful
biomark
ker in assessin
ng exposure of environmeental organic pollutants in the
current thesis (chapteer 2, 3, 4 and
d 5). Specific attention
a
was given to hep
patic
EROD iin benthic fissh following the
t
Prestige oil
o spill. The most remarka
able
finding of the studiees with four‐sspot megrim was
w the obserrvation of ER
ROD
activity in fish from
m the outer Cantabrian
C
sh
helf induced up to 10 times
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compared to megrim from reference areas. Such induction is similar to EROD
responses found in other fish species sampled from highly polluted areas
(Kirby et al., 1999; Jewett et al., 2002; Vethaak et al., 2011). In addition to
polycyclic aromatic hydrocarbons (PAHs), planar polychlorinated biphenyl
(PCB) congeners and dioxins will induce EROD (Metcalfe and Haffner, 1995).
In the studies conducted in chapter 2 and 3, it is not likely that exposure to
other cytochrome P450 subfamily 1A (CYP1A)‐inducing agents will have been
higher in fish from the outer shelf than in fish from reference areas, so it is
probable that oil‐related PAHs caused the induction.
Analyses of hydroxylated PAHs and alkylphenols in bile fish were
found to be useful methods to assess exposure to the contaminants (chapter 6).
It was challenging to sample bile from red mullets, resulting in low volume
and sample numbers, but this method nevertheless gave results that showed
up to 15 times higher response in fish from polluted areas compared to
reference fish. In the future, the efficiency of bile sampling in red mullet could
be improved by selecting a larger size range than that used previously and by
retaining fish for up to 4 hours prior to sacrifice whenever possible to allow bile
to accumulate in the gall bladder. After the Prestige oil spill, high biliary levels
of certain PAHs metabolites but also alkylphenols (APs) were reported in four‐
spot megrim and pouting collected in impacted areas (Fernandes et al.,
2008).The critical review in chapter 4 concluded that EROD induction in
conjunction with PAH metabolites were appropriate methods for exposure
assessment following oil spills.
In this thesis, the estrogen responsive chemical activated luciferase
gene expression assay (ER‐LUC) was used to measure activation of estrogen
receptors by bile extracts from red mullet males and indirectly, to assess
exposure to exogenous estrogenic active compounds. The use of this in vitro
bioassay allowed an integration of results for concentrations of PAHs
metabolites and APs in bile with measurement of estrogenic activity (chapter
6). The findings supported the use of a cost‐effective approach (such as gene
reporter in vitro bioassay) for identifying contaminant active compounds and to
pre‐screen field biological samples prior to performing more specific chemical
analyses. Such information is crucial for guiding monitoring strategies and
effective emissions control aimed at reducing the measured toxicity. It is not
uncommon for assessments of estrogenic activity performed using in vitro and
in vivo assays to differ, and both overestimation and underestimation of in vivo
estrogenic potency have been reported using in vitro assays (Kinnberg, 2003;
Vethaak et al., 2005). While ER‐LUC is a useful tool for identifying sites
contaminated with estrogenic active substances, in vivo analyses such as
vitellogenin plasma levels and quantification of the prevalence of e.g., intersex
in male fish will always be essential to fully clarify whether there is
ecologically relevant exposure.
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Glutathione S‐transferase (GST) activity play an important role in
biotransformation and detoxification processes, and hepatic GST activity was
included in studies of four‐spot megrim and dragonet (chapter 2 and 3). GSTs
have different substrate specificity and we determined GST activity using the
substrate 1‐chloro‐2,4‐dinitronbenzene (CDNB), which is conjugated by three
of the four GST isoforms (George, 1994). GSTs represent a major group of
phase‐II enzymes and its activity may be affected by a range of structurally
heterogeneous range of xenobiotics. The individual isoenzymes will however
contribute differently to the biotransformation of environmental pollutants and
protection against oxidative stress (Van der Oost et al., 2003). Although the
results reported here has contributed to the knowledge of the GST responses in
two new benthic fish species, further research will be necessary to elucidate the
relevance of specific isoenzymes that have a more sensitive and selective
response to environmental pollutants before GST can be recommended as
biomarker to be used in field studies.
Following the Prestige oil spill, it was hypothesized that benthic fish
exposed to petroleum‐related hydrocarbons would have an increased radical
formation in their cells and subsequently a modulation of antioxidant enzyme
activities (chapter 2 and 3). Results obtained in these studies contributed to
expand the knowledge of antioxidant defence system in the two species and
showed that catalase (CAT) and glutathione reductase (GR) activities may be
markers for exposure to a large variety of pollutants in field situations. Overall,
constitutive levels of antioxidant enzymes are higher than CYP1A, and
therefore strong effects on antioxidant enzyme levels will be required to
observe significant changes in comparison to control. There were however clear
differences in the responses for antioxidant enzymes in the field studies
reported in this thesis compared to laboratory studies, supporting earlier
observations that changes in CAT and GR activities are challenging to interpret
(Klumpp, 2002; Van der Oost et al., 2003). Earlier studies have reported both
induction and inhibition of CAT activity in fish following exposure to
environmental pollutants, and CAT responses have more commonly been
observed in field than in lab studies (Van der Oost et al., 2003; Yildirim et al.,
2011). The main effect of radicals on membranes, should antioxidant defence
system be insufficient, is lipid peroxidation. In cases where fish exhibit clear
evidence of exposure to oxidative stress, other biomarkers of effect, e.g. DNA
damage, should be investigated to confirm whether there are deleterious
effects.
Given the high levels of metals in sediments surrounding the Portmán
Bay (Murcia, SE Spain), the levels of hepatic metallothionein (MT) in red mullet
from Portmán were investigated (chapter 5). Although fish from Portmán Bay
had the highest concentrations of lead (Pb) and mercury (Hg) in muscle tissue
of all locations monitored, MT levels appeared to be mainly related to gonadal
maturation and did not allow a clear classification of the areas in relation to
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environmental metal stress. There has been considerable interest in using MT
induction as a biomarker of exposure to metal stress in marine fish (George and
Olsson, 1994; Alvarado et al., 2006; Zorita et al., 2008), but the full biological
function(s) of MT has not been well established for different fish species and
tissues. Two isoforms has been identified in some fish such as salmonids and
cyprinids (Lacorn et al., 2001) although only one isoform is found in other fish
species, e.g. Atlantic cod (Hylland et al., 1994). Hepatic MT synthesis may be
induced in fish by a range of both essential and non‐essential divalent metals,
including cadmium (Cd), zinc (Zn), copper (Cu) and Hg, but also cytokines
and stress hormones as well as by a wide range of chemicals, some of which
may act indirectly via a stress or inflammatory response (Coyle et al., 2002). In
marine fish species, MT concentration in tissues has been found to be most
strongly associated with the essential elements Zn and Cu, although Cd may
also result in minor increases in areas with metal stress (Hylland et al., 1998,
2009; Fernandes et al., 2009).
It is to be expected that exposure to certain metal and non‐metal
contaminants will affect the tissue requirements of essential metals and, the
interpretation of MT in fish as a simple biomarker for metal stress is therefore
not straightforward. Other factors that control the levels of MT in selected
species of fish and physiological function of MT in fish has to be still further
investigated. Furthermore, three methods have been used to quantify MT
content in tissues and it has been demonstrated that they do not yield the same
values when applied to identical samples. The spectrophotometric method
used in this thesis consistently produces higher values than other methods and
possibly reflects a larger subset of sulphydryls in the cell. The electrochemical
differential pulse polarography method (Olafson and Thompson, 1974) appears
to provide the most reliable values and is the method that has been most
extensively validated, as shown in an international intercomparisson under
biological effects quality assurance in monitoring programmes (BEQUALM)
(Hylland, pers. comm.). There is therefore a need for further research on trace
metal metabolism in fish, including different analytical methods for
sulphydryls in the cell. Increased MT gene expression is consistently observed
in fish from polluted areas (see e.g. Falciani et al., 2008), so trace metal
metabolism and MT kinetics will clearly be relevant for the assessment of fish
health in the future.
Assessment of deoxyribonucleic acid (DNA) strand breaks in liver
tissue appeared to be a useful biomarker of genotoxicity effects in the three
benthic fish species studied (chapter 2 and 5). Data of contaminant
concentration in sediments and in red mullet muscle tissue, along with the data
of physiological parameters of the fish allowed associating the lowest integrity
with the highest general exposure to certain class of contaminants. Several
drawbacks of using the alkaline elution methodology for monitoring purposes
were found during the studies. These disadvantages were mainly related with
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the significant amount of liver subsample (about 2.5 g) necessary to perform
the analysis. This fact was found a limiting factor to analyze other hepatic
biomarkers in the same liver, particularly in fish of small size. Other developed
biomarkers of genotoxic effects, such as comet assay (Cottelle and Férard, 1999;
Lyons et al., 2012) or frequency of micronuclei in circulating erythrocytes
(Hooftman and Raat, 1982; Barsiene et al., 2012) will provide improved fish
biomarkers of DNA damage in the future for integrated sampling and
biomonitoring purposes.
Implications of survey design and sampling procedure for biological
effect responses in fish (biomarkers/bioassays) were critically evaluated in this
thesis. In the field studies (chapter 2, 3, 5 and 6), fish were sampled as
homogeneous as possible, predominantly in terms of size range and
maturation stage, and it was demonstrated that the influence of some
biological factors, such as sex, can be disregarded for certain periods of the year
(e.g. non‐spawning periods) and some biomarkers. Measurements of salinity
and temperature during the studies were crucial to assure that environmental
variables were causative factors for any differences observed in biomarker
responses. Determination of the extent to which a fish is under stress partly
revolves around the problem of defining normality. To allow a direct
comparison of the data and to contribute to the assessment of species‐specific
baseline biomarker levels, a comparison with fish sampled in reference areas
was found to be crucial.

4. Comparison with other studies/species
Though processes are more universal on a cellular level than at higher
levels of biological organization, considerable variation in both basic
physiological features and the responsiveness of certain biomarkers towards
environmental pollutants have been evident for different fish species, and
biomarker responses established for one species are not necessarily valid for
other species (Willet et al., 1997; Van der Oost et al., 2003).
Species differences in constitutive levels of some biomarkers were
observed for the fish species investigated in this thesis. Such differences were
also found when compared with other studies/fish species. Although
generalised species differences in biomarker responses can be made between
different fish species/studies, proper comparisons can be only made if
methods, cell fraction analyzed (cytosolic or microsomal), gonadal maturation
state and size/age of the organisms are similar. Environmental factors such
contaminant exposure conditions, temperature and dissolved oxygen in
ambient water should also be considered, as they can affect dramatically the
activity of certain biomarkers in field conditions, e.g. EROD or antioxidant
enzymes. Comparisons of data with existing background/baseline values,

173

Chapter 7

whenever available, are the best option when comparing different species in a
monitoring context.
Not surprisingly, clear species differences in mean EROD activity have
been observed for different benthic fish species (Burgeot and Galgani, 1994;
Fernandes et al. 2008a; Solé et al., 2010b; Hylland et al., 2012). The constitutive
hepatic EROD activity in four‐spot megrim were similar to values reported for
flounder and plaice but one order of magnitude lower than baseline levels
reported for other teleosts such as cod, plaice, dragonet or red mullet (Hylland
et al., 2012) (table 2). Baseline levels of antioxidant activities such as CAT were
also one order of magnitude lower in four‐spot megrim and red mullet (Solé et
al., 2010b) than in dragonet. The constitutive CAT levels observed in dragonet
in this thesis are the highest reported in demersal/benthic fish species (cf. Jee
and Kang, 2005; Solé et al., 2010b; Fonseca et al., 2011). Catalase along with
glutathione peroxidase and superoxide dismutase serves as an efficient
scavenger of reactive oxygen species (ROS) preventing cellular damage.
Explanations to the markedly high CAT constitutive levels in dragonet will
need further ecology and physiology research studies. Constitutive levels of
GR activity also showed a similar pattern than CAT in the studied species, with
lower values in four‐spot megrim and red mullet than in dragonet, though
such differences were within the same order of magnitude as it has been also
found in other fish species (Solé et al., 2010b).
Although some species differences were found in GST activity, levels
were quite similar between four‐spot megrim and dragonet (Chapter 3).
Literature GST values reported for eighteen marine fish species from the NW
Mediterranean, including red mullet, were in general higher than the values
found in for‐spot megrim and dragonet in this thesis (Solé et al., 2010b).

5. Baseline values
Baseline MT levels determined for red mullet in the present study were
about two times higher than values found in other studies (Lionetto et al., 2001;
Benedicto et al., 2005) and largely comparable to MT levels found in flounder
(Kopecka et al., 2006). Minimum and maximum values of DNA integrity were
almost similar for four‐spot megrim and dragonet and somewhat higher in red
mullet collected in a reference area, though previous have reported lower
values (Bolognesi et al., 2006).
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Table 2. Preliminary and established background assessment criteria (BAC)
for biomarker/in vitro bioassay responses studied in this thesis (Adapted from
Hylland et al., 2012a, 2012b). NE (Not yet Established)

Fish species

EROD activity in liver
(pmol∙min ‐ 1 ∙ mg microsomal protein)

Applicable to

Limanda limanda

Gadhus morhua

Pleuronectes platessa

Lepidorhombus boscii

Callionymus lyra
Mullus barbatus

Males and females
[20‐30 cm]
August‐November
Males and females
[30‐45 cm]
August‐November
Males and females
[40‐60 cm]
September
Males and females
[18‐22 cm]
September‐October
Males and females
[15‐22 cm]
September‐October
Males [12‐18 cm]
April

Bottom
Temperature

Background
response
(BAC)

10‐18 ºC

≤780

10‐18 ºC

≤145

7‐10 ºC

≤255

11.7 ‐12.7 ºC

12.0‐12.8 ºC
12‐18 ºC

EAC

≤13

≤202
≤208

Concerning hydroxylated PAHs in bile, background concentrations
have been established for 1‐pyrenol and 1‐phenantrol in dab, cod, flounder and
haddock, being all of them within the same order of magnitude, although with
higher values of 1‐pyrenol in cod and lower values of 1‐phenantrol in haddock
than in the other species. Concentrations found in red mullet from a reference
area (chapter 6) were clearly lower than values reported for 1‐pyrenol in other
species, but for 1‐phenantrol concentrations were comparable to values found
in the above species (table 2). The baseline level of estrogenic activity for red
mullet bile proposed in this thesis is the first reported for fish (chapter 6). A
similar range of estrogenic activity has earlier been described for male bream
(Houtman et al., 2004).
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Table 2 (cont). Preliminary and established background assessment criteria
(BAC) for biomarker/in vitro bioassay responses studied in this thesis (Adapted
from Hylland et al., 2012a, 2012b). NE (Not yet Established)
PAHs Bile metabolites
†HPLC‐F (ng/ml)
††GC/MS (ng/g)

Fish species

* 1‐OH pyrene
** 1‐OH phenanthrene
Bottom
Temperature

Applicable to
Limanda limanda †

Males and females

Gadhus morhua †

Males and females

Platichthys flesus †

Males and females

Melanogrammus
aeglefinus †

Males and females

Mullus barbatus

Males and females
[12‐18 cm]
Autumn (October)

Fish species
Applicable to
Mullus barbatus

16.0 ‐20.0 ºC

Background
response
(BAC)
16 *
3.7 * *
21 *
2.7 * *
16 *
3.7 * *
4.4 *
< 1.3 * *
4.4 *
< 1.3 * *

Bile estrogenic potency
ER‐LUC assay (E2EQ/μl)
Background
Bottom
response
Temperature
(BAC)

Males [12‐18 cm]
Autumn

16.0 ‐20.0 ºC

15‐16

EAC
NE
483 *
528 * *
NE
NE

NE

EAC

NE

6. An integrated approach
The general understanding of the mechanisms of action and the
ecological relevance of exposure to environmental pollutants has advanced
considerably the last decade. As a result, the range of chemical substances
known to cause toxic effects on fish has increased and effects do not only
include alterations at a cellular level, but also endocrine, reproductive and
developmental effects. Such effects may in its turn impact fish populations.
Under field conditions, observations of compromised individual fish will
generally not be possible and most ecotoxicological effects in wild animals,
including terrestrial wildlife, have in fact been discovered by chance (Colborn
et al., 1993; Vethaak et al., 2011). There is therefore a clear need for field studies
to identify changes in fish populations relating to contaminant stress. Such
studies will however need to be combined with controlled in vivo and in vitro
experimental studies (Vos et al., 2000; Vethaak et al., 2006b).
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The integrated approach outlined in chapter 4 to monitor the
environmental quality of marine environment is in line with the recently
developed pollution monitoring approach of organizations such as the
International Council for the Exploration of the Sea (ICES) and the Oslo‐Paris
Convention (OSPAR) (Davis and Vethaak, 2012) and Barcelona Convention
(UNEP/MEDPOL, 2011). These generalized schemes recognise fish biomarkers
as a key component of such an integrated approach. An important and
essential step to integrate information from contaminants, biomarkers and
biological data is the establishment of assessment criteria (AC) for all
parameter measured, scoring them in a second step in order to obtain a generic
risk assessment. A multi‐step process is proposed which follows on from
experience of the assessment of contaminants data for sediment, fish and
shellfish in OSPAR contexts (Davies and Vethaak, 2012).
Until now, selection of biomarkers/biological measurements as well as
the applied methodology in the different biomonitoring programmes/pollution
studies has not been completely harmonized. Such circumstances entail that
the establishment of ACs result in a long task, mainly due to the absence of the
necessary number of data to validate them effectively. For biological effects
measurements, ICES has proposed two/three categories to assess the responses
observed, by using two assessment criteria: Background Assessment Criteria
(BAC) and Environmental Assessment criteria (EAC). Assessing biomarker
responses against BAC and EAC allows to establish if the responses measured
are at levels no causing deleterious biological effects, at levels where
deleterious biological effects are possible or at levels that deleterious biological
effects are likely in long‐term, being acute effects also possible to occur (figure
1). In the case of biomarkers of exposure, only BAC can be estimated, whereas
for biomarkers of effects both BAC and EAC can be established.

Figure 1. Illustration of the proposed traffic light system and the relevant
transition point criteria.

Results obtained in this thesis enabled to establish preliminary
assessment criteria (AC) for EROD activity in four‐spot megrim, dragonet and
red mullet (Davis and Vethaak, 2012). In addition, preliminary baseline levels
of PAHs bile metabolites and bile estrogenicity in red mullet have been also
proposed (chapter 6) (table 2). These baseline levels will certainly contribute to
the implementation of this multistep assessment approach within the
framework of integrated Spanish pollution biomonitoring programmes.
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To integrate the biological effect measurements and allow comparisons
of the health status of the organisms from different areas or populations,
responses need to be standardised between species. This can be done through
species‐specific assessment criteria (cf. Davies and Vethaak, 2012). One of the
challenges in assessing the health status of organisms using such criteria is
precisely the strategy by which to integrate the multivariate results obtained.
The approach recently developed by ICES was based on an assessment of
single responses by assessment criteria, then scoring them in a multi‐step
process to arrive at a final risk assessment (Davies and Vethaak, 2012).
Unlike contaminant concentrations in environmental matrices,
biological responses, e.g. EROD activity, cannot be assessed against guideline
values without consideration of factors such as species, gender, maturation
status, season and temperature. Biological responses occur in a complex
molecular, cellular and physiological context and should ideally be assessed as
a set rather than individually. Furthermore, some contaminants interact with
biochemical processes in such a way that they may inhibit, mask or enhance
the biological effects caused by other contaminants. To address this issue,
different indexes have being developed to assess contaminant‐related
biological responses by combining results for different biomarkers, e.g. the
Integrated Biomarker Response (IBR) (Belaieff and Burgeot, 2002; Guerlett et
al., 2010), the Health Assessment Index (HAI) (Adams et al., 1993; Schleiger,
2004), the Bioeffect Assessment Index (BAI) (Broeg et al., 2005; Broeg and
Lehtonen, 2006)), the Health Status Index (HSI) (Viarengo et al., 2007; Dondero
et al., 2006), computed by an expert system (Dagnino et al., 2007) and the
Integrative Biomarker Index (IBI) (Marigómez et al., 2013), along with the
approach developed by ICES Study Group of Integrated Marine
Contamination (SGIMC) (cf. Davies and Vethaak, 2012).
Since molecular, cellular and physiological interactions will be largely
species‐specific, it is challenging to develop a generic framework in which to
include interactions between different responses or between specific chemicals
and responses. The above assessment indexes generally avoid this by a
combined assessment of different responses, but without quantifying
interactions, such as have been observed in some species between estrogenic
responses and AhR‐related responses (Navas and Segner, 2000; Machala et al.,
2001). All the above indexes have advantages and disadvantages and there is a
need to further develop integrated assessment approaches.
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1. Concluding Remarks
The studies included in this thesis have provided new knowledge
about how oil and chemical contaminants affect benthic fish species in Spanish
marine waters. This thesis has shown that fish biomarkers and in vitro bile
bioassays are useful tools to quantify sub‐lethal effects in fish exposed to
known and unknown chemical pollutants
Results obtained during this thesis allowed making specific
conclusions that have been described in its corresponding chapters,
summarised as follows:
1. Four‐spot megrim (Lepidorhombus boscii), dragonet (Callionymus lyra)
and red mullet (Mullus barbatus) are good indicator species for
biomonitoring programmes targeting effects of chemical pollution in
Spanish waters.
2. Temporal changes of hepatic ethoxyresorufin‐O‐deethylase (EROD),
catalase (CAT) and glutathione reductase (GR) activity in four‐spot
megrim and dragonet along the northern Iberian shelf showed that fish
were exposed to hydrocarbons from the Prestige oil spill and that
effects were evident more than two years after the spill.
3. Spatial differences in hepatic EROD, CAT and GR activity in four‐spot
megrim and dragonet along the northern Iberian shelf showed that an
oil spill in open waters may affect benthic fish from inshore and
offshore areas located hundreds of kilometres away.
4. Hepatic EROD activity in red mullet reflected exposure to organic
chemical contaminants.
5. Hepatic gluthatione‐S‐transferase (GST) in four‐spot megrim and
dragonet, measured using 1‐chloro‐2,4‐dinitrobenzene (CDNB) as
substrate, did not reflect exposure to contaminants.
6. Hepatic metallothionein concentrations in red mullet did not reflect
environmental heavy metal exposure.
7. DNA strand breaks in fish liver, measured using alkaline elution,
reflected exposure to environmental genotoxicants in red mullet, but
the results were not clear for four‐spot megrim and dragonet.
8. The concentration of hydroxylated PAHs and alkylphenols in red
mullet bile reflected predicted environmental exposure at sites along
the Spanish Mediterranean coast, particularly highlighting elevated
exposure to PAHs in the Mar Menor lagoon.
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9. In vitro estrogenicity measured in bile extracts of male fish showed that
red mullet from the Mar Menor lagoon are exposed to high
concentrations of estrogenic active compounds compared to male fish
from a reference area.
10. Hydroxylated metabolites of naphthalene (1‐naphthol), pyrene (1‐
pyrenol), and benzo[a]pyrene (1‐OH‐BaP and 3‐OH‐BaP) have a
weaker estrogenic potency than alkylphenols.
11. Estrogenic hydroxylated PAHs and alkylphenol compounds
contributed minimally to the total estrogenic activity found in bile of
male red mullet.
12. Biological effects in fish may not be directly correlated with
contaminant body burden or contaminant concentrations in abiotic
matrices such as marine sediments.
13. Extreme metal contamination of marine sediments is not necessarily
translated into severe deleterious effects for the health status of benthic
fish species such as the red mullet.
14. Information about environmental conditions and physiological
characteristics of the test organism, e.g. fish, are crucial to distinguish
between natural processes and contaminant‐related responses.
15. Existence of ongoing effects‐based biomonitoring programmes in areas
with high risk of oil‐spill accidents is critical to provide the basis for
assessment of impacts caused by an oil spill.
2. Future perspectives
Results from field studies in this study and elsewhere show that
biological effects in benthic fish from natural populations need to be an
integrated component of monitoring programmes targeting the presence ad
effects of chemical contaminants. Integrated strategies including both chemical
and biological analyses are available to be used in identifying and reducing
sources of pollution. There is a need to further develop methodologies that
would allow monitoring of fish health in coastal areas, shelves and deep‐sea
areas.
Environmental issues such as high levels of bile estrogenicity in red
mullet from the Mar Menor Lagoon were pin‐pointed as part of this thesis and
deserve further investigation in the future.
Although validated biomarkers have recently been included within the
framework of Spanish pollution monitoring programmes and they have been
used as indicators of the good environmental status (i.e. EROD activity in fish)
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to comply with descriptor 8 of the Marine Strategy Framework Directive,
greater emphasis should be put on fish biomarkers in contaminant monitoring.
Further development of methods by which to diagnostic biomarkers related to
pathology, disease and whole organism responses in fish should be prioritised.
Many persistent organic pollutants (POPs) and their metabolites have
yet to be identified, as well as the potential effects they can inflicts on marine
organisms. It is well established that the toxicity of some chemical pollutants
once they are metabolized can be higher than for parent compounds.
Metabolite toxicity of manmade chemical compounds is therefore one of the
areas that should be further investigated. The study presented in chapter 6
showed that integrated analysis of chemical and biological measurements can
be a powerful tool when investigating toxic potencies of specific compounds
and their metabolites. In that context, the use of gene reporter assays to pre‐
screen the toxicity in biological samples, such as fish bile/blood extracts, should
be expanded.
Integrated and multidisciplinary studies are needed to investigate the
population consequences of environmental pollutants in sentinel fish species.
In particular, possible long‐term impacts of exposure to pollutant mixtures on
eggs and fish larvae are still poorly documented and deserve particular
attention in the future, including their potential impacts on population genetics
and transgenerational effects. Such research will be multidisciplinary and will
require field surveys, semi‐field and mesocosmos experiments, and detailed
information on the population biology of sentinel species, studies of long‐term
population trends, and the development and application of predictive
population models.
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1. Conclusiones finales
Los estudios incluidos en esta tesis han proporcionado nuevos
conocimientos sobre como el petróleo y los contaminantes químicos afectan a
las especies de peces bentónicos en aguas marinas españolas. Esta tesis ha
mostrado que los biomarcadores y los bioensayos in vitro con extractos de bilis
son herramientas útiles para cuantificar efectos subletales en peces expuestos a
contaminantes químicos conocidos y no conocidos.
Los resultados obtenidos durante esta tesis han permitido obtener una
serie de conclusiones específicas que han sido descritas en sus
correspondientes capítulos, y que son resumidas a continuación:
1. El gallo de cuatro‐manchas (Lepidorhombus boscii), el dragoncillo
(Callionymus lyra) y el salmonete de fango (Mullus barbatus) son
adecuadas especies de peces bentónicos para ser utilizadas como
especies objetivo en los programas de seguimiento de los efectos
biológicos de la contaminación química en aguas españolas.
2. Los cambios temporales de las actividades hepáticas etoxyresorufin‐O‐
deetilasa (EROD), catalasa (CAT) y glutatión reductasa (GR) en el gallo
de cuatro manchas y en el dragoncillo a lo largo de la plataforma norte
ibérica mostraron que los peces estuvieron expuestos a hidrocarburos
derivados del vertido del petrolero Prestige y que tales efectos fueron
evidentes más de dos años tras el vertido.
3. Las diferencias espaciales en las actividades hepáticas EROD, CAT y
GR en el gallo de cuatro manchas y en el dragoncillo, a lo largo de la
plataforma norte ibérica, mostraron que un vertido de petróleo en
aguas abiertas puede afectar a los peces bentónicos de áreas costeras y
profundas localizadas a cientos de kilómetros de distancia.
4. La actividad hepática EROD en salmonete de fango reflejó la
exposición a contaminantes químicos orgánicos.
5. La actividad hepática glutation‐S‐transferasa (GST) en el gallo de
cuatro manchas y en dragoncillo, cuantificada utilizando 1‐cloro‐2,4‐
dinitrobenceno (CDNB) como sustrato, no reflejó exposición a
contaminantes.
6. Las concentraciones hepáticas de metalotioneínas en salmonete de
fango no reflejaron la exposición ambiental a metales pesados.
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7. Las roturas en la cadena de ADN en el hígado de los peces, medidas
utilizando el método de elución alcalina, reflejaron exposición a
compuestos genotóxicos ambientales en salmonete de fango, mientras
que los resultados no fueron claros en el gallo de cuatro manchas y en
dragoncillo.
8. La concentración de hidrocarburos aromáticos policíclicos (HAPs)
hidroxilados y alquilfenoles en bilis de salmonete de fango reflejó la
exposición ambiental predicha en los sitios localizados a lo largo de la
costa mediterránea española, destacando particularmente la elevada
exposición a HAPs en la laguna del Mar Menor.
9. La estrogenicidad in vitro determinada en extractos de bilis de peces
macho mostró que los salmonetes de fango de la laguna del Mar
Menor están expuestos a concentraciones altas de compuestos
estrogénicos activos en comparación con los peces machos del área de
referencia.
10. Los metabolitos hidroxilados del naftaleno (1‐naftol), pireno (1‐
pirenol), y benzo[a]pireno (1‐OH‐BaP y 3‐OH‐BaP) tienen una potencia
estrogénica menor que la de los alquilfenoles.
11. Los compuestos estrogénicos hidroxilados de HAPs y los alquilfenoles
contribuyeron mínimamente a la actividad estrogénica total
encontrada en la bilis de los salmonetes de fango machos.
12. Los efectos biológicos en peces pueden no estar directamente
correlacionados con la carga contaminante en sus tejidos o con las
concentraciones de contaminantes en matrices abióticas tales como los
sedimentos marinos.
13. La contaminación metálica extrema de los sedimentos marinos no se
traduce necesariamente en efectos deletéreos severos sobre el estado de
salud de las especies de peces bentónicos tales como el salmonete de
fango.
14. La información sobre las condiciones ambientales y las características
fisiológicas de los organismos estudiados, p.e. peces, es crucial para
distinguir entre las respuestas relacionadas con procesos naturales y
las respuestas relacionadas con la contaminación.
15. La existencia de programas en curso de seguimiento de la
contaminación que estén basados en el estudio de los efectos biológicos
en zonas con alto riesgo de accidentes por vertidos de petróleo resulta
fundamental para poder sentar las bases y evaluar los impactos
causados por un derrame de petróleo.
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2. Perspectivas futuras
Los resultados de los estudios de campo realizados en esta tesis y en
otros trabajos muestran que los efectos biológicos en peces bentónicos de
poblaciones naturales necesitan ser considerados un componente integrado en
los programas de seguimiento dirigidos a determinar la presencia y los efectos
de los contaminantes químicos. Estrategias integradas, incluyendo tanto
análisis químicos como biológicos, están disponibles para ser utilizadas en la
identificación y reducción de las fuentes de contaminación. Hay una necesidad
para desarrollar más metodologías que permitan hacer un seguimiento de la
salud de los peces en áreas costeras, plataformas y áreas marinas profundas.
Cuestiones ambientales de interés, tales como los altos niveles de
actividad estrogénica encontrada en la bilis de salmonetes de fango machos de
la laguna del Mar Menor han sido puestas de manifiesto como parte de esta
tesis y merecen una mayor investigación en el futuro.
Aunque se han incluido recientemente, dentro del marco de trabajo de
los programas de seguimiento españoles de la contaminación marina,
biomarcadores validados y éstos han sido utilizados como indicadores del
buen estado ambiental (p.e. la actividad EROD en peces) para cumplir con el
descriptor 8 de la Directiva Marco de Estrategia Marina, se debería de poner un
mayor énfasis sobre los biomarcadores en peces en los programas de
contaminación marina. Debería priorizarse un mayor desarrollo de métodos
con biomarcadores en peces que permitan diagnosticar respuestas patológicas,
enfermedades y repuestas a nivel de todo el organismo.
Muchos contaminantes orgánicos persistentes (COPs) y sus metabolitos
tienen que ser todavía identificados, así como los potenciales efectos que éstos
pueden causar en los organismos marinos. Está bien establecido que la
toxicidad de algunos contaminantes químicos puede ser mayor que la de sus
compuestos parentales una vez han sido metabolizados. La toxicidad de los
metabolitos de los compuestos artificiales es, por tanto, una de las áreas que
debería ser más investigada. El estudio presentado en el capítulo 6 mostró que
el análisis integrado de medidas químicas y biológicas puede ser una
herramienta ponderosa para investigar las potencias tóxicas de compuestos
específicos y sus metabolitos. En este contexto, el uso de ensayos in vitro de
gen informador para realizar una criba previa de la toxicidad en muestras
biológicas, tales como extractos de bilis o de sangre de peces, debiera de ser
ampliado.
Los estudios integrados y multidisciplinares son necesarios para
investigar las consecuencias poblacionales de los contaminantes ambientales en
especies de peces objetivo. En particular, los posibles impactos a largo plazo de
la exposición a contaminantes en los huevos o larvas de los peces están todavía
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pobremente documentados y merecen una particular atención en el futuro,
incluyendo los potenciales impactos sobre las poblaciones genéticas y los
efectos
transgeneracionales.
Tales
investigaciones
deberán
ser
multidisciplinares y requerirán estudios de campo, de semi‐campo y
experimentos de mesocosmos, así como información detallada sobre la biología
de la población de las especies objetivo, estudios de las tendencias a largo plazo
de las poblaciones, así como el desarrollo y aplicación de modelos
poblacionales predictivos.
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Thousands of potentially toxic chemical substances are introduced into the oceans
every day. Even following decades of research and monitoring there is still a limited
understanding of their effects on marine organisms and ecosystems. A complicating factor is
the general lack of a direct relationship between elevated concentrations of contaminants in
the tissues of marine organisms and effects. In addition, some biological responses have been
shown to occur even at very low contaminant concentrations. A development and
deployment of biological effects measurements (biomarkers and bioassays) along with
analytical chemistry has increasingly been used as early warning signals of adverse
environmental change in marine ecosystems.
Contaminant‐related biomarker responses include physiological or biochemical
responses in organisms exposed to certain class of contaminants. Biomarker responses in fish
from natural populations appear to be more sensitive than other methods, as they provide
integrated information about contaminant exposure and effects as well as indicate acute
pollution incidences. In vivo and in vitro bioassays contribute to our understanding of how
pollutants affect living organisms but can also aid in deducing general mechanisms of action,
to aid in categorization and overall assessment of effects. Fish is the most diverse class of
vertebrates and can bridge human and ecological health in ecotoxicology studies. Benthic fish
are suitable organisms for marine chemical pollution studies and the assessment of its health
is it is not only an issue of conservation ecology but has clear links to utilisation of marine
resources and human health.
The main aims of this thesis were to clarify sublethal effects of environmental
chemical contaminants on biological responses in three benthic fish species (Lepidorhombus
boscii, Callionymus lyra and Mullus barbatus) from Spanish marine areas as well as to develop
the use of contaminant‐related biological responses in fish into an integrated framework for
future Spanish pollution environmental monitoring programmes.
This thesis comprises five scientific papers [I‐V], all of which have been published in
peer‐reviewed international journals. Benthic fish were sampled under different field
scenarios: i) from the northern Spanish shelf shortly after a medium oil spill ii) and
repeatedly in the same area over a period of three years, iii) from chronically polluted areas
on the Spanish Mediterranean inner shelf iv) and from the Mar Menor coastal lagoon (SE
Spain). In all scenarios, fish were also simultaneously sampled from reference areas to allow
a direct comparison. Standardised protocols were developed and implemented to minimise
variability due to environmental and biological factors. In addition to direct use, the methods
were evaluated and data from both monitoring and laboratory studies used to develop a
framework for monitoring contaminants in marine ecosystems.
The biological measurements investigated as part of this thesis comprised validated
contaminant‐related biomarkers, such as detoxification enzymes related to biotransformation
phase I, e.g. ethoxyresorufin‐O‐deethylase activity (EROD) and biliary concentrations of
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hydroxylated metabolites of polyaromatic hydrocarbons (PAHs). Other contaminant‐related
biomarkers, whose applicability in marine fish is still under discussion and need further
research, such as enzymes related to the organic xenobiotic biotransformation phase II
(gluthatione‐S‐transferase activity (GST)), antioxidant enzymes (glutathione reductase (GR)
and catalase (CAT)), metallothionein (MT) and DNA integrity were also studied. In addition,
the in vitro ER‐LUC reporter gene assay was used as a screening tool to estimate the total
exposure to estrogenic active compounds in bile from fish collected in different areas as well
as the estrogenic potency of hydroxylated PAHs and alkylphenols.
Chapter 2 presents results from analyses of a range of hepatic biomarker responses
five months after the Prestige oil spill using the two benthic fish species four‐spot megrim, L.
boscii, and the dragonet, C. lyra. The fish were collected from different areas along the
northern Iberian shelf, to clarify the spatial extent of effects from the spill, as well as species‐
dependent responses [paper I]. No data were available for the concentration of chemical
contaminants in the fish at the time of the study. Biomarker responses did however suggest
that fish from some areas were affected by existing chronic pollution before the Prestige oil
spill happened. Due to the lack of pre‐spill biomarker data from the available species and this
region, it was not possible to directly attribute biological effects observed in fish to the
petroleum hydrocarbon components of the spilled oil.
As a follow‐up, Chapter 3 is a study to determine whether biomarker responses, in
the same fish species, would vary over the immediate years following the Prestige oil spill
[paper II]. The results indicated significantly decreasing hydrocarbon‐associated biological
responses over time and a subsequent recovery to presumed baseline levels. Overall,
biomarker responses were in agreement with oil slick trajectories and the spatial distribution
of tar aggregates found on the bottom shelf after the accident. The results of these studies
showed that sublethal effects in fish were lasting for at least 2‐3 years following the spill and
they have been the first to show that an oil spill in open waters may affect benthic fish species
hundreds of kilometres away.
Chapter 4 presents the guideline document that was prepared to formalise the
sampling design, species selection and the selection of appropriate biological effects
techniques. The guideline focused particularly on toxicity assessment and strategies for
monitoring biological effects associated with oil spills, with particular reference to European
coastal waters [paper III]. The guideline document concluded that it is critical to have
ongoing effects‐based biomonitoring programmes in areas with high risk of oil‐spill
accidents.
In Chapter 5, an integrated study was used to clarify whether contaminant
concentrations in chronically polluted coastal areas in the Iberian Mediterranean inner shelf
were at levels that cause adverse health effects in the benthic fish Mullus barbatus [paper IV].
The study combined chemistry in biota and surface sediments, biomarker responses as well
as reproductive and nutritional physiological indicators. The study included a coastal area
dominated by metal contamination (Portmán). The results showed alterations of some
biomarkers, i.e. EROD, DNA integrity, muscle lipid content and gonadosomatic index, in fish
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from the more contaminated areas, although responses were not dramatic. The contaminant
body burden in fish only partly reflected the presence of the same contaminants in the
sediments of the study areas, presumably due to varying bioavailability and
biotransformation capacity of the fish.
Finally, Chapter 6 presents an integrated chemical and biological study to assess
exposure to estrogenic contaminants to male fish [paper V]. The use of the in vitro ER‐LUC
reporter gene assay combined with chemical analyses in bile extracts highlighted some of the
challenges using chemical analyses in that only a minimal fraction of the total estrogenic
activity observed in male fish could be explained by the observed concentrations of
estrogenic substances included in the chemical analyses.
The results reported in chapter 2 and 3 have shown that L. boscii and C. lyra are
appropriate species for monitoring programmes along much of the northern Iberian shelf.
Similarly, the results reported in chapter 5 and 6 support the use of M. barbatus as a target
species for monitoring programmes in Spanish Mediterranean waters. Interspecies
differences in constitutive levels of biomarker responses were found for the three species,
particularly for EROD activity and catalase activity. Results obtained in this thesis made it
possible to establish preliminary assessment criteria (AC) for EROD activity in the three
studied species and preliminary baseline levels of PAHs bile metabolites and bile
estrogenicity in M. barbatus.
A general discussion of the studies included in the thesis as well as recommendations
for future biomonitoring programmes of chemical pollution in marine Spanish waters can be
found in Chapter 7. Final concluding remarks and future perspectives are presented in
Chapter 8.
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Cada día miles de sustancias químicas potencialmente tóxicas son
introducidas en los océanos. Sin embargo, incluso después de décadas de
investigación y seguimiento de la contaminación química, todavía existe un
conocimiento limitado de los efectos que causan los contaminantes químicos en
los organismos y ecosistemas marinos. Un factor que complica aún más este
asunto es la ausencia, de manera general, de una relación directa entre las
elevadas concentraciones de contaminantes encontradas en los tejidos de los
organismos y sus efectos biológicos. Además, se ha demostrado que algunas
respuestas biológicas se producen incluso tras la exposición a concentraciones
muy bajas de contaminantes. El uso y desarrollo de medidas de efectos
biológicos (biomarcadores y bioensayos) que actúan como señales de alerta
temprana de los cambios ambientales adversos en los ecosistemas marinos,
junto con la química analítica, ha ido aumentando y es cada vez más utilizada.
Las repuestas biológicas relacionadas con la exposición a
contaminación química incluyen respuestas fisiológicas o bioquímicas en los
organismos expuestos a ciertas clases de contaminantes. Las respuestas de
biomarcadores en peces procedentes de poblaciones naturales resultan más
sensibles que otro tipo de métodos, ya que proporcionan información
integrada de la exposición a contaminantes y de sus efectos además de indicar
incidencias por contaminación aguda. Los bioensayos in vivo e in vitro
contribuyen a nuestro entendimiento de cómo los contaminantes afectan a los
organismos, ayudan en la deducción de sus principios generales de
mecanismos de acción, así como en la categorización y en la valoración general
de los efectos. Los peces son la clase de vertebrados más diversa y su uso en los
estudios de ecotoxicología permite enlazar la salud humana y la ecológica. Los
peces bentónicos son además organismos especialmente apropiados para
realizar estudios de contaminación química marina y la valoración de su estado
de salud no es sólo un tema de interés conservacionista sino que también tiene
claros vínculos en relación a su utilización como recursos marinos y en relación
a la salud humana.
Los principales objetivos de esta tesis han sido esclarecer los efectos
subletales que los contaminantes químicos ambientales causan sobre ciertas
respuestas biológicas en tres especies de peces bentónicos de aguas marinas
españolas (Lepidorhombus boscii, Callionymus lyra y Mullus barbatus) así como
desarrollar el uso de éstas respuestas biológicas en peces dentro de un marco
de trabajo integrado para los futuros programas de seguimiento de la
contaminación ambiental marina en España.
Esta tesis consta de cinco artículos científicos [I‐V], todos ellos
publicados en revistas internacionales revisadas por expertos. Los peces
bentónicos fueron muestreados en diferentes escenarios ambientales: i) en la
plataforma norte ibérica poco después de un vertido de petróleo de
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dimensiones medias, ii) y repetidamente durante un periodo de tres años y en
las mismas áreas, iii) en áreas de la plataforma interna mediterránea española
afectadas por la contaminación crónica iv) y en la laguna costera del Mar
Menor (SE España). En todos los escenarios, los peces fueron también
muestreados simultáneamente en áreas de referencia para permitir
comparaciones directas de los datos. Se desarrollaron e implementaron
protocolos estandarizados para minimizar la variabilidad debida a factores
biológicos y ambientales. Además de su uso directo, los métodos fueron
evaluados y tanto los datos de los estudios de campo como los de laboratorio
fueron utilizados para desarrollar un marco de trabajo con el que realizar el
seguimiento de la contaminación química en los ecosistemas marinos.
Las medidas biológicas investigadas en esta tesis comprenden
biomarcadores de contaminación química ya validados en otras especies, tales
como las enzimas de detoxificación relacionas con la fase I de
biotransformación, p.e. la actividad etoxyresorufin‐O‐deetilasa (EROD) y las
concentraciones biliares de metabolitos hidroxilados de hidrocarburos
aromáticos policíclicos (HAPs). Otros biomarcadores relacionados con la
exposición a contaminantes y cuya aplicabilidad en peces marinos es todavía
objeto de discusión, tales como las enzimas relacionadas con los procesos de
biotransformación de fase II (actividad glutation‐S‐transferasa (GST), enzimas
antioxidantes (glutatión reductasa (GR) y catalasa (CAT), metalotioneínas (MT)
y la integridad del ADN, fueron también estudiados en esta tesis. Asimismo, el
ensayo in vitro de gen informador ER‐LUC también fue utilizado como una
herramienta de criba con la cual estimar la exposición total a compuestos
activos estrogénicos en peces y para evaluar la potencia estrogénica de los
compuestos HAPs hidroxilados y alquilfenoles.
En el Capítulo 2 se presentan los resultados de los análisis de una serie
de biomarcadores hepáticos cinco meses después del vertido del petrolero
Prestige en dos especies de peces bentónicos: el gallo de cuatro manchas (L.
boscii) y el dragoncillo (C. lyra). Los peces fueron capturados en diferentes áreas
a lo largo de la plataforma norte Ibérica con el fin de evaluar la extensión
espacial de los efectos causados por el vertido de petróleo, así como para
evaluar las respuestas especie‐ dependientes [artículo I]. En el momento de
iniciarse este estudio no existían datos disponibles acerca de las
concentraciones de contaminantes químicos en las especies utilizadas y
provenientes de estas áreas. Las respuestas de los biomarcadores sugirieron,
sin embargo, que los peces de ciertas áreas estaban ya afectados por la
contaminación crónica existente antes de que se produjera el vertido del
petrolero Prestige. La ausencia de datos de biomarcadores en estas especies
previos al vertido hizo imposible que se pudieran atribuir directamente los
efectos biológicos observados en los peces a los componentes de hidrocarburos
del petróleo vertido. Como continuación, en el capítulo 3 se presenta el estudio
realizado para determinar si las respuestas de los biomarcadores, en las

192

Resumen

mismas especies L. boscii y C. lyra, variaban durante los siguientes años tras el
vertido del Prestige [artículo II]. Los resultados indicaron una disminución
significativa de las respuestas biológicas asociadas a hidrocarburos a lo largo
del tiempo así como una recuperación con posterioridad a los presuntos niveles
basales. En general, las respuestas de los biomarcadores estuvieron en
concordancia con las trayectorias de las mareas negras y la distribución
espacial de las bolas de alquitrán encontradas sobre los fondos de la plataforma
marina tras el accidente. Los resultados de estos estudios mostraron que los
efectos subletales en peces bentónicos duraron al menos 2‐3 años tras el vertido
y han sido los primeros en mostrar que un vertido de petróleo en mar abierto
puede afectar a los peces bentónicos que habitan a cientos de kilómetros del
punto de vertido.
El capítulo 4 presenta un documento guía que fue preparado para
formalizar el diseño de muestreo, la selección de las especies y la selección de
las técnicas de efectos biológicos apropiadas. Las directrices están enfocadas
particularmente a la valoración de la toxicidad y a las estrategias para el
seguimiento de los efectos biológicos asociados a los vertidos de petróleo, con
particular referencia a las aguas costeras europeas [artículo III]. El documento
guía concluye que es crítico tener en marcha programas de seguimiento de los
efectos biológicos de la contaminación química en aquellas áreas con alto riesgo
de accidentes por vertidos de petróleo.
En el capítulo 5, se realizó un estudio integrado para aclarar si las
concentraciones de contaminantes en áreas costeras de la plataforma interna
mediterránea española y sometidas a contaminación crónica, se encontraban en
niveles que causaran efectos adversos sobre la salud del pez bentónico Mullus
barbatus [artículo IV]. El estudio combinó análisis químicos en biota y
sedimentos superficiales, repuestas de biomarcadores así como indicadores del
estado reproductivo y nutricional de los peces. El estudio incluyó un área
costera dominada por la contaminación metálica (Portmán, SE España). Los
resultaros mostraron alteraciones en ciertos biomarcadores, p.e. actividad
EROD, integridad del ADN, contenido lipídico en músculo e índice
gonadosomático, en los peces capturados en áreas más contaminadas, aunque
las respuestas no fueron dramáticas. La carga corporal contaminante en los
peces reflejó de manera parcial la presencia de los mismos contaminantes en
los sedimentos de las áreas de estudio. Esto presumiblemente fue debido a las
diferencias de biodisponibilidad y a la capacidad metabólica de
biotransformación de los peces.
Finalmente, el Capítulo 6 presenta un estudio químico y biológico
integrado para valorar la exposición a contaminantes estrogénicos en
salmonetes de fango machos [artículo V]. El uso del ensayo in vitro de gen
informador ER‐LUC se utilizó en combinación con análisis químicos en
extractos de bilis y puso de manifiesto algunos de los desafíos de los análisis
químicos, ya que una fracción mínima del total de la actividad estrogénica
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observada en los peces pudo ser explicada por las concentraciones de
sustancias estrogénicas encontradas en los análisis químicos.
En el Capítulo 7 se puede encontrar una discusión general de los
estudios incluidos en esta tesis así como una serie de recomendaciones para los
futuros programas integrados de seguimiento de la contaminación química
marina. En el Capítulo 8 se presentan las conclusiones finales y perspectivas
futuras.

194

References

References
Aas, E., Barsiene, J., Lazutka, J., Sanger, R. 2002. Micronuclei analyses of blue mussels
and cod following exposure to dispersed crude oil. Report AM 2002/011: 33.
Aas, E., Baussant, T., Balk, L., Liewenborg, B., Andersen, O. K. 2000. PAH metabolites
in bile, cytochrome P4501A and DNA adducts as environmental risk
parameters for chronic oil exposure: a laboratory experiment with Atlantic
cod. Aquatic Toxicology, 51: 241–258.
Aas, E., Beyer, J., Goksoyr, A. 2000. Fixed wavelength fluorescence (FF) of bile as a
monitoring tool for polyaromatic hydrocarbons exposure in fish: an
evaluation of compound specificity, inner filter effect and signal
interpretation. Biomarkers. 5, 9‐23.
Adams, S.M (ed.). 1990. Biological indicators of stress in fish. American Fisheries
Symposium, 8. Bethesda, M.D. 191 pp.
Adams, S.M., Brown, A.M., Goede, R.W. 1993. A quantitative health assessment index
for rapid evaluation of fish condition in the field. Transactions of the
American Fisheries Society, 122: 63‐73.
Adams, S.M., Greeley, M.S., Ryon, M.G. 2000. Evaluating Effects of Contaminants on
Fish Health at Multiple Levels of Biological Organization: Extrapolating from
Lower to Higher Levels. Human and Ecological Risk Assessment, 6(1): 15‐27.
Akcha, F., Leday, G., and Pfohl‐Leszkowicz, A. 2004. Measurement of DNA adducts
and strand breaks in dab (Limanda limanda) collected in the field: effect of
biotic (age and sex) and abiotic (sampling site and period) factors on the
extent of DNA damage. Mutation Research: Fundamental and Molecular
Mechanisms of Mutagenesis, 552: 197–207.
Almeida, J.R., Oliveira, C.R., Gravato, C., Guillhermino, L. 2009. Linking behavioural
alterations with biomarkers responses in the European seabass Dicentrarchus
labrax L. exposed to the organophosphate pesticide fenitrothion.
Ecotoxicology, 19(8): 1369‐1381.
Alvarado, N.E., Quesada, I., Hylland, K., Marigomez, I, Soto, M. 2006. Quantitative
changes in metallothionein expression in target cell‐types in the gills of turbot
(Scophthalmus maximus) exposed to Cd, Cu, Zn and after a depuration
treatment. Aquatic Toxicology 77: 64–77.
Alzaga, R., Montuori, P., Ortiz, L., Bayona, J.M., Albaigés, J., 2004. Fast solid‐phase
extraction‐gas chromatography–mass spectrophotometry procedure for oil
fingerprint. Application to the Prestige oil spill. Journal of Chromatography
A, 1025: 133–138.
Ariese, F., Beyer, J., Jonsson, G., Visa, C., Krahn, M. 2005. Review of analytical
methods for determining metabolites of polycyclic aromatic compounds

195

References

(PACs) in fish bile. ICES Techniques in Marine Environmental Sciences, 39. 41
pp.
Arts, M.T., Kohler, C.C. 2008. Health and Condition in Fish: The Influence of Lipids
on Membrane Competency and Immune Response, in: Arts. M.T., Kainz, M.,
M.T. Brett (Eds.), Lipids in Aquatic Ecosystems. Springer Science + Business
Media, LLC. pp. 237‐255.
Arukwe, A., Goksøyr, A. 2003. Eggshell and egg yolk proteins in fish: hepatic
proteins for the next generation: oogenetic, population, and evolutionary
implications of endocrine disruption. Comparative Hepatology, 2, 4.
http://www.comparative‐hepatology.com/content/2/1/4.
ASTM. 1993. Conducting static acute toxicity test starting with embryos of four
species of saltwater bivalve molluscs. Annual book of American Society of
Testing and Materials (ASTM) standards. Designation E724‐89. 21 pp.
Auffret, M., Duchemein, M., Rousseau, S., Boutet, I., Tanguy, A., Moraga, D., Marhic,
A. 2004. Monitoring of immunotoxic responses in oysters reared in areas
contaminated by the “Erika” oil spill. Aquatic Living Resources, 17: 297–303.
Aurand, D., and Coelho, G. (Eds). 2005. Cooperative Aquatic Toxicity Testing of
Dispersed Oil and the “Chemical response to Oil Spills: Ecological Effects
Research Forum (CROSERF)”. Technical Report 07‐03. Ecosystem
Management & Associates, Inc., Lusby, MD. 105 pp. + Appendices.
Ausili, A., Gabellini, M., Cammarata, G., Fattorini, D., Benedetti, M., Pisanelli, B.,
Gorbi, S., Regoli, F. 2008. Ecotoxicological and human health risk in a
petrochemical district of southern Italy. Marine Environmental Research ,
66(1): 251‐257.
Bagenal, T.B., Tesch, F.W. 1978. Age and Growth. Pages 101–136. In: Methods for
assessment of fish production in freshwaters, 3rd edition. T.B. Bagenal (edit).
Blackwell Scientific Publications, Oxford, England.
Barata, C., Calbet, A., Saiz, E., Ortiz, L., Bayona, J. M. 2005. Predicting single and
mixture toxicity of petrogenic polycyclic aromatic hydrocarbons to the
copepod Oithona davisae. Environmental Toxicology and Chemistry, 24: 2992–
2999.
Barber, B.J., Blake, N.J. 2006. Reproductive physiology. In: Scallops: biology, ecology,
and aquaculture,. S.E. Shumway and G. J. Parsons (Eds). 2nd edition.
Amsterdam, The Netherlands: Elsevier. pp. 357–416.
Barsiene, J., Lyons, B., Aleksandras, R., Martínez‐Gómez., C., Andreikenaite, L.,
Brooks, S., Maes, T. 2012. Background document: micronucleus assay as a tool
for assessing cytogenetic/DNA damage in marine organisms. Pp. 71‐83. In:
Davies, I.M. and Vethaak, A.D. (eds). 2012. Integrated monitoring of
chemicals and their effects. ICES Cooperative Research Report No. 315. 227
pp.

196

References

Beiras, R., Saco‐Alvarez, L. 2006. Toxicity of seawater and sand affected by the
Prestige fuel‐oil using bivalve and sea urchin embryogenesis bioassays.
Water, Air and Soil Pollution, 177: 457–466.
Beliaeff, B., Burgeot, T. 2002. Integrated biomarker response (IBR): a useful graphical
tool for ecological risk assessment. Environmental Toxicology and Chemistry,
21: 1316‐1322.
Bell, A.M. 2001. Effects of an endocrine disruptor on courtship and aggressive
behaviour of male three‐spined stickleback (Gasterosteus aculeatus). Animal
Behaviour, 62: 775‐780.
Benedicto, J., Andral, B., Martínez‐Gómez C., Guitart, C., Deudero, S., Cento, A.,
Scarpato, A., Caixach, J., Benbrahim, S., Chouba, L., Boulahdidi, M., Galgani,
F. 2011. A large scale survey of trace metal levels in coastal waters of the
Western Mediterranean basin using caged mussels (Mytilus galloprovincialis).
Journal of Environmental Monitoring, 13: 1495‐1505.
Benedicto, J., Campillo, J.A., Fernández, B., Martínez‐Gómez, C., León, V.M. 2012.
Estrategias Marinas: Evaluación inicial, buen estado ambiental y objetivos
ambientales. Demarcación marina levantino‐balear. Descriptores del buen
estado ambiental 9. Contaminantes en productos de la pesca. Ministerio de
Agricultura,
Alimentación
y
Medio
Ambiente.
http://www.magrama.gob.es/es/costas/temas/estrategias‐
marinas/IV_D9_Levantino‐Balear_tcm7‐207262.pdf.
Benedicto, J., Martínez‐Gómez, C., Campillo, J. 2005. Induction of metallothioneins in
Mullus barbatus as specific biomarker of metal contamination: A field study in
the western Mediterranean. Ciencias Marinas, 31(1B): 264‐274.
Benedicto, J., Martínez‐Gómez, C., Campillo, J., Martínez, F., Marull, E. 2001b.
Influence of biotic factors on metallothionein levels in Mullus barbatus
collected from the Iberian Mediterranean coast. 36th CIESM Congress
Proceedings ISSN 0373‐434X. Report of the International Commission for the
Scientific Exploration of the Mediterranean Sea, 36: 182.
Benedicto, J., Martínez‐Gómez, C., Campillo, J.A., Martínez, F., Marul, E. 2001a.
Influence of biotic factors on EROD activity in Mullus barbatus collected from
the western Mediterranean. SETAC‐ 2001. From basic science to decision‐
making: “The Environmental Odyssey”. Book Abstracts. (W/ EH 097). p. 223.
Benedicto, J., Martínez‐Gómez, C., Guerrero, J., Jornet, J., Rodríguez, C. 2008. Metal
contamination in Portmán Bay (Murcia, SE Spain) 15 years after the cessation
of mining activities. Ciencias Marinas, 34(3): 389‐398.
Berthou, F., Balouet, G., Bodennec, G., Marchand, M. 1987. The occurrence of
hydrocarbons and histopathological abnormalities in oysters for seven years
following the wreck of the Amoco Cadiz in Brittany (France). Marine
Environmental Research, 23: 103–133.

197

References

Besada, M.V., Bellas, J., Viñas, L., Franco, M.A., Fumega, J., González‐Quijano, A.
2012. Estrategias Marinas: Evaluación inicial, buen estado ambiental y
objetivos ambientales. Demarcación marina nor‐atlántica. Descriptores del
buen estado ambiental 9. Contaminantes en productos de la pesca. Ministerio
de
Agricultura,
Alimentación
y
Medio
Ambiente.
http://www.magrama.gob.es/es/costas/temas/estrategias
marinas/IV_D9_Noratlantica_tcm7‐207278.pdf
Beyer, J. 1996. Fish biomarkers in marine pollution monitoring: evaluation and
validation in laboratory and field studies. Academic Thesis, University of
Bergen, Norway.
Bilandzic, N., Dokic, M., Sedak, M. 2011. Metal content determination in four species
from the Adriatic Sea. Food Chemistry, 124(3): 1005‐1010.
Bocquené, G., Chantereau, S., Clérendeau, C., Beausir, E., Ménard, D., Raffin, B.,
Minier, C., Burgeot, T., Pfohl Leszkowicz, A., Narbonne, J‐F. 2004. Biological
effects of the “Erika” oil spill on the common mussel (Mytilus edulis). Aquatic
Living Resources, 17: 309–316.
Bocquené, G., Galgani, F. 1998. Biological effects of contaminants: cholinesterase
inhibition by organophosphate and carbamate compounds. ICES Techniques
in Marine Environmental Sciences, 22. 19 pp.
Bolognesi, C., Perrone, E, Roggieri, P., Sciutto, A. 2006. Bioindicators in monitoring
long term genotoxic impact of oil spill: Haven case study. Marine
Environmental Research, 62(S1): S287‐S291.
Borgui, V., Porte, C. 2002. Organotin pollution in deep‐sea fish from the
Northwestern Mediterranean. Environmental Sciences and Technology,
36(20): 4224‐4 228.
Borja, A., Franco, J., Valencia, V., Bald, J., Muxika, I., Belzunce, M.J., Solaun, O. 2004.
Implementation of the European water framework directive from the Basque
country (northern Spain): a methodological approach. Marine Pollution
Bulletin, 48: 209–218.
Bortone, S.A., Davis, W.P. 1994. Fish intersexuality as indicator of environmental
stress. Bioscience, 44:165–172.
Bozcaarmutlu, A., Arinç, E. 2004. Inhibitory effects of divalent metal ions on liver
microsomal 7‐ethoxyresorufin O‐deethylase (EROD) activity of leaping
mullet. Marine Environmental Research, 58(2‐5): 521‐524.
Braune, B., Outridge P, Fisk A, T., Muir, D.G.C., Helm, P.A., Hobbs, K., Hoekstra,
P.F., Kuzyk, Z.A., Kwan, M., Letcher, R.J., Lockhart, W.L., Norstrom, R.J.,
Stern, G.A., Stirling, I. 2005. Persistent organic pollutants and mercury in
marine biota of the Canadian Arctic: an overview of spatial and temporal
trends. Science of the Total Environment, 351‐352: 4‐56.

198

References

Bresler, V., Bissinger, V., Abelson, A., Dizer, H., Sturm, A., Kratke, R., Fischelson, L.,
Hansen, P.D. 1999. Marine mollusks and fish as biomarkers of pollution stress
in littoral regions of the Red Sea, Mediterranean Sea and North Sea.
Helgoland Marine Research, 53 (3–4): 219–243.
Broeg, K., Lehtonen, K.K. 2006. Indices for the assessment of environmental pollution
of the Baltic Sea coasts: integrated assessment of the multi‐biomarker
approach. Marine Pollution Bulletin, 53: 508‐522.
Broeg, K., Westernhagen, H.V., Zander, S., Köring, W., Koehler, A. 2005. The Bioeffect
Assessment Index‐ a concept for the quantification of effects of marine
pollution by an integrated biomarker approach. Marine Pollution Bulletin,
50(5): 495‐503.
Budzinski, H., Mazeas, O., Tronczynski, J., Desaunay, Y., Bocquené, G., Claireaux, G.
2004. Link between exposure of fish (Solea solea) to PAHs and metabolites:
application to the “Erika” oil spill. Aquatic Living Resources, 17: 329–334.
Buege, J., Aust, S. 1978. Microsomal lipid peroxidation. Methods in Enzymology, 50:
302–310.
Burgeot, T., Bocquéné, G., Porte, C., Dimeet, J., Santella, R.M., García de la Parra,
L.M., Pfhol‐Leszkowicz, A., Raoux, C., Galgani, F.. 1996. Bioindicators of
pollutant exposure in the northwestern Mediterranean Sea. Marine Ecology
Progress Series, 131: 125‐141.
Burgeot, T., Bocquené, G., Truquet, P., Le Déan, L., Poulard, J.C., Dorel, D., Souplet,
A., Galgani, F., 1993. The dragonet Callionymus lyra, a target species used for
evaluation of biological effects of chemical contaminants on French coasts.
Marine Ecology Progress Series, 97: 309‐316.
Burgeot, T., Galgani, F., 1994. La surveillance des effets biologiques des pollutants sur
les côtes françaises. Océanis, 20(3): 79–88.
Burke, M.D., Mayer, R.T., 1974. Ethoxyresorufin: direct fluorimetric assay of a
microsomal O‐dealkylation which is preferentially inducible by 3‐
methylcholanthrene. Drug Metabolism and Disposition, 2: 583–588.
Burkhardt‐Holm, P. 2010. Endocrine Disruptors and Water Quality: A State‐of‐the‐
Art Review. International Journal of Water Resources Development, 26(3):
477‐493.
Burns, K., Codi, S., Duke, N. 2000. Gladstone, Australia, field studies: weathering and
degradation of hydrocarbons in oiled mangrove and salt marsh sediments
with and without the application of an experimental bioremediation protocol.
Marine Pollution Bulletin, 41: 392–402.
Caballero, A., Espino, M., Sagarminaga, Y., Ferrer, L., Uriarte, A., González, M., 2008.
Simulating the migration of drifters deployed in the Bay of Biscay, during the
Prestige crisis. Marine Pollution Bulletin, 56 (3): 475–482.

199

References

Cajaraville, M., Garmendia, L., Orbea, A., Werding, R., Gómez‐Mendiuka, A.,
Izaguirre, U., Soto, M., Marigómez, I. 2006. Signs of recovery of mussels’
health two years after the Prestige oil spill. Marine Environmental Research,
62 (S1): S337–S341.
Calmano, W., Hong, J., Forstner, U. 1993. Binding and mobilisation of heavy metals in
contaminated sediments affected by pH and redox potential. Water Science
and Technology, 28(8‐9): 223‐ 235.
Campbell, C.G., Borglin, S.E., Green, F.B., Grayson, A., Wozei, E., Stringfellow, W.T.
2006. Biologically directed environmental monitoring, fate, and transport of
estrogenic endocrine disrupting compounds in water: A review.
Chemosphere, 65: 1265–1280.
Canales‐Aguirre, A., Padilla‐Camberos, E., Gómez‐Pinedo, U., Salado‐Ponce, H.,
Feria‐Velasco, A., De Celis, R. 2011. Genotoxic Effect of Chronic exposure to
DDT on lymphocytes, oral mucosa and breast cells of female rats.
International Journal of Environmental Research and Public Health, 8: 540‐
553.
Capuzzo, J. 1990. Biological effects of petroleum hydrocarbons: predictions of long‐
term effects and recovery. Northwest Science, 64: 247–249.
Carlucci, R., Lembo, G., Maiorano, P., Capezzuto, F., Marano, C.A., Sion, L.,
Spedicato, M.T., Ungaro, N., Tursi, A., Gianfranco, D. 2009. Nursery areas of
red mullet (Mullus barbatus), hake (Merluccius merluccius) and deep‐water rose
shrimp (Parapenaeus longirostris) in the Eastern‐Central Mediterranean Sea.
Estuarine, Coastal and Shelf Science, 83: 529‐538.
Carragher, J.F., Sumpter, J.P. 1991. The mobilisation of calcium from calcified tissues
of rainbow trout (Oncorhynchus mykiss) induced to synthesize vitellogenin.
Comparative Biochemistry and Physiology A, 99: 169‐172.
Casado, S., Alonso, M., Herradón, B., Navas, J.M., 2006. Activation of the aryl
hydrocarbon receptor by the water soluble fraction of the Prestige fuel oil.
Marine Environmental Research, 62 (S1): S75–S76.
Casado, S., Babín, M., Tarazona, J., Navas, J. 2006. Activation of the Aryl hydrocarbon
receptor by the water soluble fraction of the Prestige fuel oil. Marine
Environmental Research, 62 (S1): S75–S76.
César, A., Marín, L., Marín‐Guirao, A., Vita, A. 2004. Amphipod and sea urchin test to
assess the toxicity of Mediterranean sediments: The case of Portmán Bay.
Science Marine, 68(S1): 205–213.
Chang, H‐S. 1951. Age and growth of Callionymus lyra L. Journal of the Marine
Biological Association of the United Kingdom, 30(2): 281–296.
Chapman, P.M. 2007. Determining when contamination is pollution — Weight of
evidence determinations for sediments and effluents. Environment
International, 33 (4): 492–501.

200

References

Choe, S.Y., Kim, S.J., Kim, H.G., Lee, J.H., Choi, Y., Lee, H., Kim, Y. 2003. Evaluation
of estrogenicity of major heavy metals. Science of Total Environment, 312(1‐
3): 15‐21.
Christiansen, T., Korsgaard, B., Jespersen, Å. 1998. Effects of nonylphenol and 17b‐
oestradiol on vitellogenin synthesis, testicular structure and cytology in male
eelpout Zoarces viviparus. The Journal of Experimental Biology, 201: 179–192.
Claireaux, G., Davoodi, F. 2010. Effect of exposure to petroleum hydrocarbons upon
cardio‐respiratory function in the common sole (Solea solea). Aquatic
Toxicology, 98(2): 113‐119.
Claireaux, G., Desaunay, Y., Akcha, F., Auperin, B., Bocquene, G., Budzinski, F.N.,
Cravedi, J.P., Davoodi, F., Galois, R., Gilliers, C., Goanvec, C., Guereault, D.,
Imbert, N., Mazeas, O., Nonnotte, G., Nonnotte, L., Prunet, P., Sebert, P.,
Vettier, A. 2004. Influence of oil exposure on the physiology and ecology of
the common sole (Solea solea): experimental and field approaches. Aquatic
Living Resources, 17(3): 335‐351.
Colborn, T., vom Saal, F.S., Soto, A.M. 1993. Developmental effects of endocrine‐
disrupting chemicals in wildlife and humans. Environmental Health
Perspectives, 101: 378–384.
Colborn, Th. 2004. Neurodevelopment and Endocrine Disruption. Environmental
Health Perspectives, 112: 944‐949.
COM. 2001. 262 Final Communication from the Commission of the Council and the
European Parliament, Community Strategy for Endocrine Disrupters. A
Range of substances suspected of interfering with the hormone systems of
humans and wildlife. Bruxelles: 1‐55.
Conesa, H.M., Jiménez‐Cárceles, F.J. 2007. The Mar Menor lagoon (SE Spain): A
singular natural ecosystem threatened by human activities. Marine Pollution
Bulletin, 54: 839‐849.
Connor, K.T., Eversen, M., Su, S.H., Finley, B.L. 2009. Quantitation of polychlorinated
biphenyls in fish for human cancer risk assessment: A comparative case
study. Environmental Toxicology and Chemistry, 24(1): 17‐24.
Corsi, I., Mariottini, M., Menchi, V., Sensini, C., Balocchi, C., Focardi, S. 2002.
Monitoring a Marine Coastal Area: Use of Mytilus galloprovincialis and Mullus
barbatus as Bioindicators. Marine Ecology, 23(S1): 138‐153.
Cossins, A.R., Crawford, D.L. 2005. Fish as models for environmental genomics.
Nature Review Genetics, 6: 324‐333.
Cotelle, S., Férard, J.F. 19991. Comet Assay in Genetic Ecotoxicology: A Review.
Environmental and Molecular Mutagenesis, 34: 246‐255.
Cotou, E., Castritsi‐Catharios, I., Moraitou‐Apostolopoulou, M. 2001. Surfactant‐
based oil dispersant toxicity to developing nauplii of Artemia: effects on
ATPase enzymatic system. Chemosphere, 42: 959–964.

201

References

Coyle, P., Philcox, J.C., Carey, L.C., Rofe, A.M. 2002. Metallothionein: The
multipurpose protein. Cellular and Molecular Life Science, 59: 627‐647.
Dagnino, A., Allen, J.I., Moore, M.N., Brog, K., Canesi, L., Viarengo, A. 2006.
Development of an expert system for the integration of biomarker responses
in mussels into an animal health index. Biomarkers, 12(2): 155‐172.
Damstra, T., Barlow, S., Bergman, A., Kavlock, R.J., Van der Kraak, G. 2002. Global
assessment of the state‐of‐the‐science of endocrine disruptors. World Health
Organization (WHO): 180.
Darbre, P.D. 2006. Metalloestrogens: an emerging class of inorganic xenoestrogens
with potential to add to the oestrogenic burden of the human breast. Journal
of Applied Toxicology, 26: 191–197.
Davies, I.M., Gubbins, M., Hylland, K., Maes, T., Martínez‐Gómez., C., Moffat, C.
,Burgeot, T., Thain, J., Vethaak, D. 2012. Guidelines for the integrated
monitoring and assessment of contaminant in fish. Pp 5‐17. In: Davies, I.M.
and Vethaak, A.D. (eds). 2012. Integrated monitoring of chemicals and their
effects. ICES Cooperative Research Report No. 315. 227 pp.
Davies, I.M., Vethaak, A.D. 2012. Annex 1: Integrated assessment framework for
contaminants and biological effects. Pp. 262‐268. In: Integrated monitoring of
chemicals and their effects. ICES Cooperative Research Report No. 315. 227
pp.
Davies, J., Topping, G. 1997. The impact of an oil spill in turbulent waters: the Braer.
In: Proceedings of a Symposium held at the Royal Society of Edinburgh, 7–8
September 1995. J. Davies, and G. Topping (eds). Stationery Office,
Edinburgh, UK. 263 pp.
Davis, M.P. 1996. A review of the dragonets (Pisces: Callionymidae) of the Western
Atlantic. Bulletin of Marine Science, 16(4): 834–862.
De Bethizy, J., Hayes, J. 1994. Metabolism: a determinant of toxicity. In: Principles and
Methods of Toxicology, 3rd edn, pp. 101–148. A. Hayes (ed). Raven Press,
New York. 1468 pp.
De Maagd, P.G.‐J., Vethaak, A.D., 1998. Biotransformation of PAHs and their
carcinogenic effects in fish. In: The Handbook of Environmental Chemistry,
vol. 3, part J. PAHs and Related Compounds. Nelson, A.H. (ed.), Springer‐
Verlag, Berlin, Heidelberg, pp. 265–309 (Chapter 15).
De Metrio, G., Corriero, A., Desantis, S., Zubani, D., Cirillo, F., Deflorio, M., Bridges,
C.R., Eicker, J., de la Serna, J.M., Megalofonou, P., Kime, D.E. 2003. Evidence
of a high percentage of intersex in the Mediterranean swordfish (Xiphias
gladius L.). Marine Pollution Bulletin, 46: 358‐361.
De Voogt, P., Van Hattum, B. 2003. Critical factors in exposure modeling of endocrine
active substances. Pure and Applied Chemistry, 75: 1933‐1948.

202

References

Della Torre, C., Corsi, I., Nardi, F., Perra, G., Tomasino, M.P., Focardi, S. 2010.
Transcriptional and post‐transcriptional response of drug‐metabolizing
enzymes to PAHs contamination in red mullet (Mullus barbatus, Linnaeus,
1758): A field study. Marine Environmental Research 70, 95‐101.
Devaux, A., Flammarion, P., Bernardon, V., Garric, J., Monod, G., 1998. Monitoring of
the chemical pollution of the River Rhône trough measurement of DNA
damage and Cytochrome P4501A induction in chub (Leuciscus cephalus).
Marine Environmental Research, 46(1–5): 257–262.
Devi, J.V., Nagarani, N., Babu, Y.M, Vijayalakshimi, N., Kumaraguru, A.K. 2012.
Genotoxic effects of profenofos on the marine fish, Therapon jarbua. 2012.
Toxicology Mechanims and Methods, 22(2): 111‐117.
Di Giulio, R.T., Hilton, D.E. (Eds). 2008. The Toxicology of Fishes. CRC Press, Taylor
and Francis. Pp 1096.
Di Giulio, R.T., Habig, C., Evan, P., Gallagher, P., 1993. Effects of black Rock Harbor
sediments on indices of biotransformation, oxidative stress and DNA
integrity in channel catfish. Aquatic Toxicology, 26: 1–22.
Dolcetti, L., Dalla Zuanna, L., Venier, P. 2002. DNA adducts in mussels and fish
exposed to sulky genotoxic compounds. Marine Environmental Research, 54:
481–486.
Dondero, F., Dagnino, A., Jonsson, H., Caprí, F., Gaspaldi, L., Viarengo, A. 2006.
Assessing the occurrence of a stress syndrome in mussels (Mytilus edulis)
using a combined biomarker/gene expression approach. Aquatic Toxicology,
78S: S13‐S24.
Eason, C., O´Halloran, K. 2002. Biomarkers in toxicology versus ecological risk
assessment. Toxicology, 181/182: 517–521.
EC. 1992. Biological test method: toxicity test using luminescent bacteria
(Photobacterium phosphoreum). Final, EPS1/RM/24. Environmental Technology
Series, 83. Environmental Protection Series, Environment Canada, Method
Development and Application Section, Ottawa, Ontario.
Edwards, R., Sime, H. (Eds). 1998. The Sea Empress Oil Spill. Proceedings of the
International Conference held in Cardiff, 11–13 February 1998. The Chartered
of Water and Environmental Management, Terence Dalton Publishers. 507
pp.
Eggens, M.L., Galgani, F., 1992. Hepatic EROD‐activity in flatfish: fast determination
with fluorescence plate‐reader method. Marine Environmental Research, 33:
213–221.
Eggens, M.L., Opperhuizen, A., Boon, J.P. 1996. Temporal variation of CYP1A indices,
PCB and 1‐OH pyrene concentration in flounder, Platichthys flesus, from the
Dutch Wadden Sea. Chemosphere, 33(8): 1579–1596.

203

References

Eggens, M.L., Vethaak, A.D., Leaver, M.J., Jean Horbach, G.J.M., Boon, J.P., Seinen,
W., 1996. Differences in CYP1A response between flounder (Platichthys flesus)
and plaice (Pleuronectes platessa) after long‐term exposure to harbour dredged
spoil in a mesocosm study. Chemosphere, 32(7): 1357–1380.
Eggleton, J. Thomas, K.V. 2004. A review of factors affecting the release and
bioavailability of contaminants during sediment disturbance events.
Environment International, 30: 973– 980.
Eissa, B.L., Ossana, N.A., Ferrari, L., Salibián, A. 2010. Quantitative Behavioral
Parameters as Toxicity Biomarkers: Fish Responses to Waterborne Cadmium.
Archives of Environmental Contamination and Toxicology, 58(4): 1032‐1039.
Eljarrat, E., Caixach, J., Rivera, J. 2001. Toxic Potency Assessment of Non‐ and Mono‐
ortho PCBs, PCDDs, PCDFs, and PAHs in Northwest Mediterranean
Sediments (Catalonia, Spain). Environmental Science and Technology, 35(18):
3589‐3594.
Emmanouil, C., Sheehan, T.M.T., Chipman, J.K. 2007. Macromolecule oxidation and
DNA repair in mussel (Mytilus edulis L.) gill following exposure to Cd and Cr
(VI). Aquatic Toxicology, 82: 27‐35.
Escartín, E., Porte, C. 1999. Assessment of PAH Pollution in Coastal Areas from the
NW Mediterranean through the Analysis of Fish Bile. Marine Pollution
Bulletin, 38 (12): 1200‐1206.
Escher, B.I., Hermens, J.L.M. 2002. Modes of Action in Ecotoxicology: Their Role in
Body Burdens, Species Sensitivity, QSARs, and Mixture Effects.
Environmental Science and Technology, 36 (20): 4201–4217.
Esler, D., Bowman, T., Trust, K., Ballachey, B., Dean, T., Jewett, S., O´Clair, C. 2002.
Harlequin duck population recovery following the “Exxon Valdez” oil spill:
progress, process and constraints. Marine Ecology Progress Series, 241: 271–
286.
Etxeberria, M., Sastre, I., Cajaraville, M.P., Marigómez, I. 1994. Digestive lysosome
enlargement induced by experimental exposure to metals (Cu, Cd and Zn) in
mussels collected from a zinc‐polluted site. Archives of Environmental
Contamination and Toxicology, 27: 338–345.
EU. 2007. Europa – SCADplus – Activities of the European Union. Summaries of EU
legislation. http://europa.eu/scadplus/leg/en/lvb/l24230.htm.
Everaarts, J.M. 1995. DNA integrity as a biomarker of marine pollution: strand break
in seastar (Asterias rubens) and dab (Limanda limanda). Marine Pollution
Bulletin, 31: 431–438.
Facey, D.E. 2005. Using Fish Biomarkers to Monitor Improvements in Environmental
Quality. Journal of Aquatic Animal Health, 17: 263‐266.
Falciani, F., Diab, A.M., Sabine, V., Williams, T.D., Ortega, F., George, S.G., Chipman,
J.K. 2008. Hepatic transcriptomic profiles of European flounder (Platichthys

204

References

flesus) from field sites and computational approaches to predict site from
stress gene responses following exposure to model toxicants. Aquatic
Toxicology, 90: 92–101.
Falcó, D., Llobet, J.M., Bocio, A., Domingo, J.L. 2006. Daily intake of Arsenic,
Cadmium, Mercury and Lead by comsuption of edible marine species.
Journal of Agricultural and Food Chemistry, 54: 6160‐6112.
Feist, S., Bignell, J., Stentiford, G. 2006. Histological changes in caged mussel (Mytilus
sp.) and cod (Gadus morhua) at contaminant gradients in the German Bight
and the Statfjord Offshore Oil Industry Area in the North Sea. In: Biological
Effects of Contaminants in Marine Pelagic Ecosystems, pp. 311–323. K.
Hylland, T. Lang, and A. Vethaak (Eds). SETAC Press, Brussels. 474 pp.
Feist, S., Lang, T., Stentiford, G., and Köhler, A. 2004. Biological effects of
contaminants: use of liver pathology of the European flatfish dab (Limanda
limanda) and flounder (Platichthys flesus L.) for monitoring. ICES Techniques
in Marine Environmental Sciences, 38. 42 pp.
Fent, K., Bätscher, R. 2009. Cytochrome P4501A induction potencies of polycyclic
aromatic hydrocarbons in a fish hepatoma cell line: Demonstration of
additive interactions. Environmental Toxicology, 19(8): 2047‐2058.
Fernandes D, Bebianno MJ, Porte C. 2008a. Hepatic levels of metal and
metallothioneins in two commercial fish species of the Northern Iberian shelf.
The Science of the total environment 391:1, 159‐67
Fernandes, D., Andreu‐Sánchez, O., Bebianno, M.J., Porte, C. 2008b. Assessment of
pollution along the Northern Iberian shelf by the combined use of chemical
and biochemical markers in two representative fish species. Environmental
Pollution, 155(2): 327‐335.
Fernandes, D., Bebianno, M.J., Porte, C. 2009. Assessing pollutant exposure in
cultured and wild seabass (Dicentrarchus labrax) from the Iberian Peninsula.
Ecotoxicology, 18(8): 1043‐1050.
Fernández, B., Campillo, J.A., Martínez‐Gómez, C., Benedicto, J. 2010. Antioxidant
responses in gills of mussel (Mytilus galloprovincialis) as biomarkers of
environmental stress along the Spanish Mediterranean coast. Aquatic
Toxicology, 99: 186‐197.
Fernández, B., Campillo, J.A., Martínez‐Gómez, C., Benedicto, J. 2011. Micronuclei
and other nuclear abnormalities in mussels (Mytilus galloprovincialis) as
biomarkers of cyto‐genotoxic pollution in Mediterranean waters.
Environmental and Molecular Mutagenesis, 52: 479‐491.
Fernley, P., Moore, M., Lowe, D., Donkin, P., Evans, S. 2000. Impact of the Sea Empress
oil spill on lysosomal stability in mussel blood cells. Marine Environmental
Research, 50: 451–455.

205

References

Ferrante, M.C., Cirillo, T., Naso, B., Clausi, M.T., Lucisano, A., Cocchieri. R.A. 2007.
Polychlorinated Biphenyls and Organochlorine Pesticides in Seafood from the
gulf of Naples. Journal of Food protection, 70(3): 706‐715.
Ferreira‐Leach, A.M.R., Hill, E.M. 2001. Bioconcentration and distribution of 4‐tert‐
octylphenol residues in tissues of the rainbow trout (Oncorhynchus mykiss).
Marine Environmental Research, 51(1): 75‐89.
Filby, A.L., Thorpe, K.L., Maack, G., Tyler, Ch. R. 2007. Gene expression profiles
revealing the mechanisms of anti‐androgen‐ and estrogen‐induced
feminization in fish. Aquatic Toxicology, 81: 219–231.
Fonseca, V.F., França, S., Serafim, A., Company, R., Lopes, B., Benniano, M.J., Cabral,
H.N. 2011. Multi‐biomarker responses to estuarine habitat contamination in
three fish species: Dicentrarchus labrax, Solea senegalensis and Pomatoschistus
microps. Aquatic Toxicology. 102(3‐4): 216‐227.
Forbes, T.L., Forbes, V.E. 1998. Relative role of pore water versus ingested sediment
in bioavailability of organic contaminants in marine sediments.
Environmental Toxicology and Chemistry, 17(12): 2453–2462.
Forbes, V., Palmqvist, A., Bach, L. 2006. The use and misuse of biomarkers in
ecotoxicology. Environmental Toxicology and Chemistry, 25: 272–280.
Förlin, L., Andersson, T., 1985. Storage conditions of rainbow trout liver cytochrome
P‐450 conjugating enzymes. Comparative Biochemistry and Physiology B,
80(3): 569–572.
Franco, M.A., Viñas, L., Soriano, J.A., de Armas, D., González, J.J., Beiras, R., Salas, N.,
Bayona, J.M., Albaigés, J. 2006. Spatial distribution and ecotoxicity of
petroleum hydrocarbons in sediments from the Galicia continental shelf (NW
Spain) after the Prestige oil spill. Marine Pollution Bulletin, 53(5–7): 260–271.
Frederik, L.A., van Veld, P.A., Rice, C.D. 2007. Bioindicators of immune function in
creosote‐adapted estuarine killfish, Fundulus heteroclitus. Journal of
Toxicology and Environmental Health, 70(17): 1433‐1442.
Frutos, I., Parra, S. 2004. Primeros resultados sobre el efecto del vertido del petrolero
Prestige sobre las comunidades suprabentónicas de la plataforma continental
próxima a la Ría de La Coruña. In: Proceedings of the XIII Simposio Ibérico
de Estudios del Bentos Marino. Las Palmas, Spain.
Fuertes, J. 1978. Edad y crecimiento del gallo (Lepidorhombus boscii) en el litoral
gallego. Investigaciones Pesqueras, 42: 241–253.
Fuller, C., Bonner, J., Page, C., Ernest, A., McDonald, T., McDonald, S. 2004.
Comparative toxicity of oil, dispersant, and oil plus dispersant to several
marine species. Environmental Toxicology and Chemistry, 23: 2941–2949.
Galgani, F., Bocquéné, G., Lucon, M., Grzebyk, D., Letrout, F., Claisse, D. 1991. EROD
measurement in fish from the Northwest part of France. Marine Pollution
Bulletin, 22: 494–500.

206

References

Galgani, F., Payne, J. 1991. Biological effects of contaminants: microplate method for
measurement of ethoxyresorufin‐O‐deethylase (EROD) in fish. ICES
Techniques in Marine Environmental Sciences, 13. 11 pp.
Gallagher, E.P., Di Giulio, R.T., 1989. Effects of complex waste mixtures on hepatic
monooxygenase activities in brown bullheads (Ictalurus nebulosus).
Environmental Pollution, 62: 113–128.
Garbi, S., Baldini, Ch., Regoli, F. 2005. Seasonal variability of metallothioneins,
cytochrome P450, bile metabolites and oxyradicals metabolism in the
European eel Anguilla anguilla and striped mullet Mugil cephalus. Archives of
Environmental Contamination and Toxicology, 49(1): 62–70.
Garret, R., Pickering, I., Haith, C., Prince, R. 1998. Photo‐oxidation of crude oils.
Environmental Science and Technology, 23: 3719–3723.
Geffard, O., Budzinski, H., His, E. 2002. The effects of elutriates from PAH and heavy
metal polluted sediments on Crassostrea gigas (Thunberg) embryogenesis,
larval growth and bioaccumulation by the larvae of pollutants from
sedimentary origin. Ecotoxicology, 11: 403–416.
George, S.G. 1994. Enzymology and molecular biology of phase II xenobiotic‐
conjugating enzymes in fish: In: Malins, D.C., Ostrander, G.K. (eds). Aquatic
Toxicology; Molecular, Biochemical and Cellular perspectives. Lewis
publishers, CRC press, pp. 37‐85.
George, S.G.; Olsson, P.E. 1994. Metallothioneins as indicators of trace metal
pollution. In: Kramer, K.J.M. (Ed.) (1994). Biomonitoring of coastal waters and
estuaries. pp. 151‐178 CRC Press: Boca Raton. ISBN 0‐8493‐4895‐1. 327 pp.
Gercken, J., Sordyl, H. 2002. Intersex in feral marine and freshwater fish from north‐
eastern Germany. Marine Environmental Research, 54: 651–655.
Gerking, S.D. 1994. Feeding Ecology of
http://193.190.8.15/afrilib/handle/0/3640.

fish.

Academic

Press.

416

p.

Gestel, C.A.M. Brummelen, T.C. 1996. Incorporation of the biomarker concept in
ecotoxicology calls for a redefinition of terms. Ecotoxicology, 5(4): 217‐225.
Gibson, R., Tyler, C., Hill, E. 2005. Analytical methodology for the identification of
estrogenic contaminants in fish bile. Journal of Chromatography A, 1066: 33–
40.
Gilbert, O.R. 1987. Statistical methods for environmental pollution monitoring, first
ed. New York. 315 pp.
Goksøyr, A. 2006. Endocrine disruptors in the marine environment: mechanisms of
toxicity and their influence on reproductive processes in fish. Journal of
Toxicology and Environmental Health, Part A, 69: 175–184.
Goksoyr, A., Förlin, L. 1992. The cytochrome P450 system in fish, aquatic toxicology
and environmental monitoring. Aquatic Toxicology, 22: 287–312.

207

References

Gonul, L.T., Kucuksezgin, F. 2007. Mercury accumulation and speciation in the
muscle of red mullet (Mullus barbatus) and annularis sea bream (Diplodus
annularis) from Izmir bay (Eastern Aegean). Marine Pollution Butlletin, 54:
1962‐1989.
González, J.J., Viñas, L., Franco, M.A., Fumega, J., Soriano, J.A., Grueiro, G.,
Muniategui, S., López‐Mahía, P., Prada, D., Bayona, J.M., Alzaga, R.,
Albaigés, J. 2006. Spatial and temporal distribution of dissolved/dispersed
aromatic hydrocarbons in seawater in the area affected by the Prestige oil
spill. Marine Pollution Bulletin, 53(5–7): 250–259.
Goossens, H., Zwolsman, J.J.G. 1996. An evaluation of the behaviour of pollutants
during dredging activities. Terra et Aqua, 62: 20‐7.
Gray, J.S. 1997. Marine biodiversity: patterns, threats and conservation needs.
Biodiversity and Conservation, 6: 153‐175.
Greenwald, R. (Ed). 1985. CRC Handbook of Methods for Oxygen Radical Research.
CRC Press, Boca Raton, FL. 464 pp.
Groshart C.P., Okkerman P.C., Wassenberg W.B.A., Pijnenburg A.M. 2001. Chemical
study on alkylphenols. Report: RIKZ/2001.029. Directoraat General
Rijkswaterstaat.
Gross‐Sorokin, M.Y., Roast, S.D., Brighty, G.C. 2006. Assessment of Feminization of
male fish in English Rivers by the Environment Agency of England and
Wales. Environmental Health Perspectives, 114: 147‐151.
Guerlet, E., Vasseur, P., Giambérini, L. 2010. Spatial and temporal variations of
biological responses to environmental pollution in the freshwater zebra
mussel. Ecotoxicology and Environmental safety, 73: 1170‐2118.
Guillette, L.J., Crain, D.A., Rooney, A.A., Pickford, D.B. 1995. Organization versus
Activation: the role of endocrine‐disrupting contaminants (EDCs) during
embryonic development in Wildlife. Environmental Health Perspectives,
103(S7): 157‐164.
Gutleb, A.C., Meerts, I.A.T.M., Bergsma, J.H., Schriks, M., Murk, A.J. 2004. T‐screen as
a tool to identify thyroid hormone receptor active compounds.
Environmental Toxicology and Pharmacology, 19: 231‐238.
Habig, W.H., Pabst, M.J., Jakoby, W.B., 1974. Glutathione‐S‐transferases. The first
enzymatic step in mercapturic acid formation. Journal of Biological
Chemistry, 249: 7130–7139.
Hagger, J., Jones, M., Leonard, P., Owens, R., and Galloway, T. 2006. Biomarkers and
integrated environmental risk assessment: are there more questions than
answers? Integrated Environmental Assessment and Management, 2: 312–
329.

208

References

Hammerlin‐Vivien, M., Cossa, D., Crochet, S., Ban ru, D., Letourneur, Y. And Mellon‐
Duval, C. 2009. Difference of mercury bioaccumulation in red mullets from
the Northwestern Mediterranean and Black Seas. Marine Pollution Bulletin,
58: 679‐685.
Handy, R.D., Depledge, M.H. 1999. Physiological Responses: Their Measurement and
Use as Environmental Biomarkers in Ecotoxicology. Ecotoxicology, 8(5): 329‐
349.
Handy, R.D., Galloway, T.S., Depledge, M.H. 2003. A proposal for the use of
biomarkers for the assessment of chronic pollution and in Regulatory
Toxicology. Ecotoxicology, 12: 331‐343.
Harvey, J., Lyons, B., Page, T., Stewart, C., Parry, J. 1999. An assessment of the
genotoxic impact of the Sea Empress oil spill by the measurement of DNA
adducts levels in selected vertebrate and invertebrate species. Mutation
Research: Genetic Toxicology and Environmental Mutagenesis, 441: 103–114.
Haubruge, E., Petit, F., Gage, M.J.G. 2002. Reduced sperm counts in guppies (Poecilia
reticulata) following exposure to low levels of tributyltin and bisphenol A.
Proccedings of the Royal Society London, Serie B, 267: 2333‐2337.
Hauck, M., Huijbregts, M.A.J., Koelmans, A.A., Moermond, C.T.A., van den Heuvel‐
Greve, M.J., Veltman, K., Hendriks, A.J., Vethaak, A.D. 2007. Including
sorption to black carbon in modeling bioaccumulation of polycyclic aromatic
hydrocarbons: Uncertainty analysis and comparison to field data.
Environmental Sciences and Technology, 41: 2738‐2744.
Heath, A.G (ed.). 2000. Water Pollution and Fish Physiology. Lewis Publisher, Boca
Raton, Florida. 359pp.
Heintz, R.A., Rice, S.D, Wertheimer, A.C., Bradshaw, R.F., Thrower, F.P., Joyce, J.E.,
Short, J.W. 2000. Delayed effects on growth and marine survival of pink
salmon (Oncorhynchus gorbuscha) after exposure to crude oil during
embryonic development. Marine Ecology Progress Series, 208: 205‐216.
Henson, K.L., Stauffer, G., Gallagher, E.P. 2001. Induction of Glutathione S‐
transferase Activity and Protein Expression in Brown Bullhead (Ameiurus
nebulosus) Liver by Ethoxyquin. Toxicological Sciences, 62(1): 54‐60.
Herman, R.L., Kincaid, H.L. 1988. Pathological effects of orally administered estradiol
to rainbow trout. Aquaculture, 72: 165‐172.
Hernando, M.D., Mezcua, M., Fernández‐Alba, A.R., Barceló, D. 2006. Environmental
risk assessment of pharmaceutical residues in wastewater effluents, surface
waters and sediments. Talanta, 69: 334‐342.
Hicken, C.E., Linbo, T.L., Baldwin, D.H., Willis, M.L., Myers, M.S., Holland, L.,
Larsen, M., Stekoll, M.S., Rice, S.D., Collier, T.K., Scholz, N.L., Incardona, J.P.
2011. Sublethal exposure to crude oil during embryonic development alters
cardiac morphology and reduces aerobic capacity in adult fish. Proceedings

209

References

of the National Academy of Sciences of the United States of America, 108(17):
7086‐7090.
Hontela, A. 1998. Interrenal dysnfunction in fish from contaminated sites: In vivo and
in vitro assessment. Environmental Toxicology and Chemistry, 17(1): 44‐48.
Hooftman, R.N., Raat, W.K. 1982. Induction of nuclear abnormalities (micronuclei) in
the peripheral blood erythrocytes of an eastern mudminnow Umbra pygmaea
by ethyl methanesulphonate. Mutation Research, 104: 147‐152.
Hosokawa, M., Fujisawa, H., Ax, S., Zahn‐Daimler, G., Zahn, R.K. 2000. Age‐
associated DNA damage is accelerated in the senescence‐accelerated mice.
Mechanisms of Ageing and Development, 118(1‐2): 61‐70.
Houtman, C., Leonards, P., Kapiteijn, W., Bakker, J., Brouwer, A., Lamoree, M.,
Legler, J. 2006. Sample preparation method for the ER‐CALUX bioassay
screening of xeno‐estrogenic activity in sediment extracts using mixtures of
xeno‐estrogens. Science of the Total Environment, 386: 134–144.
Houtman, C.J., van Oostveen, A.M., Brouwer, A., Lamoree, M.H., Legler, J. 2004.
Identification of estrogenic compounds in fish bile using bioassay directed
fractionation. Environmental Science and Technology, 38: 6415‐6423.
Hylland, K. 2006. Polycyclic aromatic hydrocarbon (PAH) ecotoxicology in marine
ecosystems. Journal of Toxicology and Environmental Health, Part A, 69: 109–
123.
Hylland, K. 2012. Background document: metallothionein (MT) in blue mussels
(Mytilus edulis, M. galloprovincilis). pp 107‐110. In Davies, I.M. and Vethaak
(eds). 2012. Integrated monitoring of chemicals and their effects. ICES
Cooperative Reseacrh Report No. 315. 277 pp.
Hylland, K., Haux, C., Hogstrand, C., Sletten, K., Andersen, R.A., 1994. Cod
metallothionein: properties, presence in different tissues and effects of Cd
and Zn treatment. Fish Physiology and Biochemistry, 13: 81‐91.
Hylland, K., Maes, T., Martínez‐Gómez, C., Kamman, U., Gubbins, M., Davies, I.M.
2012. Background document: cytochrome P450 1A activity (EROD). Pp 26‐29.
In: Davies, I.M. and Vethaak, A.D. (eds). 2012. Integrated monitoring of
chemicals and their effects. ICES Cooperative Research Report No. 315. 227
pp.
Hylland, K., Nissen‐Lie, T., Christensen, P.G., Sandvik, M. 1998. Natural Modulation
of Hepatic Metallothionein and Cytochrome P4501A in Flounder, Platichthys
fEesus L. Marine Environmental Research, 46( I‐5): 51‐55.
Hylland, K., Ruus, A., Grung, M. Green, N. 2009. Relationships between Physiology,
tissue contaminants, and biomarker responses in Atlantic cod (Gadus morhua,
L.). Journal of Toxicology and Environmental Health Part A, (72): 226‐233.
Hylland, K., Vethaak, A.D. 2011. Impact of Contaminants on Pelagic Ecosystems.
Ecological Impacts of Toxic Chemicals, Chapter 10: 212‐224.

210

References

Hylland, K., Vethaak, D., Lang, T. (Eds.), 2006. Biological Effects of Contaminants in
Pelagic Ecosystems. SETAC Technical Publications Series. SETAC Press,
Brussels.
IARC. 1989. Diesel and Gasoline Engine Exhausts and some Nitroarenes. IARC
Monographs on the Evaluation of Carcinogenic Risk of Chemicals to
Humans, vol. 46, Lyon, International Agency for Research of Cancer, France.
ICES. 2001. Report of the Working Group on Biological Effects of Contaminants
(WGBEC). Marine Habitat Committee. ICES CM 2001/ E, Warnemünde, 26–30
March 2001.
ICES. 2006. Report of the Second ICES/OSPAR Workshop on Integrated Monitoring
of Contaminants and their Effects in Coastal and Open‐sea Areas. ICES
Document CM 2006/ACME: 02. 157 pp.
ICES. 2007a. Report of the Working Group on Biological Effects of Contaminants
(WBGEC). ICES Document 2007/MHC: 03 Ref. ACME.
ICES. 2007b. Report of the ICES/OSPAR Workshop on Integrated Monitoring of
Contaminants and their Effects in Coastal and Open‐sea Areas. ICES
Document CM 2007/ACME: 01. 209 pp.
ICES. 2007c. Workshop on Sexual Maturity Sampling. Lisbon, 15–19 January 2007.
ICES CM 2007/ACFM 03, Copenhagen (DK), 89 p.
ICES. 2010. Report of the Working Group on Biological Effects of Contaminants
(WGBEC), 11‐15 January 2010, Dublin, Ireland. ICES CM 2010/SSGHIE:01. 103
pp.
ICES. 2011a. Report of the Study Group on Integrated Monitoring of Contaminants
and Biological Effects (SGIMC), 14–18 March 2011, Copenhagen, Denmark.
ICES CM 2011/ACOM:30. 265 pp. Annex 21: Guidelines for the Integrated
Monitoring and Assessment of Contaminants and their Effects, pp.216.
ICES. 2011b. Report of the Study Group on Integrated Monitoring of Contaminants
and Biological Effects (SGIMC), 14–18 March 2011, Copenhagen, Denmark.
ICES CM 2011/ACOM:30. 265 pp. Annex 6: Technical Annex: Supporting
parameters for biological effects measurements in fish and mussels, pp 57.
IEO. 2003. El vertido del Prestige: Un año después del accidente. Informe Nº 24,
Instituto Español de Oceanografía, www.ieo.es/prestige.htm, pp. 29.
Incardona, J., Teraoka, H., Scholz, N. 2005. Aryl hydrocarbon receptor‐independent
toxicity of weathered crude oil during fish development. Environmental
Health Perspectives, 113: 1755–1762.
Insausti, D., Carrasson, M., Maynou, F., Cartes, J.E., Solé, M. 2009. Biliary fluorescent
aroatic compounds (FACs) measured by fixed wavelength fluorescence (FF)
in several marine fish species from the NW Mediterranean. Marine Pollution
Bulletin, 58: 1635‐1642.

211

References

JAMP.

2003.
JAMP Guidelines for Contaminant‐Specific Biological Effects
Monitoring. Oslo and Paris Commissions, London, 15 p.

Jee, J.H., Kang, J.C. 2005. Biochemical Changes of Enzymatic Defense System after
Phenanthrene Exposure in Olive Flounder, Paralichthys olivaceus. Physiology
Research, 54: 585‐591.
Jenssen, B.M. 2003. Marine pollution: the future challenge is to link human and
wildlife studies. Environmental Health Perspectives, 111(4): A198–A199.
Jewett, S.C., Dean, T.A., Woodin, B.R., Hoberg, M.H., Stegeman, J.J. 2002. Exposure to
hydrocarbons 10 years after the Exxon Valdez oil spill: evidence from
cytochrome P4501A expression and biliary FACs in nearshore demersal
fishes. Marine Environmental Research, 54: 21–48.
Jimenez, B.D., Burtis, L.S. 1989. Influence of environmental variables on the hepatic
mixed‐function oxidase system in bluegill sunfish, Lepomis macrochirus.
Comparative Biochemistry and Physiology, 93C (1): 11‐21
Jobling, S., Coey, S., Whitmore, J.G., Kime, D.E., van Look, K.J.W., McAllister, B.G.
2002. Wild intersex roach (Rutilus rutilus) have reduced fertility. Biology of
Reproduction, 67: 515‐524.
Jobling, S., Nolan, M., Tyler, C.R., Brighty, G., Sumpter, J.P. 1998. Widespread sexual
disruption in wild fish. Environmental Science and Technology, 32: 2498‐
2506.
Jobling, S., Sumpter, J.P. 1993. Detergent components in sewage effluent are weakly
oestrogenic to fish: An in vitro study using rainbow trout (Oncorhynchus
mykiss) hepatocytes. Aquatic Toxicology, 27: 361–372.
Johnson, C.R. 1973. Biology and ecology of three species of Australian dragonets
(Pisce: Callionymidae). Zoological Journal of the Linnean Society of London,
52(3): 231–261.
Johnson, L.L., Arkoosh, M.R., Bravo, C.F., Collier, T.K., Krahn, M.M., Meador, J.P.,
Myers, M.S., Reichert, W.L., Stein, J.E. 2008. The Effects of Polycyclic
Aromatic Hydrocarbons in Fish from Puget Sound, Washington. In: Richard
T. Di Giulio David E. Hinton (Eds), The Toxicology of Fishes. CRC Press 2008,
pp. 877–923.
Joly‐Turquin, G., Dubois, P., Coteur, G., Danis, B., Leywour, S., Le menach, K.,
Budzinski, H., Guillou, M. 2009. Effects of the Erika oil spill on the common
starfish Asterias rubens, evaluated by field and laboratory studies. Archives of
Environmental Contamination and Toxicology, 56: 209–220.
Jonsson, G., Cavcic, A., Stokke, T.U., Beyer, J., Sundt, R.C., Brede, C. 2008. Solid‐phase
analytical derivatization of alkylphenols in fish bile for gas chromatography‐
mass spectrometry analysis. Journal of Chromatography A, 1183(1‐2): 6‐14.
JRC‐Joint Research Centre Scientific and Technical Reports. 2011. Scientific, Technical
and Economic Committee for Fisheries (STECF). Assessment of

212

References

Mediterranean Sea Stocks ‐ part 2 (STECF‐11‐14). M.T., Kainz, M., M.T. Brett
(Eds.), EUR 25053 EN ‐ Joint Research Centre Scientific and Technical Reports.
Luxembourg: Office for official Publications of the European Communities,
2011. 610 pp. Scientific and Technical Reports series, ISBN 978‐92‐79‐22171‐2.
DOI: 10.2788/13960.
Kagi, J.H.R. 1991. Overview of metallothionein. Methods in Enzymology.
Metallobiochemistry Part B Metallothionein and Related Molecules, 205: 613‐
626.
Kaloyianni, M., Dailianis, S., Chrsikopoutou, E., Zannou, A., Koutsogiannaki, S.,
Alamdari, D., Koliakos, G., et al. 2009. Oxidative effects of inorganic and
organic contaminants on haemolymph of mussels. Comparative Biochemistry
and Physiology C: Toxicology and Pharmacology, 149: 631–639.
Kerambrun, E., Le Floch, S, Sanchez, W., Thomas Guyon, H., Meziane, T., Henry, F.,
Amara, R. 2012. Responses of juvenile sea bass, Dicentrarchus labrax, exposed
to acute concentrations of crude oil, as assessed by molecular and
physiological biomarkers. Chemosphere, 87(7): 692–702
Kinacigil, H.T., Ilkyaz, A.T., Akyol, O., Matin, G., Çira, E., Ayaz, A. 2001. Growth
parameters of Red Mullet (Mullus barbatus L., 1758) and seasonal cod‐end
selectivity of traditional bottom trawl nets in Izmir Bay (Aegean Sea). Acta
Adriatica, 42(1): 113‐123.
Kingsford, M.J. 1998. Analytical aspects of sampling design. In: Kingsford, M.,
Battershill, Ch. (Eds.), Studying Temperate Marine Environments. A
Handbook For Ecologists. Canterbury University Press, Christchurch (New
Zealand), p. 335. (Chapter 3).
Kinnberg, K., Korsgaard, B., Bjerregaard, P., Jespersen, A. 2000. Effects of nonylphenol
and 17b‐estradiol on vitellogenin synthesis and testis morphology in male
platyfish Xiphophorus maculatus. The Journal of Experimental Biology, 203:
171–181.
Kirby, M., Lyons, B., Barry, J., Law, R. 2007. The toxicological impacts of oil and
chemically dispersed oil: UV‐mediated phototoxicity and implications for
environmental effects, statutory testing and response strategies. Marine
Pollution Bulletin, 54: 464–488.
Kirby, M.F., Allen, Y.T., Dyer, R.A., Feist, S.W., Katsiadaki, I., Matthiessen, P., Scott,
A., Smith, P.A., Stentiford, G.D., Thain, J.E., Thomas, K.V., Tolhurst, L.,
Waldock, M.J. 2004. Surveys of plasma vitellogenin and intersex in male
flounder (Platichthys flesus) as measures of endocrine disruption by estrogenic
contamination in United Kingdom estuaries: temporal trends, 1996 to 2001.
Environmental Toxicology, 23(3): 748‐758.
Kirby, M.F., Neall, P., Bateman, T.A., Thain, J.E. 2004. Hepatic ethoxyresorufin O‐
deethylase (EROD) activity in flounder (Platichthys flesus) from contaminant

213

References

impacted estuaries of the United Kingdom: continued monitoring 1999‐2001.
Marine Pollution Bulletin, 49(1‐2): 71‐78.
Kirby, M.F., Neall, P., Taylor, T., 1999. EROD activity measured in flatfish from the
area of the Sea Empress oil spill. Chemosphere, 38(12): 2929–2949.
Klaassen, C.D., Watkins, J.B. 1984. Mechanisms of bile formation, hepatic uptake, and
biliary excretion. Pharmacological Reviews, 36(1):1‐67.
Klamer, H., Leonards, P., Lamoree, M., Villerius, L., Akerman, J., Bakker, J. 2005. A
chemical and toxicological profile of Dutch North Sea surface sediments.
Chemosphere, 58: 1579–1587.
Klumpp, D.W., Humphrey, C., Huasheng, H., Tao, F.2002. Toxic contaminants and
their biological effects in coastal waters of Xiamen, China: II. Biomarkers and
embryo malformation rates as indicators of pollution stress in fish. Marine
Pollution Bulletin, 44(8): 761–769
Koenig, S., Porte, C., Solé, M., Sturve, J. 2013a. Biliary PAH and Alkylphenol
Metabolites, Biomarker Enzyme Activities, and Gene Expression Levels in the
Deep‐Sea Fish Alepocephalus rostratus. Environmental Science and
Technology. 47(6): 2854‐61.
Koenig, S., Solé, M. 2012. Natural variability of hepatic biomarkers in Mediterranean
deep‐sea organisms. Marine Environmental Research. 79: 122‐131.
Koenig, S., Solé, M., Fernández‐Gómez, C., Díez, S. 2013b. New insights into mercury
bioaccumulation in deep‐sea organisms from the NW Mediterranean and
their human health implications. Science of The Total Environment, 442: 329‐
335.
Köhler, A., Pluta, H.J. 1995. Lysosomal injury and MFO activity in the liver of
flounder (Platichthys flesus L.) in relation to histopathology of hepatic
degeneration and carcinogenesis. Marine Environmental Research, 39(1‐4):
255‐260.
Köhler, A., Wahl, E., Söpffker, K. 2002. Functional and morphological changes of
lysosomes as prognostic biomarkers of toxic liver injury in a marine fish
(Platichthys flesus L.). Environmental Toxicology and Chemistry, 21: 2434–
2444.
Kohn, K.W., Ewig, R.A.G., Erickson, L.C., Zwelling, L.A., 1981. Measurement of
strand breaks and cross‐links by alkaline elution in: DNA repair. In:
Friedberg, E.C., Hanawalt, P.C. (Eds.), A Laboratory Manual of Research
Procedures, vol. 1(B). Marcel Dekker Inc., New York, pp. 379–401.
Kolpin, D.W., Furlong, E.T., Meyer, M. T., Thurman, E.M., Zaugg, S., Barber, L.B.,
Buxton, H.T. 2002. Pharmaceuticals, hormones, and other organic wastewater
contaminants in U.S. streams, 1999–2000: a national reconnaissance.
Environmental Science and Technology, 36(6): 1202–1211.

214

References

Kopecka, J., Lethonen, K., Baršiene, J., Broeg, K., Vuorinen, P.J., Gercken, J.,
Pempkowiak, J. 2006. Measurements of biomarker levels in flounder
(Platichthys flesus) and blue mussel (Mytilus trossulus) from the gulf of Gansk
(Southern Baltic). Marine Pollution Bulletin, 53: 406–421.
Krishnakumar, P., Casillas, E., Varanasi, U. 1994. Effect of environmental
contaminants on the health of Mytilus edulis from Puget Sound, WA, USA. 1.
Cytochemical measures of lysosomal responses in the digestive cells using
automatic image analysis. Marine Ecology Progress Series, 106: 249–261.
Krüner, G., Westernhagen, H.V., 1999. Sources of measurement error in assays of
EROD activity of fish for biological effects monitoring. Helgoland Marine
Research, 53: 250–256.
Kuiper, R.V., Canton, R.F., Leonards, P.E.G., Jenssen, B.M., Dubbeldam, M., Wester,
P.W., Van den Berg, M., Vethaak, A.D. 2007. Long‐term exposure of
European
flounder
(Platichthys
flesus)
to
the
flame‐retardants
tetrabromobisphenol A (TBBPA) and hexabromocyclododecane (HBCD).
Ecotoxicology and Environmental safety, 67: 349–360.
Lacorn, M., Lahrssen, A., Rotzoll, N., Simat, T.J., Steinhart, H. 2001. Quantification of
metallothionein isoforms in fish liver and its implications for biomonitoring.
Environmental Toxicology and Chemistry, 20(1): 140‐145.
Lagadic, L, Caquet, T. Ramade, F. 1994. The role of biomarkers in environmental
assessment (5). Invertebrate populations and communities. Ecotoxicology, 3:
193‐208.
Larsson, D.G.J., Hällman, H., Förlin, L. 2000. Environmental toxicology —more male
fish near a pulp mill. Environmental and Toxicology Chemistry, 19: 2911‐
2917.
Laubiert, L., Le Moigne, M., Flammarion, P., Thybaud, E., Cossa, D. 2004. The
monitoring programme of the ecological and ecotoxicological consequence of
the “Erika” oil spill. Aquatic Living Resources, 17: 239–241.
Law, R., Hanke, G., Angelidis, M. Batty, J., Bignert, A., Dachs, J., Davies, I., Denga, A.,
Duffek, B., Herut, H., Hylland, K., Lepom, P., Leonards, P., Mehtonen, J.,
Piha, M., Roose, P., Tronczynski, J., Velikova, V., Vethaak, D. 2010. Marine
Strategy Framework Directive ‐ Task Group 8 Report Contaminants and
pollution effects. EUR 24335 EN ‐ Joint Research Centre Scientific and
Technical Reports. Luxembourg: Office for official Publications of the
European Communities, 2010. 161 pp. Scientific and Technical Research
series, ISSN 978‐92‐79‐15648‐9. DOI 10.2788/85887.
Lee, R.F., Anderson, J.W., 2005. Significance of cytochrome P450 system responses
and levels of bile fluorescent aromatic compounds in marine wildlife
following oil spills. Marine Pollution Bulletin, 50: 705–723.
Legler, J., Dennekamp, M., Vethaak, A., Brouwer, A., Koeman, J., van der Burg, B.,
and Murk, A. 2002a. Detection of estrogenic activity in sediment‐associated

215

References

compounds using in vitro reporter gene assays. Science of the Total
Environment, 293: 69–83.
Legler, J., Jonas, A., Lahr, J., Vethaak, A.D., Brouwer, A., Murk, A.J. 2002. Biological
measurement of estrogenic activity in urine and bile conjugates with the in
vitro ER‐CALUX reporter gene assay. Environmental Toxicology and
Chemistry, 21(3): 473–479.
Legler, J., van den Brink, C., Brouwer, A., Murk, A., van der Saag, P., Vethaak, A., and
van der Burg, B. 1999. Development of a stably transfected estrogen receptor‐
mediated luciferase reporter gene assay in the human T47D breast cancer cell
line. Toxicological Sciences, 48: 55–66.
Lemaire‐Gony, S., Lemair, Ph., Pulsford, A.L. 1995. Effects of cadmium and
benzo(a)pyrene on the immune system, gill ATPase and EROD activity of
European sea bass Dicentrarchus labrax. Aquatic Toxicology, 31: 297–313.
León, V.M., Martínez‐Gómez, C., García, I., Campillo, J.A., Benedicto, J. 2012. Spatial
distribution and temporal trends of polycyclic aromatic hydrocarbons in
Mytilus galloprovincialis from the Iberian Mediterranean coast. Environmental
Monitoring and Assessment, 185: 1055‐1070.
Lin, E.L.C., Cornier, S.M., Racine, R.N. 1994. Synchronous fluorometric measurement
of metabolites of polycyclic aromatic hydrocarbons in the bile of brown
bullhead. Environmental Toxicology and Chemistry, 13: 707‐715.
Lionetto, M.G., Giordano, M.E., Caricato, R., Pascariello, M.F., Marinosci, L.,
Schettino, T. 2001. Biomonitoring of heavy metal contamination along the
Salento coast (Italy) by metallothionein evaluation in Mytilus galloprovincialis
and Mullus barbatus. Aquatic Conservation: Marine and Freshwater
Ecosystems, 11(4): 305‐310.
Little, E., Cleveland, L., Calfee, R., Barron, M. 2000. Assessment of the photo‐
enhanced toxicity of weathered oil to the tidewater silverside. Environmental
Toxicology and Chemistry, 19: 926–932.
Livingstone, D.R., Archibald, S., Chipman, J.K., Marsh, J.W., 1992. Antioxidant
enzymes in the liver of dab Limanda limanda from the North Sea. Marine
Ecology Progress Series, 91: 97–104.
Livingstone, D.R., Lemaire, P., Matthews, A., Peters, L., Bucke, D., Law, R.J. 1993. Pro‐
oxidant, antioxidant and 7‐ethoxyresorufin O‐deethylase (EROD) activity
responses in liver of Dab (Limanda limanda) exposed to sediment
contaminated with hydrocarbons and other chemicals. Marine Pollution
Bulletin, 26(11): 602–606.
Lloret, J., Demestre, M., Sánchez‐Pardo, J. 2007. Lipid reserves of red mullet (Mullus
barbatus) during pre‐spawning in the north‐western Mediterranean. Scientia
Marina, 71(2): 269‐277.

216

References

Lombarte, A., Recasens, L., González, M., Gil de Sola, L. 2000. Spatial segregation of
two species of Mullidae (Mullus surmuletus and M. barbatus) in relation to
habitat. Marine Ecology Progress Series, 206: 239‐349.
Long, E.R., Macdonald, D.D., Smith, S.L., Calder, F.D. 1995. Incidence of adverse
biological effects within ranges of chemical concentrations in marine and
estuarine sediments. Environmental Management, 19(1): 91‐97.
Lowry, O.H., Rosebrough, N.I., Farr, A.L., Randall, R.J., 1951. Protein measurement
with folin phenol reagent. Journal of Biological Chemistry, 193: 265‐275.
Lu, G., Chen, W., Li, Y., Zhu, Z. 2011. Effects of PAHs on biotransformation
enzymatic activities in fish. Chemical Research in Chinese Universities, 27(3):
413‐416.
Lu, J.C.S., Chen, K.Y. 1977. Migration of trace metals in interfaces of sea water and
polluted surficial sediments. Environmental Science and Technology, 11(2):
174‐182.
Lye, C.M., Frid, C.L.J., Gill, M.E., Cooper, D.W., Jones, M. 1999. Estrogenic
Alkylphenols in Fish Tissues, Sediments, and Waters from the U.K. Tyne and
Tees Estuaries. Environmental and Science Technology, 33: 1009‐1014.
Lyons, B., Goodsir, F., Thain, J., Wedderburn, J., McFadzen, I. 2006. Toxicity and
phototoxicity of seawater microlayer samples collected from the North Sea to
embryo‐larval stages of the Pacific oyster Crassostrea gigas. In: Biological
Effects of Contaminants in Pelagic Ecosystems. Society of Environmental
Toxicology and Chemistry (SETAC), Brussels, pp. 367–376. Ed. by K.
Hylland, T. Lang, and A. Vethaak. SETAC‐Europe, Brussels. 474 pp.
Lyons, B., Harvey, J., Parry, J. 1997. An initial assessment of the genotoxic impact of
the Sea Empress oil spill by the measurement of DNA adduct levels in the
intertidal teleost Lipophrys pholis. Mutation Research, 390: 263–268.
Lyons, B., Hylland, K., Martínez‐Gómez., C., Sanni, S. 2012. Background document:
comet assay as a method for assessing DNA damage in aquatic organism. Pp.
54‐59. In: Davies, I.M. and Vethaak, A.D. (eds). 2012. Integrated monitoring of
chemicals and their effects. ICES Cooperative Research Report No. 315. 227
pp.
Lyons, B., Pascoe, C., McFadzen, I. 2002. Phototoxicity of pyrene and benzo[a]pyrene
to embryo‐larval stages of the Pacific oyster Crassostrea gigas. Marine
Environmental Research, 54: 627–631.
Lyons, B., Stentiford, G., Green, M., Bignell, J., Bateman, K., Feist, S., Goodsir, F.,
Reynolds, W.J., Thain, J.E. 2004. DNA adducts analysis and histopathological
biomarkers in European flounder (Platichthys flesus) sampled from UK
estuaries. Mutation Research, 552: 177–186.

217

References

Lyons, B.P., Thain, J.E., Hylland, K., Davis, I., Vethaak, A.D. 2010. Using biological
effects tools to define Good Environmental Status under the Marine Strategy
Framework Directive. Marine Pollution Bulletin, 60(10): 1647‐1651.
MacGregor, J. 1991. Micronucleus assay protocols. Mutation Research, 259: 123–125.
Mallakin, A., McConkey, B., Miao, G., McKibben, B., Snieckus, V., Dixon, D.,
Geenberg, B. 1999. Impacts of structural photomodification on the toxicity of
environmental contaminants: anthracene photooxidation products.
Ecotoxicology and Environmental Safety, 43: 204–212.
Machala, M., Ciganek, M., Bláha, L., Minksová, K., Vondrácek, J. 2001. Aryl
hydrocarbon receptor–mediated and estrogenic activities of oxygenated
polycyclic aromatic hydrocarbons and azarenes originally identified in
extracts of river sediments. Environmental Toxicology and Chemistry, 20:
2736–2743.
Machias, A., Labropoulou, M. 2002. Intra‐specific variation in resource use by red
mullet, Mullus barbatus. Estuarine, Coastal and Shelf Science, 55: 565‐578.
Madsen, S.S., Mathiesen, A.B., Korsgaard, B. 1997. Effects of 17ß‐estradiol and 4‐
nonylphenol on smoltification and vitellogenesis in Atlantic salmon, Salmor
salar. Fish Physiology and Biochemistry, 17: 303‐312.
Malins, D.C., McCain, B.B., Landahl, J.T., Myers, M.S., Krahn, M.M., Brown, D.W.,
Chan, S.L., Roubal, W.T. 1998. Neoplastic and other diseases in fish in relation
to toxic chemicals: an overview. Aquatic Toxicology, 11: 43‐67.
Mannervik, B., Danielson, U.H. 1988. Glutathione transferases‐ structure and catalytic
activity. Critical Reviews in Biochemistry and Molecular Biology, 23: 283‐337.
Marigómez, I., Garmendia, L., Soto, M., Orbea, A., Izaguirre, U., Cajaraville, M. 2013.
Marine ecosystem health status assessment through integrative biomarker
indices: a comparative study after the Prestige oil spill ʺMussel Watchʺ.
Ecotoxicology, 22(3): 486‐505.
Marigómez, I., Soto, M., Cancio, I., Orbea, A., Garmendia, L., Cajaraville, M. 2006.
Cell and tissue biomarkers in mussel, and histopathology in hake and
anchovy from Bay of Biscay after the Prestige oil spill (monitoring Campaign
2003). Marine Pollution Bulletin, 53: 287–304.
Mariño‐Balsa, J., Pérez, P., Estévez‐Blanco, P., Saco‐Alvarez, L., Fernández, E., Beiras,
R. 2003. Assessment of the toxicity of sediment and seawater polluted by the
Prestige fuel spill using bioassays with clams (Venerupis pullastra, Tappes
decussatus and Venerupis rhomboideus) and the microalga Skeletonema costatum.
Ciencias Marinas, 29: 115–122.
Maron, D., Ames, B. 1983. Revised methods for the Salmonella mutagenicity test.
Mutation Research, 113: 173–215.

218

References

Martínez‐Gómez, C., Fernández, B., Valdés, J., Campillo, J.A., Benedicto, J., Sánchez,
F., Vethaak, A.D. 2009. Evaluation of three‐year monitoring with biomarkers
in fish following the Prestige oil spill (N Spain). Chemosphere, 74: 613‐620.
Martínez‐Gómez, C, Benedicto, J., Campillo, J.A., Moore, M.N. 2008. Application and
evaluation of the neutral red retention (NRR) assay for lysosomal stability in
mussel populations along the Iberian Mediterranean coast. Journal of
Environmental Monitoring, 10: 490‐499.
Martínez‐Gómez, C., Campillo, J.A., Benedicto, J., Fernández, B., Valdés, J., García, I.,
Sánchez, F. 2006. Monitoring biomarkers in fish (Lepidorhombus boscii and
Callionymus lyra) from the Northern Iberian shelf after the Prestige oil spill.
Marine Pollution Bulletin, 53(5‐7): 305‐314.
Martínez‐Gómez, C., Fernández, B., Benedicto, J.M., Valdés, J., Campillo, J.A., León,
V.M., Vethaak, A.D. 2012. Health status of red mullets from polluted areas of
the Spanish Mediterranean coast, with special reference to Portmán (SE
Spain). Marine Environmental Research, 77: 50‐59.
Martínez‐Gómez, C., Lamoree, M., Hamers, T., van Velzen, M., Kamstra, J.H.,
Fernández, B., Benedicto, J., León, V.M., Vethaak, A.D. 2013. Integrated
chemical and biological analysis to explain estrogenic potency in bile extracts
of red mullet (Mullus barbatus). Aquatic Toxicology, 134‐135:1‐10.
Martínez‐Gómez, C., Vethaak A.D., Hylland K., Burgeot T., Köhler A., Lyons B.P.,
Thain J., Gubbins M. J. and Davies I.M. 2010. A guide to toxicity assessment
and monitoring effects at lower levels of biological organization following
marine oil spills in European waters. Journal of Marine Science, 67: 1105‐1118.
Martin‐Skilton, R., Lavado, R., Thibaut, R., Minier, C., Porte, C. 2006. Evidence of
endocrine alteration in the red mullet, Mullus barbatus from the NW
Mediterranean. Environmental Pollution, 141: 60‐68.
Mathieu, A., Lemaire, P., Carriere, S., Drai, P., Giudicelli, J., Lafaurie, M. 1991.
Seasonal and sex‐linked variations in hepatic and extrahepatic
biotransformation activities in striped mullet (Mullus barbatus). Ecotoxicology
and Environmental safety, 22: 45‐57.
Matthiessen, P. 2003. Endocrine disruption in marine fish, in Special Topic Issue on
the Implications of Endocrine Active Substances for Humans and Wildlife.
Pure and Applied Chemistry, 75(11‐12): 2249‐2261.
Matthiessen, P., Gibbs, P.E. 1998. Critical appraisal of the evidence for tributyltin‐
mediated endocrine disruption in mollusks. Environmental Toxicology and
Chemistry, 17(1): 37‐43.
Matthiessen, P., Law, R.J. 2002. Contaminants and their effects on estuarine and
coastal organisms in the United Kingdom in the late twentieth century.
Environmental Pollution, 120: 739–747.

219

References

McCarthy, J.F., Shugart L.R. (eds). 1990. Biomarkers of
Contamination. Lewis Publishers. Chelsea, Mich. 457pp.

Environmental

McCarty, L.S., K.R. Munkittrick. 1996. Environmental biomarkers in aquatic
toxicology: fiction, fantasy, or functional? Human and Ecological Risk
Assessment, 2: 268‐274.
Metcalfe, C.D., Haffner, G.D. 1995. The ecotoxicology of coplanar polychlorinated
biphenyls. Environmental Reviews, 3: 171‐190.
Miramand, P., Lafaurie, M., Fowler, S.S., Lemaire, P., Guary, J.C., Bentley, D. 1991.
Reproductive cycle and heavy metals in the organs of red mullet, Mullus
barbatus (L.), from the northwestern Mediterranean. The Science of Total
Environment, 103: 47‐56.
Mitchelmore, C.L., Chipman, J.K. 1998. DNA strand breakage in aquatic organisms
and the potential value of the comet assay in environmental monitoring.
Mutation Research, 399: 135–147.
Monteiro, M., Quintaneiro, C., Nogueira, A.J.A., Morgado, F., Soares, A.M.V.M.,
Guilhermino, L., 2007. Impact of chemical Exposure on the fish Pomatoschistus
Microps Krøyer (1838) in estuaries of the Portuguese Northwest coast.
Chemosphere, 66(3): 514–522.
Monteiro, P., Reis‐Henriques, M., Coimbra, J. 2000. Polycyclic aromatic hydrocarbons
inhibit in vitro ovarian steroidogenesis in the flounder (Platichthys flesus L.).
Aquatic Toxicology, 48: 549–559.
Moore, D. 1998. The ecological component of ecological risk assessment: lessons from
a field experiment. Human and Ecological Risk Assessment: an International
Journal, 4: 1103–1123.
Moore, M., Allen, J., Somerfield, P. 2006. Autophagy: role in surviving environmental
stress. Marine Environmental Research, 62 (S1): S420–S425.
Moore, M., Lowe, D., Köhler, A. 2004. Biological effects of contaminants:
measurements of lysosomal membrane stability. ICES Techniques in Marine
Environmental Sciences, 36. 31 pp.
Moore, M.N. 1993. Biomarkers of contaminant exposure and effect: a way forward in
marine environmental toxicology. Science of The Total Environment, 134(2):
1335–1343
Morales‐Caselles, C., Jiménez‐Tenorio, N., de Canales, M., Sarasquete, C., del Valls, T.
2006. Ecotoxicity of sediments contaminated by the oil spill associated with
the tanker “Prestige” using juveniles of the fish Sparus aurata. Archives of
Environmental Contamination and Toxicology, 51: 652–660.
Morales‐Caselles, C., Kalman, J., Micaelo, C., Ferreira, A., Vale, C., Riba, I., del Valls,
T. 2008. Sediment contamination, bioavailability and toxicity of sediments
affected by an acute oil spill: four years after the sinking of the Prestige
(2002). Chemosphere, 71:1207–1213.

220

References

Morcillo, Y., Porte, C. 1998. Monitoring of organotin compounds and their effects in
marine molluscs. Trends in Analytical Chemistry, 17(2): 109‐116.
Moreno‐González, R., Campillo, J.A., García, V., León, V.M. 2013. Seasonal input of
regulated and emerging organic pollutants through surface watercourses to a
Mediterranean coastal lagoon. Chemosphere, 92(3): 247‐257.
Murk, A.J., Legler, J., Denison, M.S., Giesy, J.P., van der Guchte, C., Brouwer, A. 1996.
Chemical activated luciferase gene expression (CALUX): a novel in vitro
bioassay for Ah receptor active compounds in sediments and pore water.
Fundamentals and Applied Toxicology, 33: 149‐160.
Myers, G.J., Davidson, P.W., Cox, C., Shamlaye, C.F., Palumbo, D., Cernichiari E.,
Wilding, G.E., Kost, J., Huang, L.S., Clarkson, T.W. 2003. Prenatal
methylmercury exposure from ocean fish consumption in the Seychelles child
development study. Lancet, 361: 1686‐1692.
Nacci, D., Nelson, S., Nelson, W., Jackim, E. 1992. Application of the DNA alkaline
unwinding assay to detect DNA strand breaks in marine bivalves. Marine
Environmental Research, 33: 83–100.
Nakada, N., Nyunoya, H., Nakamura, M., Hara, A., Iguchi, T., Takada, H. 2004.
Identification of estrogenic compounds in wastewater effluent.
Environmental Toxicology and Chemistry, 23: 2807–15
Navarro‐Ortega, A., Barceló, D. 2011. Persistent Organic Pollutants in Water,
Sediments, and Biota in the Ebro River Basin. The Handbook of
Environmental Chemistry, 13: 139‐166.
Navas, J., Babin, M., Casado, S., Fernández, C., Tarazona, J. 2006. The Prestige oil spill:
a laboratory study about the toxicity of water soluble fraction of the fuel oil.
Marine Environmental Research, 62 (S): S352–S355.
Navas, J.M., Segner, H. 2000a. Antiestrogenicity of ß‐naphthoflavone and PAHs in
cultured rainbow trout hepatocytes: evidence for a role of the aryl
hydrocarbon receptor. Aquatic Toxicology, 51(1): 79‐92.
Navas, J.M., Segner, H., 2000b. Modulation of trout 7‐ethoxyresorufin‐O‐deethylase
(EROD) activity by estradiol and octylphenol. Marine Environmental
Research, 50: 157–162.
Neff, J., Ostazwski, S., Gardiner, W., Stejskal, I. 2000. Effects of weathering on the
toxicity of three offshore Australian crude oils and a diesel fuel to marine
animals. Environmental Toxicology and Chemistry, 19: 1809–1821.
Nicholson, M., Fryer, R., Ross, C. 1997. Designing monitoring programmes for
detecting temporal trends in contaminants in fish and shellfish. Marine
Pollution Bulletin, 34: 821–826.
Nicolas, J. 1999. Vitellogenesis in fish and the effects of polycyclic aromatic
hydrocarbons contaminants. Aquatic Toxicology, 45: 77–90.

221

References

Nimrod, A.C., Benson, W.H. 1996. Environmental estrogenic effects
alkylphenolethoxylates. Critical reviews in Toxicology, 26: 335‐364.

of

NRC. 1989. Contaminated Marine Sediments: Assessment and Remediation.
Committee on Contaminated Marine Sediments, National Research Council.
508 pages. 1989. National academy Press, Whashington, D.C.
NRC. 2003. Committee on Oil in the Sea: Inputs, Fates, and Effects. National
Academy of Sciences, Washington, DC. 280 pp.
Oda, Y., Nakamura, S., Oki, I., Kato, T., Shinagawa, H. 1985. Evaluation of the new
system (umu‐test) for the detection of environmental mutagens and
carcinogens. Mutation Research, 147: 219–229.
Olafson, R.W., Thompson, J.A.J. 1974. Isolation of Heavy Metal Binding Proteins from
Marine Vertebrates. Marine Biology, 28: 83‐86.
Olaso, I., Rodríguez‐Marín, E., 1995. Alimentación de veinte especies de peces
demersales pertenecientes a la división VIIIc del ICES Otoño 1991. Informes
Técnicos del Instituto Español de Oceanografía, 157: 56.
Olsson, P.E. 1996. Metallothionein in fish: induction and use in environmental
monitoring, in: Taylor, E.W. (Ed), Toxicology of Aquatic Pollution.
Physiological, Molecular and Cellular Approaches. Society for Experimental
Biology seminar Series, 57. Camdbridge University, press. pp: 187‐205.
Orbea, A., Marigómez, I., Fernández, C., Tarazona, J.V., Cancio, I., Cajaraville, M.P.,
1999. Structure of peroxisomes and activity of the marker enzyme catalase in
digestive epithelial cells in relation to PAH content of mussels from two
Basque estuaries (Bay of Biscay): seasonal and site‐specific variations.
Archives of Environmental Contamination and Toxicology, 36: 158–166.
Orbea, A., Ortiz‐Zarragoitia, M., Solé, M., Porte, C., Cajaraville, M.P. 2002.
Antioxidant enzymes and peroxisome proliferation in relation to contaminant
body burdens of PAHs and PCBs in bivalve molluscs, crabs and fish from the
Urdaibai and Plentzia estuaries (Bay of Biscay). Aquatic Toxicology, 58: 75‐98.
Ordas, M., Albaigés, J., Bayona, J., Ordás, A., Figuera, A. 2007. Assessment of in vivo
effects of the Prestige fuel oil spill on the Mediterranean mussel immune
system. Archives of Environmental Contamination and Toxicology, 52: 200–
206.
OSPAR. 2000. Quality status report for the north‐east Atlantic. Chemistry. OSPAR
Commission, London, pp. 53–78 (Chapter IV).
OSPAR. 2003. JAMP Guidelines for contaminant‐specific biological effects
monitoring. Oslo and Paris Commissions London. Ref. No. 2003–10, 38pp.
OSPAR. 2004. Guidelines for Monitoring the Environmental Impact of Offshore Oil
and Gas Activities. OSPAR Commission, London. Ref. 2004‐11E.

222

References

OSPAR. 2009. JAMP Guidelines for Contaminant‐Specific Biological Effects. OSPAR
Commission (OSPAR Agreement 2008‐09). Ref. No: 2008‐9. Technical Annex
4: Estrogen‐specific biological monitoring. Pp. 39‐44.
OSPAR. 2010. Quality Status Report. Hazardous Substances. OSPAR Commission,
London. 176 pp. http://qsr2010.ospar.org/en/ch05.html
Otte, J.C., Andersson, A., Abrahamson, A., Olsman, H., Keiter, S., Engwall, M.,
Hollert, H., Brunström, B. 2008. A bioassay approach to determine the dioxin‐
like activity in sediment extracts from the Danube River: Ethoxyresorufin‐O‐
deethylase induction in gill filaments and liver of three‐spined sticklebacks
(Gasterosteus aculeatus L.). Environment International, 34(8): 1176–1184.
Overnell, J., Abdullah, M.I. 1988. Metallothionein and metal levels in flounder
Platichthys flesus from four field sites and in flounder dosed with water‐borne
copper. Marine Ecology Progress Series, 46: 71‐74.
Pampanin, D., Camus, L., Gomiero, A., Marangón, I., Volpato, E., Nasci, C. 2005.
Susceptibility to oxidative stress of mussels (Mytilus galloprovincialis) in the
Venice Lagoon (Italy). Marine Pollution Bulletin, 50: 1548–1557.
Parihar, M.S., Javeri, T., Hemnani, T., Dubey, A.K., Prakash, P. 1997. Responses of
superoxide dismutase, glutathione peroxidase and reduced glutathione
antioxidant defenses in gills of the freshwater catfish (Heteropneustes fossilis)
to short‐term elevated temperature. Journal of Thermal Biology, 22(2): 151–
156.
Pastor, D., Boix, J., Fernández, V., Albaigés, J. 1996. Bioaccumulation of
organochlorinated contaminants in three estuarine fish species (Mullus
barbatus, Mugil cephalus and Dicentrarcus labrax). Marine Pollution Bulletin,
32(3): 257‐262.
Patel, M., Scheffler, B., Wang, L., Willet, K. 2006. Effects of benzo(a)pyrene exposure
on killifish (Fundulus heteroclitus) aromatase activities and mRNA. Aquatic
Toxicology, 10: 267–278.
Patnaik SC, Sahoo DK. 2013. A Comparative Study of Catalase Activities in Different
Vertebrates. WebmedCentral ZOOLOGY, 4(6): WMC004270.
Peakall, D.B. 1994. The role of biomarkers in environmental assessment (1).
Introduction. Ecotoxicology, 3(3): 157‐160.
Pérez‐Cadahía, B., Laffon, B., Pásaro, E., Méndez, J. 2004. Evaluation of PAH
bioaccumulation and DNA damage in mussels (Mytilus galloprovincialis)
exposed to spilled Prestige crude oil. Comparative Biochemistry and
Physiology C, 130: 453–460.
Pérez‐Ruzafa, A., Gilabert, J., Gutiérrez, J.M., Fernández, A.I., Marcos, C., Sabah, S.
2002. Evidence of a planktonic food web response to changes in nutrient
imput dynamics in the Mar Menor coastal lagoon, Spain. Hydrobiologia,
(475/476): 359‐369.

223

References

Pérez‐Ruzafa, A., Navarro, S., Barba, A., Marcos, C., Cámara, M.A., Salas, F.,
Gutiérrez, J.M. 2000. Presence of pesticides thorugh trophic compartments of
the food web in the Mar Menor lagoon (SE Spain). Marine Pollution Bulletin,
40(2): 140‐151.
Peters, L.D., Coombs, S.H., McFadzen, I., Solé, M., Albaigés, J., Livingstones, D.R.,
1992. Toxicity studies, 7‐ethoxyresorufin‐O‐deethylase (EROD) and
antioxidant enzymes in early life stages of turbot (Scophthalmus maximus L.)
and sprat (Sprattus sprattus L.). ICES, Marine Environmental Quality
Committe/Diseases and Parasites in Wild Fish. ICES CM/E12, 10pp.
Peterson, C., McDonald, L., Green, H., Erickson, W. 2001. Sampling design begets
conclusions: the statistical basis for detection of injury to and recovery of
shoreline communities after the “Exxon Valdez” oil spill. Marine Ecology
Progress Series, 210: 255–283.
Peterson, C., Rice, S., Short, J., Esler, D., Bodkin, J., Ballachey, B., Irons, D. 2003. Long‐
term ecosystem response to the Exxon Valdez oil spill. Science, 320: 2082–2086.
Petrovic, M., Fernández‐Alba, A.R., Borrull, F., Marce, R.M., Mazo, E.G., Barceló, D.
2002. Occurrence and distribution of nonionic surfactants, their degradation
products, and linear alkylbenzene sulfonates in coastal waters and sediments
in Spain. Environmental Toxicology and Chemistry, 21(1): 37‐46.
Pietrapiana, D., Modena, P., Guidetti, P., Falugi, C., Vacchi, M. 2002. Evaluating the
genotoxicity damage and hepatic tissue alterations in demersal fish species: a
case study in the Ligurian Sea (NW‐Mediterranean). Marine Pollution
Bulletin, 44: 238–243.
Poellinger L. 2000. Mechanistic aspects‐‐the dioxin (aryl hydrocarbon) receptor. Food
Additives and Contaminants, 17(4): 261‐6.
Poels, C.L.M., Van der Gaag, M.M., van der kerkoff, J.F.J. 1980. An investigation into
long‐term effects of Rhine water on rainbow trout. Water Research, 14: 1029‐
1035.
Pojana, G., Gomiero, A., Jonkers, N., Marcomini, A. 2007. Natural and synthetic
endocrine disrupting compounds (EDCs) in water, sediment and biota of a
coastal lagoon. Environment International, 33(7): 929–936.
Pollino, C., Holdway, D. 2002. Toxicity testing of crude oil and related compounds
using early life stages of the crimson‐spotted rainbow fish (Melanotaenia
fluviatilis). Ecotoxicology and Environmental Safety, 52: 180–189.
Porte, C., Biosca, X., Solé, M., Albaigés, J., 2001a. The integrated use of chemical
analysis, cytochrome P450 and stress proteins in mussels to assess pollution
along the Galician coast (NW Spain). Environmental Pollution, 112: 261–268.

224

References

Porte, C., Escartín, E., García de la Parra, L.M., Biosca, X., Albaigés, J. 2002.
Assessment of coastal pollution by combined determination of chemical and
biochemical markers in Mullus barbatus. Marine Ecology Progress Series, 235:
205–216.
Porte, C., Escartín, E., García, L.M., Solé, M., Albaigés, J. 2000. Xenobiotic
metabolising enzymes and antioxidant defences in deep‐sea fish: relationship
with contaminant body burden. Marine Ecology Progress Series, 192: 259‐266.
Porte, C., Solé, M., Borghi, V., Martínez, M., Chamorro, J., Torreblanca, A., Ortiz, M.,
Orbea, A., Soto, M., Cajaraville, M.P. 2001b. Chemical, biochemical and
cellular responses in digestive gland of the mussel Mytilus galloprovincialis
from the Spanish Mediterranean coast. Biomarkers, 6: 335–350.
Ramachandran, S., Hodson, P., Khan, C., Lee, K. 2004. Oil dispersant increases PAH
uptake by fish exposed to crude oil. Ecotoxicology and Environmental Safety,
59: 300–308.
Ramachandran, S., Sweezey, M., Hodson, P., Boudreau, M., Courtenay, S., Lee, K.,
King, T., Dixon, J.A. 2006. Influence of salinity and fish species on PAH
uptake from dispersed crude oil. Marine Pollution Bulletin, 52: 1182–1189.
Ramón, M., Amor, M.J. 2001. Increasing imposex in populations of Bolinus brandaris
(Gastropoda: Muricidae) in the north‐western Mediterranean. Marine
Environmental Research, 52(5): 463‐475.
Ramos‐Martínez, J., Bartolomé, T., Pernas, R. 1983. Purification and properties of
glutathione reductase from hepatopancreas of Mytilus edulis L. Comparative
Biochemistry and Physiology, 75(B/4): 689–692.
Regoli, F., Pellegrini, D., Winston, G.W., Gorbi, S., Giuliani, S., Virno‐Lamberti, C.,
Bompadre, S. 2002. Application of biomarkers for assessing the biological
impact of dredged materials in the Mediterranean: the relationship between
antioxidant responses and susceptibility to oxidative stress in the red mullet
(Mullus barbatus). Marine Pollution Bulletin, 44: 912–922.
Regoli, F., Winston, G. 1999. Quantification of total oxidant scavenging capacity
(TOSC) of antioxidants for peroxynitrite, peroxyl radicals and hydroxyl
radicals. Toxicology and Applied Pharmacology, 156: 96–105.
Renner, R. 1997. National fish survey links pesticides with sex hormone imbalance.
Environmental Science and Technology, 31: 312A‐313A.
Reynaud, S., Deschaux, P. 2006. The effects of polycyclic aromatic hydrocarbons on
the immune system of fish: a review. Aquatic Toxicology, 77(2): 229‐238.
Rice, C., Birnbaum, L.S., Cogliano, J., Mahaffey, K., Needham, L., Rogan, W.J.,
vomSaal, F.S. 2003. Exposure Assessment for Endocrine Disruptors: Some
Considerations in the Design of Studies. Environmental Health Perspectives,
111(13): 1683‐1690.

225

References

Richardson, D.M., Gubbins, M.J., Davies, I.M., Moffat, C.F., Pollard, P.M. 2004. Effects
of feeding status on biliary PAH metabolite and biliverdin concentrations in
plaice (Pleuronectes platessa). Environmental Toxicology and Pharmacology,
17: 79‐85.
Rodríguez‐Ariza, A., Martínez‐Lara, E., Pascual, P., Pedradas, J.R., Abril, N., Dorado,
G., Toribio, F., Barcena, J.A., Peinado, J., Pueyo, C., López‐Barea, J., 1993.
Biochemical and genetic indices of marine pollution in Spanish littoral. The
Science of the Total Environment, 134(S1): 109–116.
Roesijadi, G., Robinson, W.E. 1994. Metal regulation in aquatic animals: mechanism of
uptake, accumulation and release. In: Malins, D.C., Ostrander, G.K. (Eds),
Aquatic Toxicology; Molecular, Biochemical and Cellular Perspectives. Lewis
Publishers, CRC press, pp 387‐420.
Rogers, J.M., Denison, M.S. 2000. Recombinant cell bioassay for endocrine disruptors:
Development of stably transfected human ovarian cell line for the detection
of estrogenic and anti‐estrogenic
chemicals. In Vitro and Molecular
Toxicology, 3: 67–82.
Roméo, M., Mathieu, A., Gnassia‐Barelli, M., Romana, A., Lafaurie, M. 1994. Heavy
metal content and biotransformation enzymes in two fish species from the
NW Mediterranean. Marine Ecology Progress Series, 107: 15‐22.
Rosell‐Melé, M., Elordui, S., Moraleda, N., González, J.J., De Armas, D., Viñas, L.,
Nguyen, M.H., Bayona, J.M., Albaigés, J., 2007. Chronic spill from the
Prestigeoil tanker. In: Abstract Book: Symposium on Marine Accidental Oil
Spill, VERTIMAR, Vigo, Spain.
Rosenblatt, A.E., Burnstein, K.L. 2009. Inhibition of Androgen Receptor
Transcriptional Activity as a Novel Mechanism of Action of Arsenic.
Molecular Endocrinology, 23(3): 412‐421.
Rosety, M., Rosety‐Rodríguez, M., Ordonez, F.J., Rosety, I. 2005.Time course
variations of antioxidant enzyme activities and histopathology of gilthead
seabream gills exposed to malathion. Histology and Histopathology, 20:
1017‐1020.
Routledge, E., Sumpter, J. 1996. Oestrogenic activity of surfactants and some of their
degradation products assessed using a recombinant yeast screen.
Environmental Toxicology and Chemistry, 15: 241–248.
Ruddock, P.J., Bird, D.J., McCalley, D.V. 2002. Bile metabolites of polycyclic aromatic
hydrocarbons in three species of fish from the Severn estuary. Ecotoxicology
and Environmental Safety, 51: 97‐105.
Ruddock, P.J., Bird, D.J., McEvoy, J., Peters, L.D. 2003. Bile metabolites of polycyclic
aromatic hydrocarbons (PAHs) in European eels Anguilla anguilla from
United Kingdom estuaries. Science of the Total Environment, 301: 105–117.

226

References

Sánchez, F., Blanco, M., Gancedo, R. 2002. Atlas de los peces demersales y de los
invertebrados de interés comercial de Galicia y el Cantábrico. Otoño 1997–
1999. CYAN (Instituto Español de Oceanografía), Proyectos y Producciones
Editoriales. Julio 2002. Fuencarral, 70. 28004, Madrid, 158pp.
Sánchez, F., Pérez, N., Landa, J. 1998. Distribution and abundance of megrim
(Lepidorhombus boscii and Lepidorhombus whiffiagonis) on the northern Spanish
Shelf. ICES Journal of Marine Science, 55: 494–514.
Sánchez, F., Velasco, F., Cartes, J., Olaso, I., Preciado, I., Saborido, F., Fanelli, E.,
Serrano, A., Zabala, J. 2006. Monitoring the Prestige oil spill impacts on some
key species of the northern Iberian shelf. Marine Pollution Bulletin, 53(5–7):
332–349.
Schleiger, S.L. 2004. Fish Health Assessment Index study of four reservoirs in West‐
Central Georgia. North American Journal of Fisheries Management, 24(4): 1173‐
1188.
Schuhmacher, M., Batiste, J., Bosque, M.A., Domingo, J.L., Corbella, J.. 1994. Mercury
concentrations in marine species from the coastal area of Tarragona Province,
Spain. Dietary intake of mercury through fish and seafood consumption.
Science of The Total Environment, 156(3): 269‐273.
Scott, A., Hylland, K. 2002. Biological effects of contaminants: radioimmunoassay
(RIA) and enzyme‐linked immunosorbent assay (ELISA) techniques for the
measurement of marine fish vitellogenins. ICES Techniques in Marine
Environmental Sciences, 31. 21 pp.
Scott, A.P., Katsiadasi, I., Witthames, P.R., Hylland, K., Davies, I.M., McIntosh, A.D.,
Thain, J. 2006. Vitellogenin in the blood plasma of male cod (Gadus morhua): A
sign of oestrogenic endocrine disruption in the open sea? Marine
Environmental Research, 61: 149‐170.
Scott, A.P., Sanders, M., Stentiford, G.D., Reese, R.A., Katsiadaki, I. 2007. Evidence for
estrogenic endocrine disruption in an offshore flatfish, the dab (Limanda limanda
L.). Marine Environmental Research, 64: 128‐148.
Serrano, A., Sánchez, F., Preciado, I., Parra, S., Frutos, I., 2006. Spatial and temporal
changes in benthic and demersal communities of the Galician continental
shelf after the Prestige oil spill. Marine Pollution Bulletin, 53(5–7): 315–331.
Serrano, J.F., Sironi, J.S. 2009. Quantification and evolution of the contaminant load of
nutrients and pesticides in the water of the Mar Menor lagoon and its
relationships with the water inputs of the Albujón water course and other
underground inputs, in: IEA ‐ Cluster foundation for the protection and
conservation of the Mar Menor (Eds), El Mar Menor. Estado actual del
conocimiento científico, pp. 249‐284
Servos, M., Hewitt, M, McMaster, M., Parrot, J., Munkittrick, K. 2006. Endocrine‐
active substances in the Canadian environment. In: Vethaak, A.D., Schrap,
S.M., de Voogt, P. (Eds.), Estrogens and Xeno‐Estrogens in the Aquatic

227

References

Environment: An Integrated Approach for Field Monitoring and Effect
Assessment. SETAC Press, Pensacola, FL, USA, pp 425‐454.
Sheweita, S.A. 2000. Drug‐Metabolising Enzymes: Mechanism and Functions. Current
Drug Metabolism, 1: 107‐132.
Shugart, L. 1988. Quantification of chemically‐induced damage to DNA of aquatic
organisms by Alkaline Unwinding Assay. Aquatic Toxicology, 13: 43–52.
Silva, E., Rajapakse, N., Kortenkamp, A. 2002. “Something from “nothing” ‐ Eight
weak estrogenic chemicals combined at concentrations below NOECs
produce significant mixture effects”. Environmental Science and Technology,
36(8): 1751‐1756.
Siu, W., Cao, J., Jack, R., Wu, R., Richardson, B., Xu, L., Lam, P. 2004. Application of
the comet assay and micronucleus assays to the detection of B(a)P
genotoxicity in haemocytes of the green lipped mussel (Perna viridis). Aquatic
Toxicology, 66: 381–392.
Slimani, A., Euloumari, N., Hamdi, H. 2003. Etat des stocks des principales resources
en Méditerraneé marocaine. Document présenté au groupe de travail dus
Sous Comité d´Evaluation des Stocks (SCSA‐SAC‐GFCM). The state of
principal stocks resources in the Moroccan Mediterranean area, Tanager,
Morocco, 12‐14 March 2003, 32 pp.
Sloff ,W., van Kreijl, C.F., Baars, A.J. 1983. Relative liver weights and xenobiotic‐
metabolizing enzymes of fish from polluted surface waters in the
Netherlands. Aquatic Toxicology, 4: 1‐14.
Sokal, R.R., Rohlf, F.J. 1981. The Principles and Practice of Statistics in Biological
Research. W.H. Freeman, San Francisco, CA, 785pp.
Solé, M., Antó, M., Baena, M., Carrasson, M., Cartes, J.E., Maynou, F. 2010b. Hepatic
biomarkers of xenobiotic metabolism in eighteen marine fish from NW
Mediterranean shelf and slope waters in relation to some of their biological
and ecological variables. Marine Environmental Research, 40: 181‐188.
Solé, M., Baena, M., Arnau, S., Carrasson, M., Maynou, F., Cartes, J.E. 2010a. Muscular
cholinesterase activities and lipid peroxidation levels as biomarkers in several
Mediterranean marine fish species and their relathionship with ecological
variables. Environmental International, 36: 202‐211.
Solé, M., Kopecka, J., García de la Parra, L.M. 2006b. Seasonal variations of selected
biomarkers in the sand goby Pomatoschistus minutus from the Guadalquivir
estuary (SW Spain). Archives of Environmental Contamination and
Toxicology, 50: 249‐255.
Solé, M., Lima, D., Reis‐Henriques, M.A., 2008a. Stress biomarkers in juvenile senegal
sole, Solea Senegalensis, exposed to the water‐accommodated fraction of the
Prestige fuel oil. Bulletin of Environmental Contamination and Toxicology, 80:
19–23.

228

References

Solé, M., Lobera, G., Aljinovic, B., Ríos, J., García de la Parra, L.M., Maynou, F.,
Cartes, J.E. 2008b. Cholinesterases activities and lipid peroxidation levels in
muscle from shelf and slope dwelling fish from the NW Mediterranean: Its
potential use in pollution monitoring. Science of the Total Environment, 402:
306‐317.
Solé, M., Manzanera, M., Bartolomé, A., Tort, Ll., Caixach, J. 2013. Persistent organic
pollutants (POPs) in sediments from fishing grounds in the NW
Mediterranean: Ecotoxicological implications for the benthic fish Solea sp.
Marine Pollution Bulletin. 67: 158‐165.
Solé, M., Morcillo, Y., Porte, C. 1998. Imposex in the comercial snail Bolinus brandaris
in the northwestern Mediterranean. Environmental Pollution, 99(2): 241‐246.
Solé, M., Porte, C., Biosca, X., Mitchelmore, C., Chipman, J., Livingstone, D., Albaigés,
J. 1996. Effects of the “Aegean Sea” oil spill on biotransformation enzymes,
oxidative stress and DNA‐adducts in digestive gland of the mussel (Mytilus
edulis L.). Comparative Biochemical Physiology, 113C‐2: 257–265.
Solé, M., Rodríguez, V., Papiol, V., Maynou, F., Cartes, J.E. 2009b. Xenobiotic
metabolism markers in marine fish with different trophic strategies and their
relathionship to ecological variables. Comparative Biochemistry and
Physiology, Part C. 149: 83‐89.
Solé, M., García de la Parra, L.M., Alejandre‐Grimaldo, S., Sardá, F. 2006a. Esterase
activities and lipid peroxidation levels in offshore commercial species of the
NW Mediterranean Sea. Marine Pollution Bulletin. 52(12): 1708‐16.
Solé, M., Hambach, B., Cortijo, V., Huertas, D., Fernández, P., Company, J.B. 2009a.
Muscular and hepatic pollution biomarkers in the fishes Phycis blennoides and
Micromesistius poutassou and the crustacean Aristeus antennatus in the Blanes
Submarine Canyon (NW Mediterranean). Archives of Environmental
Contamination and Toxicology, 57(1): 123‐32.
Soriano, J.A., Viñas, L., Franco, M.A., González, J.J., Nguyen, M.H., Bayona, J.M.,
2007. Spatial and temporal trends of polycyclic aromatic hydrocarbons in
wild mussels from the Cantabrian coast (N Spain) after the Prestige oil spill.
Journal of Environmental Monitoring, 9: 1018–1023.
Soriano, J.A., Viñas, L., Franco, M.A., González, J.J., Ortiz, L., Bayona, J.M., Albaigés,
J. 2006. Spatial and temporal trends of petroleum hydrocarbons in mussels
from the Galician coast (NW Spain) affected by the “Prestige” oil spill.
Science of the Total Environment, 370: 80–90.
Spacie, A., Hamelink, J.L., 1985. Bioaccumulation. In: Rand, G.M., Petrocelli, S.R.
(Eds.), Fundamentals of Aquatic Toxicology: Methods and Application.
Hemisphere Publishing Corp, New York, pp. 495– 525.
Stagg, R., McIntosh, A. 1998. Biological effects of contaminants: determination of
CYP1A‐dependent mono‐oxygenase activity in dab by fluorimetric

229

References

measurement of EROD activity. ICES Techniques in Marine Environmental
Sciences, 23. 16 pp.
Stagg, R.M., McIntosh, A., Mackie, P. 1995. Elevation of hepatic monooxygenases
activity in the dab (Limanda limanda L.) in relation to environmental
contamination with petroleum hydrocarbons in the northern North Sea.
Aquatic Toxicology, 33: 245–264.
Stegeman, J.J., Hahn, M.E. 1994. Biochemistry and molecular biology of
monooxygenases: curent perspectives on forms, functions, a d regulation of
cytochrome P450 in aquatic species. In: Mauns D.C., Trander G.K. (Eds),
Aquatic toxicology: molecular, biochemical and cellular perspectives, Lewis
Publishers, Chelsea, USA, pp: 235‐335.
Stoica, A., Pentecost, E., Martin, M.B. 2000. Effects of Arsenite on Estrogen Receptor‐α
Expression and Activity in MCF‐7 Breast Cancer Cells. Endocrinology,
141(10): 3595‐3602.
Stott, G., Haensly, W., Neff, J., Sharp, J. 1983. Histopathologic survey of ovaries of
plaice, Pleuronectes platessa L., from Aber Wrach and Aber Benoit, Brittany,
France: long‐term effects of the Amoco Cadiz crude oil spill. Journal of Fish
Diseases, 6: 429–437.
Stout, D.L., Becker, F.F. 1982. Fluorometric quantitation of single stranded DNA: a
method applicable to the technique of alkaline elution. Analytical
Biochemistry, 127: 302–307.
Stronkhorst, J., Schipper, C., Brils, J., Dubbeldam, M., Postma, J., Van der Hoeven, N.
2003. Using marine bioassays to classify the toxicity of Dutch harbour
sediments. Environmental Toxicology and Chemistry, 22: 1535–1547.
Sumpter, J.P., Johnson, A.C. 2005. Lessons from endocrine disruption and their
applications to other issues concerning trace organics in the aquatic
environment. Environmental Science and Technology, 39: 4321‐4332.
Sundt, R.C., Baussant, Th., Beye, J.r. 2009. Uptake and tissue distribution of C4–C7
alkylphenols in Atlantic cod (Gadus morhua): Relevance for biomonitoring of
produced water discharges from oil production. Marine Pollution Bulletin,
58: 72‐79.
Taban, I., Bechman, R., Torgrimsen, S., Baussant, T., Sanni, S. 2004. Detection of DNA
damage in mussels and sea urchin exposed to crude oil using the comet
assay. Marine Environmental Research, 58: 701–705.
Tamhane, A.C., 1979. A comparison of procedures for multiple comparisons of means
with unequal variances. Journal of the American Statistical Association, 174:
471–480.
Thain, J. 1991. Biological effects of contaminants: oyster (Crassostrea gigas) embryo
assay. ICES Techniques in Marine Environmental Sciences, 11. 12 pp.

230

References

Thain, J., Bifield, S. 2001. Biological effects of contaminants: sediment bioassay using
the polychaete Arenicola marina. ICES Techniques in Marine Environmental
Sciences, 29. 16 pp.
Thain, J., Roddie B. 2001. Biological effects of contaminants: Corophium sp. sediment
bioassay and toxicity test. ICES Techniques in Marine Environmental
Sciences, 28. 21 pp.
Thain, J.E., Vethaak, A.D., Hylland, K. 2008. Contaminants in marine ecosystems:
developing an integrated indicator framework using biological‐ effect
techniques. ICES Journal of Marine Sciences, 65 (8): 1508–1514.
Toft, G., Baatrup, E. 2001. Sexual Characteristics are altered by 4‐tert‐Octylphenol and
17ß‐Estradiol in the Adult Male Guppy (Poecilia reticulata). Ecotoxicology and
Environmental Safety, 48(1): 76‐84.
Topping, G., Davies, J., Mackie, P., Moffat, C. 1997. The impact of the Braer spill on
commercial fish and shellfish. In: The Impact of an Oil Spill in Turbulent
Waters: the Braer. J. Davies, G. Topping (Eds), pp. 121–143. The Stationery
Office, Edinburgh. 263 pp.
Tuvikene, A. 1995. Responses of fish to polycyclic aromatic hydrocarbons (PAHs).
Annales Zoologici Fennici, 32: 295‐309.
Tyler, C.R., Jobling, S., Sumpter, J.P. 1998. Endocrine disruption in wildlife: a critical
review of the evidence. Critical Reviews in Toxicology, 28: 319‐361.
Tyler, C.R., Routledge, E.J. 1998. Oestrogenic effects in fish in English rivers with
evidence of their causation. Pure and Applied Chemistry, 70: 1795‐1804.
UNEP/MAP/MED POL, 2005. Transboundary Diagnostic Analysis (TDA) for the
Mediterranean Sea, 682 UNEP/MAP, Athens: 1‐228.
UNEP/MAP/MED POL, 2011. Reviewing MED POL marine monitoring activities and
planning for the new integrated MAP monitoring system, UNEP(DEPI)/MED
WG.365/3, Athens, 2011.
UNEP/RAMOGE, 1999. Manual on the biomarkers recommended for the MED POL
biomonitoring Programme. UNEP. Athens, 1‐92.
Van Brummelen, T., van Hattum, B., Crommentuijn, T., Kalf, D. 1998. Bioavailability
and ecotoxicity of PAHs. In: The Handbook of Environmental Chemistry, 3,
Part 31. PAHs and Related Compounds. A. Neilson (Ed), Springer, Berlin. 412
pp.
Van der Oost, R., Beyer, J., Vermeulen, N. 2003. Fish bioaccumulations and
biomarkers in environmental risk assessment: a review. Environmental
Toxicology and Pharmacology, 13: 57–149.
Van der Oost, R., Porte‐Visa, C., Van den Brink, N.W. 2005. Biomarkers in
environmental assessment. In: Ecotoxicological Testing of Marine and
Freshwater Ecosystem: Emerging Techniques, Trends, and Strategies.

231

References

Chapter three, pp.87. P.J. den Besten and M. Munawar (Eds). CRC Press,
Taylor and Francis Group. Boca Raton, FL.
Van Lipzig, M.M.H., Vermeulen, N.P.E., Gusinu, R., Legler, J., Frank, H., Seidel, A.,
John H.N. Meerman, J.H.N. 2005. Formation of estrogenic metabolites of
benzo[a]pyrene and chrysene by cytochrome P450 activity and their
combined and supra‐maximal estrogenic activity. Environmental Toxicology
and Pharmacology, 19(1): 41–55.
Varanasi U., Stein J.E., Nishimoto M., 1989, Biotransformation and disposition of
PAH in fish. In: Varanasi U. (Ed.), Metabolism of PAH in the Aquatic
Environment. CRC, Boca Raton, FL, USA, pp. 93‐149.
Varanasi U., Stein, J., Nishimoto, M., Reichert, W., and Collier, T. 1987. Chemical
carcinogenesis in feral fish: uptake, activation and detoxification of organic
xenobiotics. Environmental Health Perspectives, 71: 155–170.
Varanasi U., Uhler, M., Stranahan, S.U. 1978. Uptake and release of nahpthalene and
its metabolites in skin and epidermal mucus of salmonids. Toxicology
Applied and Pharmacology, 44: 277‐289.
Varela, M., Bode, A., Lorenzo, J., Álvarez‐Ossorio, M.T., Miranda, A., Patrocinio, T.,
Anadón, R., Viesca, L., Rodríguez, N., Valdés, L., Urrutia, A., Rodríguez, C.,
Álvarez‐Salgado, J.A., Groom, S. 2006. The effect of the Prestige oil spill on the
plankton in the N‐NW Spanish coast. Marine Pollution Bulletin, 53(5–7): 272–
286.
Vethaak, A.D., de Voogt, P., Schrap, S.M. 2006a. Integrated monitoring and
assessment of estrogenic active substances: final considerations. In: Vethaak,
A.D., Schrap, S.M., de Voogt, P. (Eds.), Estrogens and Xeno‐Estrogens in the
Aquatic Environment: An Integrated Approach for Field Monitoring and
Effect Assessment. SETAC Press, Pensacola, FL, USA, pp 457‐467.
Vethaak, A.D., Jol, J.G., Eggens, M.L., Meijboom, A., Rheinallt, T., Wester, P.W., van
de Zande, T., Bergman, A., Dankers, N., Ariese, F., Baan, R.A., Everts, J.M.,
Opperhuizen, A., Marquenie, J.M. 1996b. Skin and liver diseases induced in
flounder (Platichthys flesus) after long‐term exposure to contaminated
sediments in large‐ scale mesocosms. Environmental Health Perspectives,
104(11): 1218–1229.
Vethaak, A.D., Jol, J.G., Martínez‐Gómez, C. 2011. Effects of cumulative stress on fish
health near freshwater outlet sluices into the sea: A case study (1988–2005)
with evidence for a contributing role of chemical contaminants. Integrated
Environmental Assessment and Management, 7(3): 445‐458.
Vethaak, A.D., Lahr, J., Kuiper, R., Grinwis, G., Rankouhi, T., Giesy, J., and Gerritsen,
A. 2002. Estrogenic effects in fish in the Netherlands: some preliminary
results. Toxicology, 142/143: 147–150.
Vethaak, A.D., Lahr, J., Schrap, S.M., Belfroid, A.C.,. Rijs, G.B.J, Gerritsen, A., Boer J.
de, Bulder, A.S., Grinwis, G.C.M., Kuiper, R.V., Legler, J., Murk, T.A.J.,

232

References

Peijnenburg, W., Verhaar, H. J.M., de Voogt, P. 2005. An integrated
assessment of estrogenic contamination and biological effects in the aquatic
environment of The Netherlands. Chemosphere, 59: 511‐524.
Vethaak, A.D., Legler, J. 2013. Endocrine disruption in wildlife: background, effects
and implications, In: Matthiessen, P. (Ed), Endocrine Disrupter Risk
Assessment: Testing and Prediction Methods. Published Wiley‐Blackwell.
http://www.barnesandnoble.com/w/endocrine‐disrupters‐peter‐
matthiessen/1111914566.
Vethaak, A.D., Pieters, J., Jol, J.G. 2009. Long term trends in the prevalence of cancer
and other major diseases among flatfish in the southeastern North Sea as
indicators of changing ecosystem health. Environmental Science and
Technology, 43: 2151‐2158.
Viarengo, A., Lowe, D., Bolognesi, C., Fabbri, E., Koehler, A. 2007. The use of
biomarkers in biomonitoring: A 2‐tier approach assessing the level of
pollutant‐induced stress syndrome in sentinel organisms. Comparative
Biochemistry and Physiology, Part C, 146: 281‐300.
Vigano, L., Arillo, A., Melodía, F., Bagnasco, M., Bennicelli, C., De Flora, S., 1995.
Hepatic and biliary biomarkers in rainbow trout injected with sediment
extracts from the river Po (Italy). Chemosphere, 30: 2117–2128.
Viguri, J.R., Irabien, M.J., Yusta, I., Soto, J., Gómez, J., Rodriguez, P., Martinez‐
Madrid, M., Irabien, J.A., Coz, A. 2007. Physico‐chemical and toxicological
characterization of the historic estuarine sediments: A multidisciplinary
approach. Environment International, 33(4): 436–444.
Vincent, F., de Boer, J., Pfohl‐Leszkowicz, A., Cherrel, Y., Galgani, F. 1998. Two cases
of ras mutation associated with liver hyperplasia in dragonets (Callionymus
lyra) exposed to polychlorinated biphenyls and polycyclic aromatic
hydrocarbons. Molecular Carcinogenesis, 21(2):121‐127.
Viñas, L. 2002. Evaluación de hidrocarburos aromáticos policíclicos (HAPs) por
Cromatografía Líquida de Alta Eficacia. PhD Thesis, Vigo University, Spain.
266 pp.
Vos, J.G., Dybing, E., Greim, H.A., Ladefoged, O., Lambrac, C., Tarazona, J.V., Brandt,
I., Vethaak, A.D. 2000. Health effects of endocrine‐disrupting chemicals on
wildlife with special reference to the European situation. Critical Reviews in
Toxicology, 30(1): 71‐133.
Vuorinen, P.J., Keinänen, M., Vuontisjärvi, H., Barsiene, J., Broeg, K., Fölin, L.,
Gercken, J., Kopecka, J., Köhler, A., Parkkonen, J., Pempkowiak, J., Schiedek,
D. 2006. Use of biliary PAH metabolites as a biomarker of pollution in fish
from the Baltic Sea. Marine Pollution Bulletin, 53: 479‐487.
Watson, D.E., Reichert, W., Di Giulio, R.T. 1998. Induction of hepatic CYP1A in
channel catfish increases binding of 2‐aminoantharcene to DNA in vitro and
in vivo. Carcinogenesis, 19: 1495‐1501.

233

References

Wdzieczak, J., Zalesna, G., Wujec, E., Peres, G., 1982. Comparative studies on
superoxide dismutase, catalase and peroxidasa levels in erythrocytes and
livers of different freshwater and marine fish species. Comparative
Biochemistry and Physiology, 73B: 361–365.
Wenger, D., Gerecke, A., Heeb, N., Schmid, P., Hueglin, C., Naegeli, H., Zenobi, R.
2009. In vitro estrogenicity of ambient particulate matter: contribution of
hydroxylated polycyclic aromatic hydrocarbons. Journal of Applied
Toxicology, 29: 223–232.
Wester, P., Vethaak, A.D., van Muiswinkel, W. 1994. Fish as biomarker in
immunotoxicology. Toxicology, 86: 213–232.
Westernhagen, H.V., Krüner, G., Broeg, K. 1999. Ethoxyresorufin O‐deethylase
(EROD) activity in the liver of dab (Limanda limanda L.) and flounder
(Platichthys flesus L.) from the German Bight. EROD expression and tissue
contamination. Helgoland Marine Research, 53(3‐4), 244‐249.
White, R., Jobling, S., Hoare, S.A., Sumpter, J.P., Parker, M.G. 1994. Environmentally
persistent alkylphenolic compounds are estrogenic. Endocrinology, 135: 175–
182.
Whyte, J.J., Jung, R.E., Schmitt, C.J., Tillitt, D.E. 2000. Ethoxyresorufin‐O‐deethylase
(EROD) activity in fish as a biomarker of chemical exposure. Critical Reviews
in Toxicology, 30(4): 347‐350.
Widdows, J., Staff, F. 2006. Biological effects of contaminants: measurement of the
scope for growth in mussels. ICES Techniques in Marine Environmental
Sciences, 40. 30 pp.
Willet, K., McDonald, S.J., Steinberg, M.A., Beatty, K.B., Kennicutt, M.C., Safe, S.H.
Biomarker sensitivity for polynuclear aromatic hydrocarbon contamination in
two marine fish species collected in Galveston Bay, Texas. Environmental
Toxicology and Chemistry, 16(7): 1472‐1479.
Winston, G., Regoli, F., Dugas, A., Fong, J., Blanchard, K. 1998. A rapid gas
chromatographic assay for determining oxyradical scavenging capacity of
antioxidants and biological fluids. Free Radical Biology and Medicine, 24:
480–493.
Winston, G.W., Di Giulio, R.T. 1991. Prooxidant and antioxidant mechanisms in
aquatic organism. Aquatic Toxicology, 19: 137‐161.
Winzer, K., van Noorden, C., Köhler, A. 2001. Quantitative cytochemical analysis of
glucose‐6‐phosphate dehydrogenase activity in living isolated hepatocytes of
European flounder for rapid analysis of xenobiotic effects. Journal of
Histochemistry and Cytochemistry, 49: 1025–1032.
Winzer, K., Winston, G.W., Becker, W., Van Noorden, C.J.F., Köehler, A. 2001. Sex‐
related responses to oxidative stress in primary cultured hepatocytes of
European flounder (Platichthys flesus L.). Aquatic Toxicology, 52(2): 143–155.

234

References

WOC. 2009. Manado Ocean Declaration Ministerial/High Level Meeting. Manado,
Indonesia, 11–14 May 2009.
Woo, S., Kim, S., Yum, S., U.H., Lee, T.K. 2006. Comet assay for the detection of
genotoxicity in bloodcells of flounder (Paralichthys olivaceus) exposed to
sediments and polycyclic aromatic hydrocarbons. Marine Pollution Bulletin,
52: 1768‐1775.
Wootton, E., Dyrynda, E., Pipe, R., Raccliffe, N. 2003. Comparisons of PAH‐induced
immuno‐modulation in three bivalve molluscs. Aquatic Toxicology, 65: 13–
25.
Yildirim, N.C., Benzer, F., Danabas, D. 2011. Evaluation of environmental pollution at
Munzur river of Tunceli applying oxidative stress biomarkers in Capoeta
trutta (Heckel, 1843). The Journal of Animal and Plant Sciences, 21(1): 66‐71.
Young, W.F., Whitehouse, P., Johnson, I., Sorokin, N. 2004. Proposed Predicted‐No‐
Effect‐Concentrations (PNECS) for Natural and Synthetic Steroid Oestrogens
in
Surface
Waters.
R&D
Technical
Report
P2‐T04/1.
URL:
www.wrcplc.co.uk/rdbookshop.
Zhao, J.L., Ying, G.G., Liu, Y.S., Chen, F., Yang, J.F., Wang, L. Yang, X‐B., Stauber, J.L.,
Warne, M.St. T. 2010. Occurrence and a screening‐level risk assessment of
human pharmaceuticals in the Pearl River system, south China.
Environmental Toxicology and Chemistry, 29(6): 1377‐1384.
Zorita, I., Ortiz‐Zarragoitia, M., Apraiz, I., Cancio, I., Orbea, A., Soto, M., Marigómez,
I., Cajaraville, M.P. 2008. Assessment of biological effects of environmental
pollution along the NW Mediterranean Sea using red mullets as sentinel
organisms. Environmental Pollution, 153: 157‐168.

235

236

Abbreviations and acronyms
4‐n‐NP

4‐n‐nonylphenol

4‐tert‐OP

4‐tert‐octylphenol

AAS

Atomic absorption spectrophotometry

Ace

Acenaphthene

AChE

Acetyl‐cholinesterase activity

AFE

Alkaline elution method

AhR

Aryl hydrocarbon receptor

ANOSIM

Analysis of Similarity

ANOVA

Analysis of the variance

Ant

Anthracene

APEOs

Alkylphenols polyethoxylates

APs

Alkylphenols

ASTM

American Society for Testing and Materials

B(ghi)P

Benzo(g,h,i)perylene

BaA

Benzo(a)anthracene

BAC

Background assessment criteria

BACI

Before, after, control, impact

BAI

Bioeffect Assessment Index

BaP

Benzo(a)pyrene

BaPE

Values benzo(a)pyrene equivalents

BbF

Benzo(b)fluoranthene

BCR

Community Bureau of Reference, European Commission

BEQUALM

Biological Effects Quality Assurance in Monitoring
Programmes

BFR

Brominated flame retardants

BkF

Benzo(k)fluoranthene

BSA

Bovine serum albumin

BSTFA

Bis‐(trismethylsilyl)‐trifluoroacetamide

CAT

Catalase

CB101

2,2’,4,5,5’‐pentachlorobiphenyl
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Abbreviations and acronyms

CB118

2,3’,4,4’,5‐pentachlorobiphenyl

CB138

2,2’,3,4,4’,5’‐hexachlorobiphenyl

CB153

2,2’,4,4’,5,5’‐hexachlorobiphenyl

CB180

2,2’,3,4,4’,5,5’‐heptachlorobiphenyl

CB28

2,4,4’‐trichlorobiphenyl

CB52

2,2’,5,5’‐tetrachlorobiphenyl

CB77

3,3′,4,4′‐tetrachlorobiphenyl

CEWAF

Chemically Enhanced Water Accommodated Fraction

CDNB

1‐chloro‐2,4‐dinitronbenzene

CF

Condition factor

Chr

Chrysene

CICTA

Iberian and Iberoamerican Congress on
Environmental Contamination and Toxicology

CIESM

International Commission for the Scientific Exploration of the
Mediterranean Sea

CRM

Certified reference material

CTD

Conductivity, Temperature, and Depth (multiparametric
sensors)

CYP

Cytochrome P450 enzymes

CYP1A

Cytochrome P450 subfamily 1A

D(ah)A

Dibenz(a,h)anthracene

DDD

Dichlorodiphenyldichloroethane

DDE

Dichlorodiphenylchloroethane

DDT

Dichlorodiphenyltrichloroethane

DL

Detection limit

DMSO

Dimetilsulphoxide

DNA

Deoxyribonucleic acid

DR‐CALUX©

Dioxin receptor mediated chemical activated luciferase gene
expression assay

DTT

Dithiothreitol

dw

dry weight

E1

Estrone

E2

Estradiol
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Abbreviations and acronyms

E2EQ

Estradiol‐equivalents

EAC

Ecotoxicological assessment criteria

ECD

Electron capture detector

EDCs

Endocrine disrupting compounds

EDTA

Ethylenediaminetetraacetic acid

EE2

17α‐ethinylestradiol

EEF

Estradiol equivalence factor

ER

Estrogen receptor

ER‐CALUX©

Estrogen receptor mediated chemical activated luciferase
gene expression assay

ERE

Estrogen‐responsive element

ER‐LUC

Estrogen responsive chemical activated luciferase gene
expression assay

EROD

Ethoxyresorufin‐O‐deethylase activity

EtAC

Ethyl acetate

EU

European Union

Flu

Fluorene

Fluoranth

Fluoranthene

fw

fresh weight

GC

Gas chromatography

GC‐EI‐MS

Gas chromatography‐mass spectrometry in electron
ionization mode

GC‐MS

Gas chromatography mass spectrometry

GES

Good Environmental Status

GPOX

Gluthathione‐dependent peroxidase

GR

Gluthathione reductase

GSH

Reduced form of glutathione

GSI

Gonadosomatic index

GSSG

Oxidized disulfide form of glutathione

GST

Glutathione S‐transferase enzymes

HAI

Health Assessment Index

HCB

Hexachlorobenzene
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Abbreviations and acronyms

HCH

Hexachlorocyclohexane

HELCOM

Baltic Marine Environment Protection Commission

HPLC

High‐performance liquid chromatography

HSI

Hepatosomatic index

HIS

Health Status Index

IAEA

International Atomic Energy Agency

IARC

International Agency for Research on Cancer

IBI

Integrative Biomarker Index

IBR

Integrated Biomarker Response

ICES

International Council for the Exploration of the Sea

ICES ASC

ICES Annual Science Conference

IEO

Instituto Español de Oceanografía

Ind

Indeno(1,2,3‐cd)pyrene

IUPAC

The International Union of Pure and Applied Chemistry

IVM

Institute of Environmental Studies

JAMP

Joint Assessment and Monitoring Programme‐ OSPAR

JRC

Joint Research Centre ‐ European Commission

LMS

Lysosomal membrane stability

lw

lipid weight

MAP

Mediterranean Action Plan

MDA

Malondialdehyde

MDS

Multidimensional scaling

MED POL

Mediterranean Pollution Monitoring and Research
Programme

MFO

Mixed function oxygenases

MN

Micronuclei frequency

MTs

Metallothioneins

MXR

Multixenobitoic resistance

NADPH

Reduced from of the nicotinamide adenine dinucleotide
phosphate

Naph

Naphthalene
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Abbreviations and acronyms

NORMAN

Network of reference laboratories for monitoring of emerging
environmental pollutants

NRC

National Research Council

OCPs

Organochlorine pesticides

OSPAR

Oslo and Paris Conventions (for the Protection of the Marine
Environment of the North‐East Atlantic).

PAHs

Polycyclic aromatic hydrocarbons

PBBs

Polybrominated biphenyls

PCA

Principal component analysis

PCBs

Polychlorinated biphenyls

PCDDs

Polychlorinated dibenzo‐p‐dioxins

PCDFs

Polychlorinated dibenzofurans

PCTs

Polychlorinated terphenyls

PHAHs

Polyhalogenated aromatic hydrocarbons

Phen

Phenanthrene

PMSF

Phenylmethylsulphonyl fluoride

POPs

Persistent organochlorinated pollutants

POS

Prestige oil spill

PRIMO

Pollutant Responses in Marine Organisms Symposium

Pyr

Pyrene

QA

Quality assurance

QC

Quality control

QUASIMEME

Quality Assurance of Information for Marine Environmental
Monitoring in Europe

RAMOGE

RAMOGE project (short for Saint‐RAphaël ‐ MOnaco ‐
GEnoa)

RNA

Ribonucleic acid

ROS

Reactive oxygen species

SAMI

Special protected area of Mediterranean interest

SER

Smooth endoplasmic reticulum

SETAC

Society of Environmental Toxicology and Chemistry

SGIMC

Study Group of Integrated Marine Contamination ‐
OSPAR/ICES
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Abbreviations and acronyms

SIMPER

Analysis of Similarity Percentage

SIQM

Seminario Ibérico de Química Marina

SOD

Superoxide dismutase

TBT

Tributyltin

THC

Total hydrocarbon concentrations

TOC

Total organic carbon

TOSC

Total oxidant scavenging capacity

UNEP

United Nations Environmental Programme

VTG

Vitellogenin

WAF

Water‐accommodated fraction

WFD

Water Framework Directive (2000/60/EC)

WGBEC

Working Group of Biological Effects of Contaminants ‐ ICES

WOC

World Ocean Council

ww

wet weight

WWTP

Wastewater treatment plants

YES

Yeast estrogen screen

α‐HCH

Lindane

β E2

17β‐estradiol
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